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Committee on Toxicity of Chemicals in Food,
Consumer Products and the Environment



The Committee on Toxicity (COT) evaluates chemicals for their potential to harm
human health at the request of the Food Standards Agency, Department of Health
and other Government Departments including the Regulatory Authorities. All details
concerning membership, agendas, minutes and statements are published on the
Internet.

2006 has been an extremely busy year for the Committee with agreement of twelve
statements. These cover diverse topics such as potential effects of exposure to
incapacitant sprays, a topical insect repellent, cyanogenic glycosides in bitter apricot
kernels, uranium in water, disinfection by-products in prepared salads, biotoxins in
shellfish and various contaminants in fish and other foods. Also included are

opinions on the report of the Royal Commission of Environmental Pollution on crop spraying and the health
of residents and bystanders, and of a revision by the World Health Organization of the toxic equivalency
factors to be used for dioxins and dioxin-like compounds in future evaluations.

The Committee held a scientific workshop on the development and function in adulthood of the human
male reproductive system – potential chemical induced effects. A total of about 100 scientists and other
interested individuals heard excellent presentations by internationally renowned speakers and discussed the
implications for the Committee’s risk assessments. A report of the workshop is included in this report. The
Committee also had brief discussions or commenced evaluations on a number of other issues, including a
major evaluation of cabin air environment, ill-health in aircraft crews and the possible relationship to
smoke/fume events in aircraft. The Committee’s two working groups continued their reviews: on the long
term health effects of the Lowermoor incident and on variability and uncertainty in toxicology. The finalised
reports are due to be published in 2007.

All of this would not have been possible without the dedication and commitment of the extremely able
body of experts on the Committee, to whom I am very grateful. Also, I would like to acknowledge the
support of my Vice-Chair, Professor Ian Rowland. Finally I would like to add my sincere thanks and
appreciation of the work of the administrative and scientific secretariats without out whose excellent work
the Committee would not be able to function.

Professor I A Hughes (Chair)
MA MD FRCP FRCP(C) FRCPH F Med Sci.
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2-Chlorobenzylidene malonitrile (CS) and PAVA (Nonivamide) sprays: combined use

1.1 At the request of the Home Office Science Development Branch (HOSDB) the COT discussed during
2005 the potential effects of exposure to both 2-chlorobenzylidene malonitrile (CS) and pelargonic acid
vanillylamide (PAVA). CS and PAVA are dispersant incapacitant sprays used by routine patrol officers in
police forces in England and Wales. The HOSDB had reported that as the use of PAVA increases there
was a possibility that use of both incapacitants on the same individual could occur.

1.2 The COT concluded that co-exposure to CS and PAVA is likely to result in, at most, additive effects on
skin, eyes and respiratory tract in most individuals, although in some individuals a lower response might
occur as a result of desensitisation.

1.3 The COT made recommendations for recording of incidents and to consider surveillance for potential
skin sensitisation among police officers.

1.4 The COT statement is at the end of this report.

Cyanogenic glycosides in apricot kernels

1.5 The Food Standards Agency became aware that bitter apricot kernels were being marketed as a health
food in the UK. The kernels contained high levels of amygdalin, a cyanogenic glycoside. The COT was
asked to consider whether there were sufficient data to establish a maximum upper level for the safe
intake of cyanide or cyanogenic substances.

1.6 The COT reviewed the available data on cyanide and cyanogenic glycosides. The data were limited but
it was noted that severe acute toxicity in adults was associated with consumption of approximately 30
kernels. There were insufficient data on chronic toxicity to establish a Tolerable Daily Intake (TDI).

1.7 The range of reported acute lethal doses in humans was 0.5 to 3.5 mg/kg bw. A 100 fold uncertainty
factor (10 to account for inter-individual variability and 10 to extrapolate from an effect level to a no
effect level, taking into account the steep dose-response relationship) was applied to the lowest lethal
dose suggesting a nominal acute reference dose (ARfD) of 5 mg/kg bw which would be unlikely to cause
acute effects.

1.8 Based on the analytical data, consumption of 1 kernel per day would result in a cyanide intake of
0.5 mg/day (equivalent to 8 mg/kg bw for a 60 kg adult) which is in the region of this nominal ARfD and
would be unlikely to be of concern. The COT noted that this level of intake represents a threshold,
above which increasing intake becomes increasingly hazardous.

1.9 The COT statement is included at the end of this report.
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Development and function in adulthood of the male reproductive system: potential chemical-induced
effects

1.10 In 2004 the Committee issued a statement on adverse trends in the development of the male
reproductive system focussing on the hypothesis that these effects were due to exposure to endocrine
disrupting chemicals at critical developmental windows. One recommendation was for the evidence for
adverse trends in human male reproductive health to be reviewed before considering possible causes
and mechanisms. In response to this recommendation the COT held an open meeting in February 2006
to discuss the issue of potential chemical-induced effects on the development and function in
adulthood of the human male reproductive system.

1.11 Presentations considered a range of topics, including cross-sectional and case-control studies of sperm
quality and congenital malformations, the TDS hypothesis, potential chemical causes of reported
effects, including cumulative effects of in utero exposure to anti-androgens and alternative hypotheses
to that of endocrine disruption.

1.12 The COT noted that new epidemiology studies reported since the COT issued its statement on adverse
trends in development of the male reproductive system provide further evidence that male
reproductive health is declining in some populations. However, causal associations in humans have not
been established.

1.13 With regards to plausible mechanisms, the COT agreed that the hypothesised causative role of
exposure to anti-androgenic chemicals, supported by the data being produced in animal models, was
more plausible than that postulated for environmental estrogenic chemicals. Even though a clear link
between experimental data and epidemiology is still missing, the COT considered that the new data
continue to emphasise the importance of this area of research, the need to actively investigate
causation and for risk assessment to incorporate consideration of potential for combination effects.

1.14 The COT meeting report detailing information from the presentations and subsequent COT discussions
is included at the end of this report.

N,N-Diethyl-m-toluamide (DEET) – Update of toxicology literature

1.15 The COT previously assessed the safety of the topical insect repellent N,N-diethyl-m-toluamide (DEET)
in 2003 and at that time made a recommendation that the literature on DEET should be regularly
reviewed. New information was obtained though an extensive literature search and by contacting HSE
who are currently participating in a regulatory review under the Biocides Product Directive (BPD).

1.16 An update on the toxicology literature was provided to the COT in 2006. During their assessment, the
COT looked at neurotoxicity studies, combined use of sunscreen and DEET, results from post-market
monitoring in the UK and USA and further epidemiology/intervention studies. The outcome of this
discussion was generally reassuring. However the neurotoxicity studies were found to have potential
methodological problems and the results were difficult to interpret. Therefore the COT recommended
that repeat studies be carried out to clarify these issues. Members requested further information on the
toxicokinetics of DEET and sunscreen to provide further reassurance on the safety of their combined use.
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1.17 The COT statement is included at the end of this report.

Disinfectants and disinfection by-products in prepared salads

1.18 Wash aids, such as those employed by salad manufacturers, were identified as a potential future topic
in the COT horizon scanning paper of February 2005, due to the concern about the potential generation
of by-products on or in foods as a result of the use of chlorine-based disinfectants. At that time
Members agreed that before any risk assessment could be undertaken there was a need for information
on the nature and levels of the disinfection by-products that were formed. Reaction of chlorine-based
disinfectants with organic matter in water can result in the formation of a number of by-products,
including trihalomethanes, haloacetic acids, haloacetonitriles, haloketones, chloral hydrate and
chloropicrin. The presence of bromide can lead to brominated and mixed chlorinated/brominated
compounds. Similar by-products may be produced in or on foods treated with chlorine-based
disinfectant wash-aids.

1.19 In June 2006 the Food Standards Agency received the results of a study conducted on behalf of the
Fresh Prepared Salads Producer Group, investigating the occurrence and formation of disinfectants and
disinfection by-products in prepared salads. The study involved analysing a range of prepared salads,
purchased from various retail outlets for the presence of specific disinfectants and disinfection by-
products.

1.20 In all samples tested, calculated ingestions for each compound (based on salad consumption data)
were at least several orders of magnitude lower than tolerable daily intakes set by the World Health
Organization. The COT concluded that the study results did not indicate any cause for concern with
respect to the use of chlorine washes; and in the light of decreasing use of chlorination processes
agreed that there was no need for the generation of additional data to confirm the results of this
commercial study.

1.21 The COT statement is included at the end of this report.

Mycotoxins in cheese

1.22 In 2006, the Food and Veterinary Office (FVO) of the European Commission audited the UK’s
implementation of new food hygiene legislation in the dairy sector. During the audit the FVO raised
questions about cheese recovery operations, which included removal of mould from cheese which had
become contaminated with mould not present as part of the production process or integral to the
final product.

1.23 Since it is considered possible that the moulds may produce mycotoxins, the Food Standards Agency
drafted provisional guidance to assist the UK dairy industry and local authorities in ensuring that cheese
recovery is carried out safely. The guidance was intended to be precautionary in nature pending
European level consideration of the public health and legislation issues.

1.24 The COT was asked for its advice on risk assessment of mycotoxins in cheese and whether the
provisional guidance raised any concerns for the safety of consumers.
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1.25 The available data on occurrence of mycotoxins in hard cheese are limited. The majority of studies
involved experimental inoculation of mould into cheeses incubated at temperatures greater than
refrigerator temperature, and the relevance of these data was unclear. In one published study on UK
cheeses, conducted in 1979, there was a lack of information provided regarding limits of detection and a
small number of samples was analysed. Therefore there was considerable uncertainty regarding the
range of mycotoxins that may be present on naturally contaminated cheeses in the UK.

1.26 The COT considered that the available data were not sufficient to draw conclusions on the likelihood of
mycotoxins being present in mould contaminated hard cheese, and therefore it was not possible to
conduct a risk assessment for mycotoxins in recovered cheese. It was noted that there would be a need
for more robust data on toxicogenic strains, levels of mycotoxins present in cheeses available in the UK
and the ways in which recovered mouldy cheese is used before a risk assessment could be undertaken.

1.27 As there were concerns regarding the lack of evidence to underpin the draft provisional guidance, the
COT concluded that the safety of consumers could not be assured. The COT agreed that exposure to
genotoxic mycotoxins from mouldy cheese should be as low as reasonably practicable (ALARP).

1.28 The Committee was informed that the guidance will be further changed in line with comments received
following the European level discussions.

Organic chlorinated and brominated contaminants in shellfish, farmed and wild fish

1.29 In February 2006 the Food Standards Agency completed two surveys that analysed 47 species of farmed
and wild fish and shellfish consumed in the UK to determine the concentrations of a number of organic
contaminants:

– Polychlorinated dibenzo-p-dioxins (PCDDs), polychlorinated dibenzofurans (PCDFs) and
polychlorinated biphenyls (PCBs); and

– Brominated flame retardants (BFRs), i.e. polybrominated biphenyls (PBBs), polybrominated diphenyl
ethers (PBDEs), hexabromocyclododecane (HBCD) and tetrabromobisphenol A (TBBPA) as well as
polybrominated dibenzo-p-dioxins (PBDDs) and polybrominated dibenzofurans (PBDFs) which occur as
contaminants in brominated organic chemicals.

1.30 Although the COT had previously evaluated the chlorinated dioxin-like compounds, PBDEs, HBCD and
TBBPA, data on the concentrations of PBDDs, PBDFs and PBBs in fish consumed in the UK had not been
available for consideration previously.

1.31 In anticipation of these survey results, the COT had been asked in 2005 to advise on the approach to
risk assessment for the brominated compounds. The COT considered that applying the toxic
equivalency factors (TEFs) derived for the chlorinated dioxins, furans and dioxin-like PCBs to the
brominated dioxin-like compounds would be more protective than presuming independence of action.
The COT also concluded that, for the purpose of evaluating the data on dietary exposure, the total
toxic equivalents (TEQs) for the brominated dioxin-like contaminants should be combined with the
TEQs for the chlorinated dioxins, and in this way provide a measure of the total concentration of
chemicals with dioxin-like properties. (2005 Annual Report, paragraphs 1.1-1.4).
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1.32 In 2006, the Committee was invited to consider the results of the surveys and to advise on whether
they formed a basis for the Food Standards Agency to amend its advice on fish consumption.

1.33 The COT considered that the concentrations of PBDEs, HBCD and TBBPA detected in the surveys did
not raise toxicological concerns. In addition, for the majority of UK consumers, who do not eat fish
frequently, the concentrations of dioxin-like compounds detected in the surveys were not a concern for
health. The Committee concluded that the new survey data did not indicate a need for a change in the
Food Standards Agency’s current advice on consumption of oily fish.

1.34 The COT statement is included at the end of this report.

Tolerable Daily Intake for perfluorooctanoic acid

1.35 Perfluorooctanoic acid (PFOA) is primarily used as an emulsifier in industrial applications, for example, in
the production of fluoropolymers such as polytetrafluoroethylene (PTFE). PFOA may also be found at
low levels in some fluorotelomers, as an unintended by-product of the manufacturing process.
Fluorotelomer derivatives are components of fire-fighting foams and coatings, and are intermediates in
the manufacture of stain-, oil-, and water-resistant additives for some textiles, coatings and food
contact papers.

1.36 The Food Standards Agency commissioned research to determine the concentrations of PFOA in the
2004 Total Diet Study (TDS) samples. The COT was invited to assess the toxicology of PFOA in order to
advise on any health implications arising from the results of the survey.

1.37 The COM and COC had concluded in 2005 that, overall, PFOA was not mutagenic and that a threshold
approach to establishing a TDI was appropriate (2005 Annual Report, paragraphs 2.37-2.41 and 3.21-3.23).

1.38 The COT considered that a dose level of 0.3 mg/kg bw/day was a suitable point of departure expected
to be without adverse effect on the basis of a number of endpoints of PFOA toxicity. An uncertainty
factor of 100 was applied to allow for inter- and intra-species variation in order to establish a TDI of
3 mg/kg bw/day.

1.39 The Committee noted the results of the Food Standards Agency analysis of composite food group
samples that estimated high level adult dietary intakes of PFOA were lower than the recommended TDI.
The COT considered that the estimated intakes were not of concern regarding human health.

1.40 The COT statement is included at the end of this report.

Tolerable Daily Intake for perfluorooctane sulfonate

1.41 Perfluorooctane sulfonate (PFOS) has surfactant properties and is widely used in the manufacture of
plastics, electronics, textile and consumer material in the apparel, leather, and upholstery industries. A
number of other compounds have the potential to degrade subsequently to PFOS either metabolically
or through environmental processes.
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1.42 PFOS has the potential to enter the food chain and could have a negative impact on human. The Food
Standards Agency commissioned analysis of the 2004 Total Diet Study (TDS) samples for PFOS and the
Committee was invited to consider the toxicology of PFOS and the results of the analysis.

1.43 The COM and COC had concluded in 2005 that, overall, PFOS was not mutagenic and that a threshold
approach to establishing a TDI was appropriate (2005 Annual Report, paragraphs 2.35-2.36 and 3.17-3.20)

1.44 Considering the complete toxicological database, a 26-week cynomolgus monkey study provided the
lowest NOAEL of 0.03 mg kg bw/day for decreased serum T3 levels. The Committee applied an
uncertainty factor of 100 to allow for inter- and intra-species variation to the NOAEL and provisionally
proposed a Tolerable Daily Intake (TDI) of 0.3 mg/kg bw/day. The COT considered that this TDI would be
adequate to protect against the range of identified effects.

1.45 The Committee noted the results of the Food Standards Agency analysis of composite food group
samples that indicated that some groups of consumers may exceed the recommended TDI. However,
the COT considered that as there were considerable uncertainties in the dietary intake estimates the
potential exceedances did not indicate immediate toxicological concern.

1.46 The COT statement is included at the end of this report.
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Risk assessment and monitoring of Paralytic Shellfish Poisoning (PSP) toxins in support of public health
1.47 A number of marine phytoplankton produce biotoxins that can be bioconcentrated in shellfish.
Consumption of shellfish contaminated with sufficiently high levels of these toxins can result in human
illness.

1.48 The COT first considered the risk assessment and monitoring of marine biotoxins associated with
Paralytic Shellfish Poisoning (PSP) in December 2005, and discussions continued into 2006. PSP is a
neurotoxic syndrome with symptoms including tingling and numbness of extremities, respiratory distress
and muscular paralysis leading to death by asphyxiation. The predominant toxin responsible for PSP is
saxitoxin (STX), but at least 20 other related compounds have also been identified.

1.49 The COT agreed that an acute reference dose for PSP toxins of 0.7 mg STX equivalents (eq)/kg bw,
identified from human PSP case reports, was appropriate for protection of public health. On the basis of
the estimated portion size for high-level shellfish consumption in the UK (250g), a maximum PSP toxin
concentration of 20 mg STX eq/100g shellfish meat would be considered to be without appreciable
health risk.

1.50 In considering methods of detection of PSP toxins in shellfish, it was concluded that high performance
liquid chromatography (HPLC) was currently the only method adequate for detection of PSP toxins at
the concentration considered to be necessary for protection of public health. The COT concluded that
HPLC should be used for quantification of PSP toxins, subject to appropriate quality control measures
and method validation in the testing laboratories.



1.51 At the current regulatory limit of 80 mg STX eq/100g shellfish meat, the COT concluded that an
immunoassay known as the Jellett Rapid Test could be used to screen out samples containing
approximately ≤40 mg STX eq/100g shellfish meat, and to identify samples containing approximately
≥40 mg STX eq/100g shellfish meat for quantitative testing, subject to adequate quality control
measures.

1.52 The COT statement is included at the end of this report.

Risk assessment of marine biotoxins of the okadaic acid, pectenotoxin, azaspiracid and yessotoxin groups
in support of public health

1.53 The okadaic acid (OA) group of marine biotoxins are known to cause Diarrhetic Shellfish Poisoning (DSP),
characterised by symptoms of nausea, vomiting, diarrhoea and abdominal pain. Cases of human illness
have also been reported following consumption of shellfish contaminated with azaspiracids (AZAs), and
symptoms of AZA poisoning are similar to those of DSP. There are no known cases of human illness
associated with pectenotoxins (PTXs) or yessotoxins (YTXs), but adverse effects have been reported in
experimental animals.

1.54 The COT reviewed the human epidemiology and animal toxicology data for the OA, PTX, AZA and YTX
groups and advised on an appropriate acute reference dose for each biotoxin group.

1.55 In addition, the COT identified the maximum concentration of each biotoxin group within shellfish that
would be considered to be without appreciable health risk, on the basis of the estimated portion size
for high-level shellfish consumption in the UK (250g).

1.56 The COT statement is included at the end of this report.

Royal Commission on Environmental Pollution (RCEP): crop spraying and the health of residents
and bystanders

1.57 The RCEP report on crop spraying and the health of residents and bystanders was published in
September 2005. The RCEP had been asked by the DEFRA minister the Rt Hon Alun Michael to examine
the evidence on which DEFRA’s policy of not requiring mandatory buffer zones, strips of farm land on
which pesticides may not be sprayed in order to reduce exposure to bystanders, was based and the
reasons for people’s concerns. The Advisory Committee on Pesticides (ACP) had advised ministers that
the current regulatory system was adequate and that buffer zones were not required to protect the
health of residents and bystanders. The remit the RCEP set itself was to “examine the scientific evidence
on which DEFRA has based its decision on bystander exposure and its policy on access to information on
crop spraying. The Commission will also consider wider issues related to the handling and communication
of risk and uncertainty, as well as public involvement, values and perceptions in this context.”
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1.58 The COT and COC were asked by DEFRA and the ACP to comment on the RCEP report. The COT and
COC agreed their remit was restricted to a review of the content of the RCEP report as written. This
involved using members’ expertise and the evidence presented in the RCEP report to consider whether
the conclusions and recommendations reached in respect of health related topics were appropriate, to
form our own conclusions on these topics, and to consider whether any further work should be
undertaken by the COT, COC or COM, or by the ACP, with respect to bystander pesticide risk
assessment. The Committees were not on this occasion asked to undertake an independent review of
pesticide safety and use.

1.59 The remit of the Committees referred to the scientific aspects of the RCEP report in relation to health
and did not include wider aspects outlined by the RCEP in its report.

1.60 The joint COT/COC statement is included at the end of this report.

Uranium in water used to reconstitute infant formula

1.61 The World Health Organization (WHO) established a TDI for uranium of 0.6 mg/kg body weight (bw) per
day and a guideline value for the maximum concentration of uranium in drinking water of 15 mg/L. To
assist the Food Standards Agency in developing advice on the suitability of using natural mineral water
and other bottled waters to reconstitute infant formula, the Committee was asked to comment on the
potential health implications for infants consuming formula milk made up with water containing
uranium at this guideline level.

1.62 The WHO TDI and guideline values for uranium were based on the results of a 3 month study in which
rats were given drinking water containing uranium at a range of concentrations. The COT noted that
there were some limitations in the design and interpretation of the study but considered that the values
derived from it would be expected to be protective of public health.

1.63 The COT noted that infants up to six months of age consuming formula reconstituted with water
containing uranium at the WHO guideline value of 15mg/L could exceed the WHO TDI by about 4-fold.
It is possible that uranium absorption is higher in young infants, and the implications of a modest
exceedance of the TDI are uncertain.

1.64 The database on uranium toxicity is incomplete, however, on the basis of the available evidence, the
COT concluded that this potential exposure of formula fed infants did not raise specific concerns
for health.

1.65 The COT statement is included at the end of this report.

Annual Report 2006

14



Vitamins and minerals – European Commission Document on establishing maximum and minimum levels in
dietary supplements and fortified foods

1.66 European legislation covering the regulation of dietary supplements is currently being enacted. As part
of this process, maximum levels will be established for vitamins and minerals in food supplements and
fortified foods. The European Commission has not yet proposed any maximum levels for individual
vitamins and minerals but have published a discussion paper which posed questions on how the setting
of maximum levels might be achieved. The preliminary Food Standards Agency view was based on the
conclusions of the 2003 report of the Expert Group on Vitamins and Minerals (EVM) but the Food
Standards Agency were also seeking the views of stakeholders on the discussion paper. The COT was
asked to consider the paper and comment.

1.67 The COT endorsed the approach and conclusions of the EVM report, in particular with respect to the
use of guidance levels where there were insufficient data to set a tolerable upper level. Guidance levels
represented a level of intake that would not be expected to result in adverse effects and allowed
further explanation of why a TDI could not be set either because there were no data available or
because there was no toxicological concern anticipated based on the available data.

2005 WHO Toxic Equivalency Factors for dioxins and dioxin-like compounds

1.68 Dioxins and dioxin-like compounds are persistent organic pollutants that are resistant to metabolism
and subject to bioaccumulation. Most, if not all, of their toxic and biological effects are mediated by
the aryl hydrocarbon receptor (AhR). Many different congeners are released into the environment by
industrial activity and, since these chemicals share a common mechanism, risk assessment should reflect
the mixture rather than the isolated chemical. The WHO has, on a number of occasions, convened
Expert Panels to discuss and refine toxic equivalency factor (TEF) values for the various dioxins and
dioxin-like congeners. The COT was invited to review the recommendations of the WHO Expert Panel
meeting in 2005.

1.69 Members noted that the revised Relative Effect Potency (REP) database, upon which the TEF re-
evaluation was based, provided a better analysis of the studies, and that the use of half order of
magnitude increments on a logarithmic scale improved the description of the TEF values.

1.70 The COT agreed with the scientific rationale for the re-evaluated TEF values, although concurred with
the WHO view that this should be thought of as an ‘interim’ methodology. They considered that the
TEF re-evaluation did not raise any additional concerns regarding exposure to dioxins and dioxin-like
compounds that had not been highlighted in previous COT evaluations.

1.71 The COT statement is included at the end of this report.
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Committee Procedures and Working Groups

Balance of expertise on the Committee

1.72 In advance of a number of Members completing the current terms of appointment, the COT was invited
to comment on the appropriate balance of expertise.

1.73 It was agreed that the following types of specialist expertise are required by the Committee for some or
all of its evaluations:

Analytical techniques Biochemistry
Bioinformatics Cell biology
Clinical practice Endocrinology
Epidemiology Immunology
Mechanistic toxicology Molecular biology
Neurotoxicology Nutrition
Paediatrics Pharmacokinetics 
Pharmacology Probabilistic modelling
Reproductive toxicology Respiratory toxicology
Risk assessment Statistical aspects of experimental design
Statistics Toxicological pathology
Xenobiotic metabolism

1.74 It would not be necessary to have an individual member for each listed expertise as some people
would have a combination of the required skills. However, it was noted that two opinions on
toxicopathology would be helpful and respiratory toxicology could be important. Additional key
experts could also be invited to attend meetings for specific topics to supplement missing knowledge.

Good Practice Agreement for Scientific Advisory Committees

1.75 The Food Standards Agency had drafted a Best Practice Agreement for Scientific Advisory Committees.
This aimed to set out the processes which the Committees use in drawing up their advice and would
help to provide the Food Standards Agency Board with assurance that the science has been properly
gathered and assessed. COT members provided comments on the draft. Following consultation with the
nine Scientific Advisory Committees that advise the Food Standards Agency, this was adopted as a
Good Practice Agreement, and is included in Annex 4 of this report.

1.76 The principles contained in this Good Practice Agreement will be reconsidered by each committee
annually as part of the preparation of its Annual report and will be reviewed in the light of experience.

Horizon scanning

1.77 At the February 2006 meeting, members were provided with information on planned and possible
discussion items for the year, and invited to comment on emerging issues that might also need to
be addressed.
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1.78 It was suggested that the relevance of new approaches to risk assessment developed by the WHO/IPCS
should be considered. In addition, it would be useful to consider risk communication strategies be
discussed and to hold a one day meeting on risk analysis with COM and COC and possibly other
scientific advisory committees.

Open Meetings – a review of procedures

1.79 COT meetings have been held in open session since 2003, and it was considered timely to review the
procedures for open meetings in the light of the experience gained.

1.80 Members confirmed that in the interests of openness it is important to allow interested parties
opportunity to observe committee discussions, but it was also important to ensure that their presence
does not inhibit the COT evaluation. It was noted that if observers required clarification of any points
made in the discussion, this could be submitted to the secretariat in writing after the meeting and raised
at the subsequent meeting if needed. Therefore it was not essential to allow observers the opportunity
to comment or ask questions within the meeting.

1.81 Interested parties could submit information prior to meetings. If the submitted information was
considered important for the discussion, then they could be invited to comment at the meeting.

1.82 The procedures were revised and agreed by COT, COM and COC before publishing on the committee
website at http://www.food.gov.uk/science/ouradvisors/toxicity/cotmeets/arrangementcotopenmeetings/
cotopenmeetingprocedures.

Performance evaluation for committee members

1.83 The COT noted that a formal performance evaluation is likely to be required for Scientific Advisory
Committee members in the future. It was agreed that this would require clear objectives and benefit for
Members. It could not be comparable to employment appraisal systems, and a “self-assessment” might
be more appropriate. A proposal would be developed further for introduction in 2007.

Workshop on Social science insights for risk assessment

1.84 In September 2005, following a request from the Food Standards Agency, the Royal Society organised a
workshop exploring social science insights for risk assessment. The workshop examined two case
studies, the transmission of bovine spongiform encephalopathy and the consumption of fish. The latter
was based on the joint Scientific Advisory Committee on Nutrition and COT review of benefits and risks
of fish consumption. The COT Chairman was one of five chairs of advisory committees invited to take
part in the workshop, alongside four social scientists with expertise in the psychology and sociology
of risk.
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1.85 During the meeting, five principles were identified which may enable more effective risk assessment,
and related management and communication processes:

– Consult stakeholders and the public (where appropriate) on the framing of questions to be put to
expert scientific advisory committees

– Develop a cyclical and iterative process to inform risk assessment, management and communication

– Acknowledge assumptions and uncertainty in risk assessment

– Broaden public and stakeholder engagement at the different stages of the process, particularly on
issues of controversy or high uncertainty

– Be clear about your audiences and communicate the things that matter to them

1.86 In March 2006, the COT considered a report of this meeting, which was due to be published shortly. It
was felt that, in general, the Committee met all five of the principles to a reasonable extent. The
inclusion of two non-specialist representatives was seen as being effective in increasing the Committee’s
awareness of public concerns.

1.87 The role of the COT is to provide specialist scientific advice, whereas communication of this advice is
primarily a matter for risk managers and communicators. Similarly, the process of framing questions
to be put to the Committee, and any consultation with stakeholders and the public that this might
entail, was viewed as being the responsibility of the Secretariat, rather than the Committee itself.
Expanding the COT’s role to include these responsibilities could result in it becoming less effective in
its central role.

1.88 Social science approaches were seen as being most useful in the processes of risk management and
communication, where decisions can be influenced by factors additional to the risk assessment

Lowermoor Subgroup

1.89 The Lowermoor subgroup was established in 2001 under the chairmanship of Professor Frank Woods to
consider the human health effects of the chemical exposure resulting from a water pollution incident
which occurred in July 1988 in North Cornwall published a draft report on January 26, 2005. Its terms of
reference were:

• to advise on whether the chemicals involved in the incident caused, or were likely to cause, delayed
or persistent harm to health.

• to advise whether the existing programme of monitoring and research into the health effects of the
incident should be augmented and, if so, to make recommendations.
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1.90 A draft report was issued for public consultation in 2005, and the subgroup met during 2006 to revise
the draft. The final report is expected to be published early in 2007.

Working Group on Variability and Uncertainty

1.91 In 2003, the COT established a working group chaired by Professor Peter Aggett to review the
approaches that are currently used, or that might in future be used, for dealing with variability and
uncertainty in the biological data utilised in the risk assessment of chemicals in food.

1.92 A draft report was issued for consultation in 2006, and the working group met during subsequently to
revise the draft. The final report is expected to be published mid 2007.

Ongoing work

Nanomaterial toxicology

1.93 In December 2005 the COT, COC and COM published a joint statement on nanomaterial toxicology.
In the concluding remarks the COT indicated additional information on medical applications of
nanoparticles might be important to their discussions and might be potentially relevant with regard to
information on structure activity relationships. Following discussions between the secretariat and
Medicines and Healthcare products Regulatory Agency (MHRA), the MHRA produced a review of
information on the toxicology of nanoparticles used in healthcare. This was discussed by the COT
during 2006 and a draft COT addendum to the joint statement based on these discussions will be
agreed and published early in 2007.

Nickel leaching from kettle elements into boiled water

1.94 The COT has discussed nickel leaching from kettle elements on a number of occasions in 2003.
Previously in 2003, Members concluded that further studies would be beneficial in order to more
accurately replicate domestic kettle usage patterns for consumers. In 2006, the Scottish Executive
commissioned further research. The preliminary results were largely negative and the COT was asked to
comment on the implications of the data.

1.95 The COT Members expressed concern that the study did not reflect domestic kettle usage patterns and
could not draw further conclusions on the health implications of boiling water in kettles with exposed
nickel-plated elements. A further study has been commissioned, focussing on re-boiling of water in
kettles with nickel-plated elements, and will be discussed again early in 2007.

Cabin air environment, ill-health in aircraft crews and the possible relationship to smoke/fume events
in aircraft

1.96 The Department for Transport (DfT) has asked the COT to undertake an independent scientific review
of data submitted by the British Airline Pilots Association (BALPA). BALPA submitted data relating to
organophosphates (OPs), the cabin air environment, ill-health in aircraft crews and the possible
relationship to smoke/fume events in aircraft.
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1.97 This was discussed at the meetings in July and December 2006 and two primary objectives were
outlined:

– Firstly, to evaluate the BALPA submission and, based on the data submitted by BALPA and that
sourced by the secretariat, assess the risk of exposure of aircraft crews to OPs and oil/hydraulic fluid
pyrolysis products in cabin air and determine whether there is a case for a relationship between
exposure and the ill-health in aircraft crews.

– Secondly, to provide the DfT with appropriate advice on any further research required to evaluate this
subject.

1.98 The COT identified a number of topics for further consideration and the discussion will continue
in 2007.

Reformulation of PAVA (Nonivamide) as an incapacitant spray

1.99 The COT has considered the use of PAVA as an incapacitant spray in 2002, 2004 and 2005. In October
2006, the Committee was asked to comment on a reformulation of this product and discussions
are ongoing.
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Statement on combined exposure to 2-chlorobenzylidene malonitrile (cs) and pava
(nonivamide) sprays

Introduction

1. The Committee has been asked by the Home Office Science Development Branch (HOSDB) for advice
on the potential effects of exposure to both 2-chlorobenzylidene malonitrile (CS) and pelargonic acid
vanillylamide (PAVA). CS and PAVA are dispersant incapacitant sprays used by routine patrol officers in
police forces in England and Wales The HOSDB have reported that as the use of PAVA increases there is
a clear possibility that use of both incapacitants on the same individual would occur. For example, cross
border use by British Transport Police who use PAVA attending an incident in an area where the local
police force uses CS spray. A further scenario would be use of one incapacitant in the field and a
different incapacitant in the prison/detention cell area. There might also be operational reasons for use
of more than one incapacitant in the field. However, the HOSDB has reported that individual officers
would not be issued with more than one type of incapacitant. In addition, there is clear guidance that if
officers found that a particular incapacitant does not work, there is no recourse to using a second type
of incapacitant.1,2

CS (2-chlorobenzylidene)

2. CS is a peripheral sensory irritant3. It interacts locally with receptors on sensory nerves in the skin, eyes
and other mucous membranes causing severe pain and irritation. Typical signs and symptoms during
exposure include eye discomfort, excessive lacrimation, blepharospasm, burning sensation in the nose
and throat, rhinorrhea, salivation, constricting sensation in exposed skin etc. The full effects arise within
20-30 seconds but some kind of effect is often seen immediately. Recovery is gradual and can begin
within 15 minutes of being sprayed, with the disappearance of most effects within an hour later1.
However, some individuals have taken up to 12-14 hours to recover completely. CS always has some
effect even if not totally incapacitating. As CS affects the breathing as well as sight it tends to slow
down and stop individuals much more quickly than PAVA, as they begin to panic when they think they
cannot breathe. As CS affects a range of senses it can become disorientating. The HOSDB has reported
that the short-term effects have led to the use of CS sprays by all but three police forces in England
and Wales as a chemical incapacitant.1 Such sprays consist of 5% CS in methyl isobutyl ketone (MIBK)
with nitrogen as a propellant.3

PAVA (Nonivamide)

3. PAVA is a structural analogue of capsaicin, the active ingredient of natural pepper.1 It is a potent sensory
stimulant. It is also used as a food flavour (1 to 10 ppm in baked foods, meat products and soups; 57.9 to
93.1 ppm in chewing gum) and in human medicine (the rubifaciant, Nonivamide). PAVA primarily affects
the eyes causing closure and severe pain and this is its principal mode of action. The pain to the eyes is
reported to be greater than that caused by CS.1 The police guidance on the use of incapacitant sprays
issued by the Association of Chief Police Officers advises that PAVA must enter the eyes for it to work
effectively and the effects are normally instantaneous if this happens.2 However, there have been
occasions where there has been a delay between spraying and the effects taking place, or no effects at
all. PAVA remains effective, with the eyes closed and extremely painful, for a longer time than CS before
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any recovery begins.1 Once recovery starts, it is a rapid process1 but people have been reported to be
lacrimating for hours afterwards. Exposure to fresh moving air will normally result in a significant
recovery from the effects within 15-20 minutes.2 The pain worsens the first time the eyes are re-opened
and then gradually subsides each subsequent time they are opened. PAVA spray consists of a 0.3%
solution of PAVA in 50% aqueous ethanol with nitrogen as propellant

Trends in use

4. The HOSDB has reported that there are approximately 1500 CS discharges in England and Wales each
year. PAVA spray is used by a number of forces including Sussex and Northamptonshire police forces.
There are no data available on the number of PAVA discharges per year. There are a number of police
forces who are in the process of considering a change to or adoption of PAVA. The HOSDB have
reported that to date there is no information to suggest that both CS and PAVA had been used on the
same individual, but as the use of PAVA increases there is a clear possibility that use of both
incapacitants on the same individual would occur. The decision of when to use an incapacitant spray is
left to the judgement of individual officers using the Officer Safety Model.1,2

Overview of previous COT consideration of CS and PAVA

5. The COT published statements reviewing the toxicity data on CS in 19993 and on PAVA in 20024 and
20045. The overall conclusions reached on CS and PAVA are reproduced below

CS

6. In May 1999 a statement was issued by the Committees on Toxicity (COT), Mutagenicity (COM) and
Carcinogenicity of Chemicals (COC) in Food, Consumer Products and the Environment regarding the use
of CS spray as a chemical incapacitant. A copy of the full statement can be found at
http://archive.food.gov.uk/dept_health/archive/cot/csgas.htm

i. The Committee noted that there are considerable data available to assess the toxicity of CS itself,
and to a lesser extent, the solvent MIBK itself. CS is a potent sensory irritant, particularly to the skin
and eyes. It is rapidly hydrolysed and therefore tissue exposure to CS itself is transient. Experience
of use indicates that it is a skin irritant and thee are some reports of skin sensitisation occurring.

ii. There are no concerns relating to the mutagenicity, carcinogenicity or teratogenicity of CS itself.

iii. The toxicity of the solvent MIBK used in the spray is characterised by the transient local effects and
central nervous system effects, particularly headache and nausea, resulting from exposures of
about 100 ppm and above of teratogenicity in developmental toxicity studies. There is no
information from carcinogenicity or multigeneration reproductive toxicity studies.

iv. Little toxicological information was available on the formulated spray. A 7% (w/v) solution of CS in
MIBK produced severe irritant effects in rabbit eyes followed by recovery in 8 days. The spray has
skin irritant properties and can cause dermatitis.
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v. The Committee had concerns regarding exposure to CS spray in susceptible groups. Individuals with
asthma or chronic pulmonary obstructive disease whose condition could be aggravated by the
irritant effects of CS spray on the respiratory tract. Individuals with hypertension or other
cardiovascular disease whose condition may be affected by the transient effects of CS spray in
increasing blood pressure. It was not possible, on the basis of the available data, to comment on
whether individuals being treated with neuroleptic drugs are more likely to be sensitive to the
effects of CS spray.

vi. The Committee noted that adherence to the operational guidelines for the use of CS spray was of
particular importance since at the time of exposure it would be exceedingly unlikely that the
medical status of those exposed would be known. It was concluded that particular care needs to
be taken to follow the recommended aftercare guidelines for all persons exposed to CS.

vii. The Committee considered that further information needs to be obtained on the effects of CS
spray in humans. In this regard, it was noted that systematic studies in volunteers to investigate the
toxicity of CS spray may present insurmountable difficulties. The Committee recommended that
follow-up studies be carried out on people treated for the immediate effects of CS spray to obtain
data on whether delayed effects occur. It was recommended that information should also be
collected in these studies relating to the previous medical history of the individuals involved,
particularly with regard to respiratory or cardiovascular disease, or treatment with neuroleptic drugs.

PAVA

7. The full COT statements from the evaluations undertaken in 2002 and 2004 can be found at
http://www.advisorybodies.doh.gov.uk/cotnonfood/pava.htm and
http://www.advisorybodies.doh.gov.uk/cotnonfood/pava04.htm . The overall conclusions are reproduced
below.

i. The COT recognised that exposures would be low and for a short period. The Committee stated
that it was impossible to calculate exposure with any accuracy but noted that dermal exposure
would be of the order of 30 mg PAVA from a one second burst, with about 3 mg being absorbed.
Any systemic exposure is likely to be of the order of 0.04 mg/kg bw.

ii. Animal model data and experience in use do not give rise to concerns regarding long-term harm to
the skin and eyes arising from irritant effects. No conclusions can be drawn from the one available
animal study to investigate skin sensitisation but experience in use, including in human medicines
for topical application, indicates that PAVA is not a skin sensitising agent.

iii. There are no concerns regarding the mutagenicity of PAVA. PAVA gave a positive result in one of the
three in vitro mutagenicity tests carried out indicating that it could have mutagenic potential and
negative results from an unscheduled DNA synthesis study and a bone marrow micronucleus test.
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iv. There are no concerns regarding developmental toxicity. PAVA had low toxicity by the oral route,
with no significant effects being seen in the maternal animals at doses up to 1000 mg/kg/day. The
only effect seen in the developing offspring at this dose level was a small reduction in fetal weight.
There was no evidence of any malformations, skeletal anomalies, or any other adverse effects at
this dose level. The NOAEL for effects on the offspring was 500 mg/kg/day, about 4 orders of
magnitude above the expected exposure level arising form the use of the spray.

v. The data from inhalation studies in volunteers, including those with mild asthma, indicate that there
are unlikely to be any adverse respiratory effects in healthy individuals. It is possible that respiratory
effects may occur in asthmatics, particularly since effects were observed in asthmatic volunteers at
0.1% PAVA, which is lower than the 0.3% used in the spray, and given the increased stress likely
when the spray is used.

vi. The available information, both from the toxicity data in experimental studies and experience in
use, indicates that the low exposures arising from the use of PAVA incapacitant spray would not be
expected to be associated with any significant adverse health effects. The Committee
recommended continuation of the monitoring of experience-in-use.

CS/PAVA Sprays – Potential Interaction

8. The COT approach to the consideration of combined toxicological action of a mixture of CS and PAVA
is based on the concepts described in the COT Report on Risk Assessment of Mixtures of Pesticides and
Similar Substances.6 A key aspect of the approach to the assessment of the combined risk involves
consideration of the mode-of action of critical toxicological effects. Table 1 (appended at the end of
this statement) summarises the potential interaction between CS and PAVA. The most evident area for
potential interaction relates to effects at the site of contact, e.g. skin, eyes and respiratory tract. Some
more detailed information on potential site of contact effects and their modes of action is given below.

CS Spray – Site of Contact Effects

9. CS is an SN2 alkylating agent and reacts readily with nucleophilic sites.7,8 Prime targets at the site of
action include sulphydryl-containing enzymes such as lactic dehydrogenase. The findings of Cucinell et
al suggest that lactic dehydrogenase is inhibited by CS, which was partially reversed by the addition of
excess glutathione. Based on these results it has been suggested that alkylation of nucleophilic sites,
including SH containing enzymes, is the underlying biochemical lesion responsible for CS-induced
toxicity. CS reacts rapidly with the thiol groups of dihydrolipoic acid, the disulphydryl form of lipoic
acid which is a coenzyme in the pyruvate decarboxylase system.9 Alteration in dihydrolipoic acid
biochemistry can lead to decreased acetyl CoA levels, resulting in cellular injury. CS has the ability to
generate bradykinin in vitro10 and in vivo in humans7 and it has been suggested that the irritant and
painful effect of CS may be due to bradykinin release.9
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10. A recent report details a number of instances in which six police officers and a doorman developed a
range of unpredictable long-term cutaneous reactions following both single and multiple exposures to
CS spray over several months or years.11 The six cases detailed in the report are out of out of the
estimated several thousand officers who have used CS spray operationally over the last decade. The
skin reactions consisted of contact allergy, leukoderma, initiation or exacerbation of seborrhoeic
dermatitis and aggravation of rosacea. The skin reactions required long-term changes in working practice
for the exposed individuals

PAVA Spray – Site of Contact Effects

11. Nonivamide, or synthetic capsaicin, has long been used as a topical application for the treatment of
painful conditions of the muscles, joints and bones. Repeated or prolonged topical application of low
concentrations or systemic administration of a single high dose can cause long lasting selective
desensitisation.12 Nonivamide binds to membrane receptors and selectively interacts with polymodal
nociceptive neurones .13 After binding, the membrane depolarises subsequent to the opening of a cation
non-selective ion channel. As a result, the neurotransmitter substance P and other neurotransmitters are
released from the nerve endings causing a sensation of burning pain and hyperalgesia. Prolonged and
repeated administration of nonivamide causes desensitisation and inactivation of the sensory neurones
to thermal, chemical and mechanical stimuli in a dose-dependent manner. Systemic nonivamide
produces antinociception by binding to vanilloid receptors on afferent nerve endings in the spinal cord.
Prolonged inactivation of sensory neurotransmitter release blocks spinal neurotransmission.

Studies of co-exposure to CS and PAVA

12. There are no studies of co-exposure to CS and PAVA. However, Foster and Weston (1986)14 used a blister
base testing approach in volunteers to assess pain response for CS and PAVA. They reported that PAVA
induced more pain than CS. An inflammatory flare was often also noted with PAVA. The study of
interaction used a desensitising protocol followed by a challenge by a different sensory irritant. The
authors reported that when PAVA was used first it provided a generic desensitisation to challenge by
other sensory irritants. When CS was used in the desensitising protocol there was a pain response from
a subsequent PAVA challenge equivalent to that seen in control exposures.14

COT consideration of potential interaction between CS and PAVA.

13. Members were aware that concerns had been raised regarding possible sensitive subpopulations
following exposure to incapacitants during the previous considerations of CS and PAVA. There was some
evidence from volunteer trials that PAVA may exacerbate bronchospasm in asthmatics.4,5 However no
equivalent studies in asthmatic volunteers exposed to CS were available. The COT had noted in 1999
that CS might aggravate bronchial asthma in some individuals. There was thus some uncertainty
regarding the potential effects of co-exposure in this subpopulation.
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14. Members considered potential interaction between CS and PAVA might occur in relation to site of
contact effects. The only available study where co-exposure had occurred related to a desensitisation
protocol using a human skin blister base approach.14 There was evidence that desensitisation with PAVA
gave rise to no pain response upon challenge with CS. However desensitisation with CS did not have
any effect on the pain response to PAVA. Overall members felt that the potential effects of co-exposure
or sequential exposure to CS and PAVA would give rise to at most an additive effect, although there was
a possibility that desensitisation to contact effects might occur.

15. The committee was aware that there had been a request for follow-up of individuals sprayed with CS,
but no data had been forthcoming in view of the lack of compliance by individuals sprayed with CS
with requests for clinical follow-up. The Committee explored possibilities for investigating possible
adverse interactions. One suggestion was that it might be possible to review a summary of data from
custody records for relevant information on effects in individuals who had been sprayed with CS and/or
PAVA. Members suggested that police forces should flag all incidents where a police surgeon had been
called to attend an incident or police station and that a summary of the number of such incidents
(relating to CS or PAVA or combined exposure) should be made available. If possible information on
whether individuals experienced breathing difficulties should be recorded. The Committee also noted
the evidence from case reports of allergic sensitisation in police officers exposed to CS for a possible
enhancement of skin effects in individuals with rosacea. Although the available evidence came from
only a few individuals, in the context of the number of officers exposed or who have used CS sprays,
it was felt that further surveillance for potential skin sensitisation among police officers was needed.

COT conclusions

16. Co-exposure to CS and PAVA is likely to result in, at most, additive effects on skin, eyes and respiratory
tract in most individuals, although in some individuals a lower response might occur as a result of
desensitisation.

17. The COT recommended that police forces should flag all incidents where a police surgeon had been
called to attend an incident or police station and that a summary of the number of such incidents
(relating to CS or PAVA or combined exposure) should be made available, together with any available on
whether exposed individuals experienced breathing difficulties.

18. The COT agreed that the Association of Chief Police Officers (ACPO) should be asked to consider
surveillance for potential skin sensitisation among police officers.

January 2006
COT/2006/04

Annual Report 2006

26



Table 1. Summary of potential for toxicological interaction of CS and PAVA

Toxicological
end point

MIBK CS PAVA (50% in ethanol) Potential for interaction

Metabolism Metabolised & cleared
predominantly as
metabolites (enzyme
inducer)

Rapid in seconds Some absorption across
skin in 50% ethanol.
Extensive hydrolysis in
liver/skin

Unlikely following single
co-exposure

Acute Toxicity
(systemic
effects)

Low acute toxicity Low acute toxicity Moderate acute oral
(Capsaicin) 

Unlikely following single
co-exposure 

Skin Irritancy Low skin irritancy
(defattening)

Sensory irritating with
prompt recovery. Mild
skin irritant

Mild skin irritant up to 3
days in rabbit

Potential for interaction
at sensory receptors
possible. Effects might
be altered by solvents.

Eye Irritancy Low eye irritancy Severe eye irritant in
MIBK (effects dependent
on solvent)

Significant eye irritant
(reversible)

Potential for increased
severity of effect likely.

Skin sensitivity No evidence from
available studies.

Evidence from human
exposure of skin
sensitivity

LLN assay considered
inadequate. No evidence
of skin sensitisation from
medicinal use

Unlikely following single
co-exposure

Mutagenicity No evidence of
mutagenicity from
available studies

In vitro mutagen and
aneugen. Negative in vivo
mutagen 

Positive evidence from
an in vitro chromosome
aberration assay.
Negative in two in vivo
mutagenicity assays.

Unlikely following single
co-exposure

Carcinogenicity No data available No evidence of
carcinogenicity including
sites of contact (these
data were used to assist
the mutagenicity
evaluation)

No data available. Unlikely following single
co-exposure

Repeat dose
systemic target
organs

Liver, kidney (rat) None identified None identified Unlikely following single
co-exposure

Reproduction No evidence of adverse
effects

No study available No study available Unlikely following single
co-exposure, but no data
on PAVA available.

Teratogenicity No evidence of
teratogenicity

No evidence of
teratogenicity

No study available Unlikely following single
co-exposure, but no data
on PAVA available 

Human data Localised irritation and
CNS depression at >100
ppm. Odour threshold
0.4 ppm, irritancy
threshold 2 ppm

0.5-1mg/m3 involuntary
closure of eyes
(blepharospasm), burning
in mouth, nasal irritation,
tightness in chest. Skin
irritation, contact
sensitisation reported.
Sever pain in contact
with eyes

Application in
accordance with
specified use resulted in
bronchospasm in some
asthmatics.

Potential for interaction
of local site effects on
eyes, skin and respiratory
system.
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Statement on cyanogenic glycosides in bitter apricot kernels

Background

1. Bitter apricot kernels have recently been marketed as a health food in the UK. They contain high levels
of amygdalin, a cyanogenic glycoside. The Committee were asked to consider whether there were
sufficient data to establish a maximum upper level for safe intake of cyanide or cyanogenic substances.

2. In the 1970s and 1980s, amygdalin (also known as laetrile or, though not a recognised vitamin, as vitamin
B17) extracted from bitter apricot kernels was sold as a treatment for cancer. The treatment was never
proven and was associated with significant toxicity. Sale of these extracts was restricted under the terms
of “The Medicines (Cyanogenetic Substances) Order 1984”.

3. The Medicines and Healthcare products Regulatory Agency (MHRA) has advised that the kernels would
be considered foods regardless of the cyanide content, unless presented as medicines by claiming to
treat, cure or prevent a medical condition.

Cyanogenic glycosides in foods

4. As well as bitter apricot kernels, low levels of cyanide are also present in almonds, sweet apricot kernels
and in the stones of other fruits such as cherries and consequently cyanide is present in some foods 1.
The maximum level of cyanide that can be present as a result of using such foods as flavourings is
regulated under the terms of The Flavourings in Food Regulations 1992 (as amended). Otherwise the
cyanide content of food is not specifically regulated except under the terms of the Food Safety Act
1990 which makes it an offence to sell or possess for sale food which is injurious to health.

5. Analytical data indicate that the bitter apricot kernels currently on sale have a mean cyanide (CN)
content of 1450 mg/kg, approximately 0.5 mg CN/kernel. Data on the range of values for individual
kernels are not available The value of 1450 mg/kg is consistent with data from the literature2 which
reports cyanide contents of <0.05, 1-2 and >2000 mg/kg for low, medium and high amygdalin containing
apricot kernels respectively.

6. A number of other cyanogenic glycosides are found in foods, including linamarin (cassava, lima beans),
prunasin (ferns) and sambunigrin (elderberries)1.

Reviews by other regulatory agencies

7. The database on cyanide toxicity is limited particularly with respect to chronic intake.
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8. As a result of the occurrence of cyanide in food originating from flavouring substances, the Council of
Europe3 reviewed cyanide toxicity and established a Tolerable Daily Intake (TDI). The TDI was based on
data from a case-control study 4 which considered the effects of chronic intake of inadequately
processed cassava, thought to be linked to the neurological condition konzo. In this study konzo was
associated with a cyanide intake of 0.19-0.37 mg/kg body weight (bw) per day. The Tylleskär et al (1992)
study4 is considered in more detail in paragraph 19. An uncertainty factor of 10 was applied for inter-
individual variation, resulting in a TDI of 20 mg/kg bw/day. An additional factor was not applied to
extrapolate a lowest observed adverse effect level (LOAEL) to a no observed adverse effect level
(NOAEL) since the condition was thought to be exacerbated by other dietary deficiencies such as of
sulphate which would not be relevant to other populations. It was noted that the aetiology of konzo is
not fully understood.

9. Safe intakes of cyanide from drinking water were considered by the World Health Organisation5. A TDI
was established using data from a study in pigs fed 1.2 mg CN/kg bw/day for 6 months resulting in
changes in behaviour and serum biochemistry6. This was used to establish a TDI of 12 mg/kg bw/day. An
additional uncertainty factor was not applied to extrapolate from a LOAEL to a NOAEL since there were
doubts about the biological significance of the observed changes.

10. In contrast, EFSA1 concluded that there were insufficient chronic data to establish a TDI for cyanide but
concluded that the current high level intake of 3-6 mg CN/kg bw/day from foods (notably certain types
of marzipan) was not of concern.

Absorption and metabolism of cyanide.

11. Amygdalin (D-mandelonitrile-b-D-glucoside-6 -b-glucoside) (see fig 1, below) degrades to hydrogen
cyanide, two molecules of glucose and benzaldehyde. Amygdalin hydrolysis is catalysed by the enzyme
emulsin, a b-glucosidase also found in apricot kernels. Since b-glucosidase enzymes do not occur
intracellularly in humans, swallowing of whole apricot kernels may not release much cyanide7, however,
chewing or grinding increases toxicity by releasing emulsin from lysosomes. The enzymatic breakdown
of amygdalin occurs most rapidly in alkaline conditions. The b-glucosidase may be deactivated in the
acid environment of the stomach but can then be partially reactivated in the alkaline environment of
the gut8. Cyanogenic glycosides can also be hydrolysed by gut flora.

12. After oral administration, hydrogen cyanide is readily absorbed and rapidly distributed within the body.
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Fig 1. Structure of amygdalin

Toxicity of cyanide and cyanogenic glycosides

Acute toxicity in humans

13. Cyanide has high acute toxicity with a very steep and absorption rate-dependent dose-response curve9.
The lethal dose of cyanide in humans is in the range 0.5 to 3.5 mg/kg bw1. Signs and symptoms of acute
toxicity include headache, dizziness, mental confusion, stupor, cyanosis with twitching and convulsions,
followed by terminal coma.

14. There are case reports of toxicity (including fatalities) resulting from the consumption of laetrile or
amygdalin in a concentrated form, but also of toxicity resulting from the consumption of apricot
kernels. Cyanide toxicity was also observed in an uncontrolled clinical trial of amygdalin10.

15. Suchard et al (1998)7 reported that a 41 year old female was found in a comatose and hypothermic state
following the consumption of approximately 30 bitter apricot kernels. The patient responded to
antidotal treatment and subsequently recovered. The authors noted that 5 other cases of poisoning had
been reported in the US from consumption of bitter apricot kernels for their amygdalin content. In an
earlier case reported by Rubino and Davidoff (1979)11, an adult female was hospitalised following the
consumption of 20-40 kernels.

16. There are case reports of poisonings in children consuming kernels from wild apricots12. The doses
involved are unclear but the children were thought to have eaten more than 10 kernels. Similar cases
have been reported in Gaza both from the wild apricot kernels and where the kernels were made into
sweets without proper processing13.
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17. In a case reported by Bromley et al (2005)14 an adult female presented at an emergency room feeling
dizzy and unwell, having consumed 6 x 500 mg amygdalin tablets 30 minutes earlier. The toxicity was
more significant than would be expected for the dose consumed. The authors concluded that the 3 g of
vitamin C also consumed may have enhanced the toxicity of the amygdalin by promoting the release of
cyanide from the molecule and decreasing stores of the amino acid cysteine which is involved in the
detoxification of cyanide.

Chronic toxicity in humans

18. Several conditions have been observed in cassava eating populations which have been attributed to
chronic cyanide intake. These include malnutrition, diabetes, congenital malformations, neurological
disorders and myelopathy1. Goitre is thought to have occurred where cyanogenic glycosides are present
in the diet at levels greater than 10- 50 mg/kg food.

19. Konzo is a distinct form of tropical myelopathy characterised by abrupt onset of spastic paraparesis
(slight paralysis of the lower limbs). Epidemics occur where processing times for cassava are reduced4.
A number of epidemiology studies have considered konzo (see1,8). In a konzo-affected population in
former Zaire, the condition was associated with a cassava flour intake greater than 0.5 kg/day equivalent
to an intake of 0.19 to 0.37 mg cyanide/kg bw/day4. Urinary thiocyanate levels (reflecting cyanide intake)
were comparable in cases and controls but whole blood cyanide levels were elevated in 3/3 cases
compared to 2/23 controls, suggesting that sustained high blood cyanide maintained by sulphur
deficiency was associated with Konzo.

Cyanide toxicity in animals

20. Exposure to cyanide was reported to produce dose-related increasing ambivalence and slower response
time to stimuli in pigs given oral doses of up to 1.2 mg/kg bw/day cyanide for 6 months6. Since
behaviours demanding low energy were more affected it was suggested that an effect on glucose
metabolism could be involved. There was a dose-dependent increase in fasting blood glucose which
was evident after 12 weeks, and became statistically significant following 18 weeks of treatment. In the
top dose group, blood glucose was increased by up to 60%. Serum thyroxine and, notably,
triiodothyronine were reduced at all doses, but markedly at the top dose only.

21. Rats were given drinking water containing up to 300 mg/L sodium cyanide for 13 weeks (NTP, 1993-
discussed1) (equivalent to approximately 12.5 mg/kg bw/day cyanide). No significant changes were
apparent in haematology, clinical chemistry or urinary parameters. There were no treatment-related
gross or histopathological changes in the rats. Slight changes were observed in the testes and
spermatozoa of treated males. Comparable results were obtained from a 13 week study in mice.
Testicular effects have also been observed in dogs fed a cassava or rice plus cyanide diet15. The data
from these studies suggest that humans are more sensitive to cyanide toxicity since the lethal dose in
humans is 0.5–3.5 mg/kg bw.

22. There are no data available from chronic or reproductive toxicity studies.

Annual Report 2006

32



Exposure assessment

23. The kernels currently available contain approximately 0.5 mg cyanide/kernel (information on variation
between individual kernels is not available). Consumers are advised to eat 5 kernels in an hour, but no
more than 10 in a day. This represents a cyanide intake of 2.5 mg in an hour, with a maximum of 5 mg in
a day, equivalent to 42 mg/kg bw (1 hour) or 83 mg/kg bw/day. The latter figure is 4 and 8 fold higher than
the TDIs set by the Council of Europe and WHO respectively.

24. Whilst the retailer of these kernels recommended that this intake should not be exceeded, other
information is readily available from the internet which advises that those suffering from cancer should
gradually increase their consumption to 5 kernels/hour, 6 to 10 times a day. This would represent a
maximum intake of 15-25 mg cyanide/day (equivalent to 250-417 mg/kg bw).

Discussion and Conclusions

25. The database for the toxicity of cyanide and cyanogenic glycosides in humans is incomplete. The acute
lethal dose for cyanide is in the range 0.5 to 3.5 mg/kg bw. Case reports suggest severe toxicity arising
from the consumption of approximately 30 bitter apricot kernels in adults, fewer in children. The
cyanide concentration of the kernels is known to be variable and is not included in published reports,
making precise comparisons difficult.

26. There are also relatively few data on the effects of chronic cyanide intake in humans. Konzo is a
neurological condition associated with cyanide intake from improperly processed cassava. These data
were used by the Council of Europe to establish a TDI of 20 mg/kg bw/day for cyanide.

27. The available evidence on konzo indicates that there are many confounding factors, and whilst cyanide
intake may contribute it is likely to be one of a number of possible causal factors specific to a high
cassava diet.

28. There is no available evidence in adequately nourished humans to show that chronic intake of
cyanogenic glycosides causes a cumulative hazard above that of repeated acute toxicity. However, data
from animal studies suggest that adverse effects may result from chronic exposure to cyanides and
cyanogenic glycosides. Data on biochemical and behavioural changes in pigs were used by the WHO to
derive a TDI of 12 mg/kg bw/day, which is comparable to that established by the CoE.

29. Overall, the Committee concluded the limited chronic data available were not sufficient to propose
a TDI.

30. The range for the acute lethal dose in humans is 0.5 to 3.5 mg/kg bw. A 100 fold uncertainty factor (10 to
account for inter-individual variability and 10 to extrapolate from an effect level to a no effect level,
taking into account the steep dose-response relationship) could be applied to the lowest lethal dose.
This would indicate that a dose of 5 mg/kg bw would be unlikely to cause acute effects, ie. a nominal
acute reference dose (ARfD). This is comparable to the TDIs of 12 and 20 mg/kg bw/day established by
WHO and CoE respectively.
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31. Taking the available evidence together, consumption of 1 kernel per day would result in a cyanide intake
of 0.5-mg/day (equivalent to 8 mg/kg bw for a 60 kg adult) which is in the region of this nominal ARfD
and the TDIs proposed by others and would be unlikely to be of concern. This level of intake represents
a threshold above which, increasing intake becomes increasingly hazardous.

32. The consumption of 10 kernels/day recommended with the sampled product would represent an intake
of 5 mgs cyanide (equivalent to 83 5 mg/kg bw). This is one sixth of the lowest lethal dose and would
cause a consumer to exceed the TDIs set by CoE and WHO for cyanide by 4-8 times and the nominal
ARfD established as above, by 8-16 times. Such intake would therefore be hazardous. In addition, readily
available information recommends far higher intakes of the kernels, which could be severely toxic, or,
lethal in some people. Given the background to the product, exceedance of the dose recommended on
the packaging seems probable.

COT Statement 2006/15
December 2006
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Update to statement on the review of toxicology literature on the use of topical
insect repellent N,N-diethyl-m-toluamide (DEET)

Introduction

1. The COT previously assessed the safety of DEET in 2003 and at that time made a recommendation that
the literature on DEET should be regularly reviewed. New information was obtained though an extensive
literature search and by contacting HSE who are currently participating in a regulatory review under the
Biocides Product Directive (BPD).

2. During their assessment, members looked at neurotoxicity studies, combined use of sunscreen and
DEET, results from post-market monitoring in the UK and USA and further epidemiology/intervention
studies. The outcome of this discussion was generally reassuring. However the neurotoxicity studies
were found to have potential methodological problems and the results were difficult to interpret.
Therefore the Committee recommended that repeat studies be carried out to clarify these issues.
Members requested further information on the toxicokinetics of DEET and sunscreen to provide further
reassurance on the safety of their combined use.

Background

3. The COT was asked by the Department of Health to review the available toxicology data on the insect
repellent N,N-diethyl-m-toluamide, commonly known as DEET, as part of the strategy being developed
by the Chief Medical Officer for England, Professor Sir Liam Donaldson on combating the potential for
West Nile Virus (WNV) infection (see paragraph 4). The COT agreed a statement on DEET in 2002 and
also agreed to keep DEET under review (http://www.advisorybodies.doh.gov.uk/pdfs/deetstatement.pdf).
This update to the statement incorporates toxicology information published since 2002, information on
biomonitoring of DEET in the UK and all other available data on DEET that has been made available
since the original statement was published.

4. Insect repellents are used to prevent nuisance bites from mosquitoes (as well as ticks, biting flies and
mites) and may aid in lowering disease transmission from these pests e.g. malaria and West Nile Virus
(WNV). N,N-Diethyl-m-toluamide is the most widely used and best studied insect repellent currently
available to the general public. DEET has been used world-wide for 40 years. It has been reported to
give the best duration of protection and broad-spectrum effectiveness of topically applied insect
repellents and is recommended by the United States Centre for Disease Control in helping to prevent
infection with WNV.

5. DEET is marketed in the United Kingdom in a variety of formulations and concentrations including
aerosol and pump-spray products intended for application to skin as well as for treating clothing. Liquid,
cream, lotion and stick products enable direct skin application. The concentration in these products
varies according to formulation type, between 10-95%. There are no data on the pattern of usage in the
UK but a wide range of products is freely available over the counter or via the internet.

37



6. The Department of Health (DH) has published a strategy for combating the possibility of WNV
infection. The strategy is intended to provide advice to the general public and to Environmental Health
Departments. http://www.dh.gov.uk/assetRoot/04/08/33/33/04083333.pdf

Summary of Recommendations made in the DEET statement in 2002

• Information on exposure should be made publicly available

• Additional animal studies are required to verify the neuropathological effects seen in repeat dosing
dermal studies of DEET in rats

• The Department of Health should undertake further monitoring for reports of adverse effects
associated with exposure to DEET

• Consideration should be given to undertaking epidemiological studies

• Industry should seek to attain a consistent approach to labelling through voluntary action

Rational for Update Review

7. The objective of this review is to provide an update on the request for additional data requested by the
COT in 2002. In this context information from adverse health surveillance schemes has been collated
and reviewed. Additional toxicological information from the published literature has been reviewed, in
particular a number of absorption studies on DEET following concurrent application of DEET and
sunscreen. In addition comments on the risk assessment submitted by the DEET Joint Venture Group
(DJV) as part of the regulatory review of DEET under the Biocides Product Directive (BPD) were sought
from the COT. Exposure assessment was considered in the 2002 review and is only briefly referred to in
this updated statement.

Regulatory control of insect repellents

8. At the present time there is no requirement for DEET-based insect repellents for topical application to
human skin to be authorised under a regulatory scheme within the U.K. Topically applied insect
repellents are regulated under the Biocides Products Directive (BPD)(98/8/EC introduced 14th May 2000)
enacted in U.K legislation by the Biocide Products Regulations 2001 (which came into force on 6thApril
2001). Topically applied insect repellents for human skin are not considered as pesticides or as
medicines. There are 23 categories of biocide product listed under 98/8/EC. Insect repellents are
included in category 19: (Repellents and Attractants). A centralised review scheme for existing biocides
products was set up by the European Union. Members were informed that DEET is currently being
considered as part of this review scheme under the Biocide Products Directive. It is only once the
review has been completed that individual products containing DEET will require authorisation in the
UK. The Committee was also made aware that it would be possible that the COT updated statement
could be forwarded to the rapporteur Member State (Sweden). The U.K Competent Authority is the HSE
(Biocides and Pesticides Unit).
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9. The available products would also have to conform to labelling requirements as established by the
Chemicals (Hazards Information and Packaging for Supply) Regulations 2002 (CHIP) which enact EU
Directives on Dangerous Substances and Preparations [76/548/EEC]. The COT was also informed that the
EU review would provide information on usage and would also allow for consistent labelling to be
applied to DEET products.

Summary of Additional Toxicology Information received since 2002

Metabolism studies in animals and humans

10. A number of publications regarding the transdermal absorption of DEET following concurrent
application with sunscreen preparations are available. Generous and frequent application of sunscreens
is recommended to minimize skin damage due to sun exposure. On the other hand, repellents are
recommended for application on an ‘as needed’ basis. Concurrent application of commercially available
repellent and sunscreen products resulted in significant percutaneous permeation of the repellent DEET
and the sunscreen oxybenzone across mouse or piglet skin, in vitro (Gu et al., 2005; Gu et al., 2004 and
Ross et al., 2004) and in an in vivo animal study (Kasichayanula et al., 2005).

11. Data from Gu et al. (2005) indicated that to minimize the transdermal absorption of active ingredients
arising from the concurrent application of repellent and sunscreen products, sunscreens should be
applied first to saturate the skin surface. Physically mixing these products prior to, or during application
was not recommended as this could increase transdermal penetration of the active ingredients. These
studies demonstrated that the permeability of DEET across mouse or piglet skin, in vitro, lead to
increased DEET penetration but this was dependent on formulation type, application amount and the
application sequence. In an in vivo animal study in nine week old piglets a slight enhancement of
percutaneous penetration and systemic absorption of DEET and oxybenzone was observed when
repellent and sunscreen preparations were used concurrently (Kasichayanula et al., 2005). Measurement
of skin penetration rate and extent of a topical preparation was performed by tape stripping
(Kasichayanula et al., 2005).

12. COT members considered the absorption of DEET when used concurrently with sunscreen. The
committee was reassured by the in vivo study in pigs, which had shown only a slight enhancement in
the absorption of DEET on concurrent application with sunscreen compared with DEET applied alone
(Kasichayanula et al., 2005). Members agreed that if there was any effect of sunscreen on the absorption
of DEET, this could reduce the DEET margin of safety following co-exposure with sunscreen. The
committee concluded, in view of the differences between the in vitro and in vivo absorption studies,
additional studies to investigate the effect of sunscreen on DEET absorption in human volunteers would
be helpful to provide reassurance with regard to the risk assessment based on data from pigs.
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Toxicology Studies in animals

Subchronic Neurotoxicity

13. The Committee considered additional neurotoxicity studies from Abou-Donia and colleagues (Abdel-
Rahman et al., 2002, 2004a 2004b). These studies added to papers from this group, already reviewed by
the Committee in 2002. These papers suggested that DEET applied dermally at 40 mg/kg/day for periods
of 28-60 days can result in adverse effects on sensorimotor performance and histopathological changes
in the CNS. The majority of these studies investigated the combined effect of DEET, permethrin and
pyridostigmine bromide on sensorimotor and neuropathological effects on the brain.

14. Abdel-Rahman et al. (2004a) investigated the neurological effects induced by DEET, malathion and
permethrin alone or in combination in adult rats. Groups of 10 male Sprague-Dawley rats received
dermal doses of DEET at 40 mg/kg bw/day for 7 days a week for 30 days (in 70% ethanol). Animals
treated with DEET (40 mg/kg bw/day) exhibited significant sensorimotor impairment compared to
controls, which was reflected in inclined plane performance, forepaw grip time, beam-walk scores,
and beam walk time when assessed after 30 days of daily exposure. Treatment with DEET alone at
40 mg/kg bw/day did not cause any significant changes in plasma BChE activity compared to control.
However, treatment with DEET caused a significant increase in AChE activity in the cortex and the
cerebellum of the brain. The authors found no change in AChE activity in the brainstem following
treatment with DEET and reported significant reduction in the density of healthy or surviving neurons in
the dentate gyrus, the CA1 and CA3 subfields of the hippocampal formation, the midbrain, the
brainstem and cerebellum. The authors contended that a significant number of degenerating neurons
were documented in these brain regions.

15. Abdel-Rahman et al. (2002) and a follow-up study in 2004b, investigated the effects of a combined
exposure to restraint stress and low dose of pyridostigmine bromide (PB, 1.3 mg/kg bw/day, orally),
permethrin (0.13 mg/kg bw/day, dermally) and DEET (40 mg/kg bw/day, dermally) in adult male rats,
exposed daily for 28 days. Exposure to chemicals and stress produced blood brain barrier disruption and
neuronal cell death in the cingulate cortex, dentate gyrus, thalamus and hypothalamus. Other regions of
the brain such as the cerebellum, the cerebral cortex and the hippocampus demonstrated some
neuronal cell death but did not exhibit blood brain barrier disruption. There was also decreased AChE
activity in the forebrain, midbrain, brainstem and cerebellum and decreased m2-AChR binding in the
midbrain and cerebellum. In contrast, in animals exposed to stress or chemicals alone, the above indices
were mostly comparable to those of animals exposed to vehicles alone. The authors concluded that
combined exposure to stress and low doses of the chemicals pyridostigmine bromide, permethrin and
DEET leads to significant brain injury.
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16. Inconsistent outcomes between studies were observed during neurobehavioural testing depending on
the duration of treatment with DEET. Abdel Rahman et al. (2004a) reported that animals treated with
DEET (40 mg/kg bw/day) exhibited significant sensorimotor impairment compared to controls, which was
reflected in inclined plane performance, forepaw grip time, beam-walk scores, and beam walk time
when assessed after 30 days of daily exposure. Abou-Donia et al. (2001a) reported significant effects on
beam-walking, beam-walking time and grip strength when DEET was tested at 4, 40 and 400 mg/kg
bw/day DEET for 60 days. These changes were not reproduced in another study, carried out by the same
group, in which a dose of 40 mg/kg bw/day was administered for 45 days (Abou-Donia et al. 2001b). As
discussed at COT previously, the results from a study by Schoenig et al. (1993) differ from these findings.
Schoenig et al. (1993) observed neurobehavioural changes due to DEET but only at a higher dose, when
rats were administered undiluted DEET at dose levels of 50, 200, or 500 mg/kg bw/day by gavage. The
two measures of neurotoxicity evaluated by Schoenig et al. were functional observational battery (FOB)
and motor activity measurements.

17. Different results were also observed for the effects of DEET on acetylcholinesterase (AChE) activity in
the different brain regions in the available studies (Abdel-Rahman et al., 2004 and Abou-Donia et al.,
2001b). This might have been due to differences in the duration of treatment with DEET with regard to
effects on AChE. In a 30 day study (Abdel-Rahman et al., 2004a), treatment with DEET caused a
significant increase in AchE activity in the cortex of the brain but had little or no effect on activity in
the midbrain, brainstem, cerebellum in rats. However, in a 45 day study (Abou-Donia et al., 2001b)
treatment with DEET caused a significant increase in brainstem AChE activity but had little or no effect
on AChE activity in the cortex, midbrain or cerebellum in rats.

18. Members commented that the neuronal effects attributed to DEET in some of the studies might be due
to artefacts such as the “dark cell” artefact caused by incorrect handling of the brain tissue after the
death of the animal. Members expressed concern that the reported eosinophilic degeneration of
neurons might reflect a basophilic post mortem change. However if there were significant microglial and
astrocytic reaction to neuronal damage, it was more likely that the observed lesions occurred in-life.

19. Members agreed that Professor Abou-Donia should be asked to comment on the neuronal effects
caused by DEET reported in these studies by his group. In the absence of reply, the Committee agreed
that it was not possible to draw definitive conclusions on the evidence reported by Abou-Donia and
colleagues and that there was a need for independent verification of these subchronic dermal
neurotoxicity studies in rats using the dermal route of administration to evaluate the significance of the
published findings for human health. The Committee reaffirmed its opinion reached in 2002 that there
were considerable uncertainties regarding the studies published by Abou-Donia and colleagues. The
Committee concluded that, in view of the potential methodological problems with these studies and
difficulties in assessing the reported neuropathological and neurobehavioural effects, additional repeat
studies to verify the results obtained represented the most appropriate course of action to take.
Overall, it was not considered appropriate to use the data from these studies for risk assessment. This
was consistent with the conclusions reached in 2002. The committee were aware of pre-publication
experimental results of microglial reactions in the same tissues that showed neuronal cell death by
Professor Abou-Donia but commented that no weight could be attributed to this information until it
was available in a peer reviewed publication.
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Toxicology Evidence from Human Case reports in the UK

20. In order to follow up the recommendation to undertake further monitoring for reports on adverse
effects associated with exposure to DEET, the DH Toxicology Unit obtained data on any reports
concerning DEET from the Hospital Accident Surveillance Scheme, the Hospital Episode Statistics and
information from the National Poisons Information Service Centres from 1st Jan 2002 to 31st July 2005.
Data were also obtained from the Royal Society for the Prevention of Accidents (ROSPA) from 1993 to
2001. In total there were reports of 35 individuals exposed to DEET and evidence to demonstrate
potential for localised effects (skin/eye irritation). There were no reports of severe CNS toxicity in
children (23 reports of minor adverse effects in children). The Committee was reassured that the effects
were relatively minor and did not include any cases with overt neurotoxicity. The small number of cases
when compared to the estimated high usage of DEET was also reassuring, but it was agreed that there
were no precise data for the U.K. in this regard. It was noted that definitive data on exposure would be
included in the review being undertaken under the Biocides Products Directive (98/8/EC).

21. Following a request from the COT secretariat, the DJV submitted a poster presentation on post-market
biomonitoring data on DEET from the US. The National Registry of Human Exposure to DEET (DEET
registry) was operated from 1995 to 2001. It was devised to better understand the role of DEET in more
serious medical events. The DEET registry was a voluntary effort by 14 companies that either produce
DEET and/or market formulated consumer insect repellents. The presentation indicated that there were
over 5 billion applications of DEET during the 7 year span of the Registry and the authors found the
overall risk from DEET of clinically significant adverse events to be very low.

Epidemiology Studies

22. When the first review of DEET by COT was undertaken in 2002, the COT commented that no published
epidemiological studies of DEET exposure and adverse effects were available. Clinical investigation
studies from McGready et al., (2001) and Menon and Brown (2002) have since become available in
the literature.

23. McGready et al. (2001) undertook a study investigating the safety of DEET applied daily during the
second and third trimesters of pregnancy in a group of Thai women as part of a double-blind,
randomized, therapeutic trial of insect repellents for the prevention of malaria in pregnancy. The study
received approval from the Ethical Review Committee of the Faculty of Tropical Medicine of Mahidol
University, the Central Scientific Ethical Committee of Denmark, and the Karen Refugee Committee.
Subjects were randomly allocated to receive a daily target dose of either DEET and thanaka, a local
cosmetic (1.7 g of DEET and 3.2 g of thanaka) or thanaka alone (3.2 g of thanaka) until delivery. Women
were instructed to apply the treatment daily after the evening shower to the exposed areas of the arms
and legs. Apart from the sensation of skin warming with application of DEET, no significant adverse
effects for the mother or the fetus following daily use of DEET were observed. Survival, growth, and
neurological development in infants followed from birth up to one year of age did not differ from
infants whose mother received thanaka alone. Whilst the authors concluded that the results of their
study indicate little risk of DEET accumulating in the foetus and that DEET (20%) is safe to use in later
pregnancy, the committee did not agree with this conclusion. The committee concluded that the study
did not provide any information on the accumulation of DEET in the foetus and showed only that the
risk of any adverse outcome in pregnancy was low, under the conditions of the study.

Annual Report 2006

42



24. Menon and Brown (2002) conducted a cross-sectional survey on the use patterns of repellents on
children and the associated effects in Maryland campgrounds in 2002. The research protocol was
approved by the University of Maryland Institutional Review Board, and all parents of participants gave
informed consent. The study yielded 301 respondents (numbers of non-respondents not indicated).
DEET was the active ingredient used by most families. In only two instances (one case of eye irritation
through direct contact and one case of skin rash), were possible adverse reactions observed by the
parent within 24 hours of application of a repellent. In both cases, the repellent contained DEET.

25. Members stated that the available human studies were difficult to interpret but felt reassured that no
serious effects were observed in these studies following exposure to DEET.

Risk assessment based on animal studies

26. The Committee was aware that the DJV had proposed that risk assessment of DEET should be
undertaken on the basis of a comparison of Area Under the Curve (AUC) of DEET between dermal
application in humans at the 75th percentile exposure (1.5 g/day for males and 1.0 g/day for females for
the European population) and the NOAELs from subchronic dermal toxicity studies conducted with rats
and mini-pigs. This approach is different to the approach outlined previously by the DJV that risk
assessment could be undertaken on the basis of peak blood levels (Schoenig and Osimitz, 2001). The
Committee felt that in the absence of direct evidence to support the use of the AUC, it was prudent to
use peak blood levels for the risk assessment of DEET since an end point of acute neurotoxicity had
been demonstrated (in oral studies in rats and dogs). The NOAEL in dogs of an oral dose of 75 mg/kg bw
was agreed by the Committee in 2002 to be appropriate for use in the risk assessment and this was
concurred by the present Committee.

27. Conclusions from the COT risk assessment of DEET made in 2002 were that a risk assessment should be
undertaken on the basis of a comparison of peak plasma levels of DEET between dermal application in
humans at the 95th percentile exposure (i.e 3 g DEET/day in adult females and 4 g DEET/day in adult
males) and the NOAELs for neurotoxicity in rats and dogs. Quantitative comparison of the peak plasma
levels of DEET showed that levels were 33x higher in dogs and 16-34x higher in rats given oral doses
compared to dermal administration to humans. Members noted that there was no good marker of
effect to evaluate dose response for neurotoxicity but agreed that the approach of using peak plasma
levels of DEET was pragmatic and acceptable. However, members noted that, although toxicokinetic
data were available from the studies in sensitive animal species and for humans, an uncertainty
factor was still required for interspecies variability to take into account potential differences in
toxicodynamics. It was also noted that the number of human volunteers was small so an uncertainty
factor would be required to take into account inter-human variation. The Committee felt it was not
possible, based on the data at the time, to determine the appropriate Uncertainty Factor to use in risk
assessment but that it was likely to be between 10 and 100.
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28. The risk assessment of combined use of DEET and sunscreen (oxybenzone) was complicated. The DJV
had proposed the use of AUC kinetic data from piglets and toxicological data from the micro-piglet to
provide consistency of species. The kinetic AUC data from piglets was then compared to AUC data
from DEET exposure alone for humans at maximum predicted use levels (no data are available for co-
exposure of humans to DEET and oxybenzone). The kinetic data for humans was adjusted to take
account of differences in US and UK body weights and likely maximum use. A margin of safety (MOS)
assessment compared the AUC blood level for piglet dermal exposure at the NOAEL and human dermal
exposure based on blood level data adjusted for all UK adults was presented by the DJV. The DJV noted
that there were many assumptions and uncertainties in this approach but in their view the MOS values
were acceptable (see Table 1).

Table 1: Data from the DJV. Calculated Margins of Safety (MOS) for AUC blood level comparisons of
piglet dermal exposure at a NOAEL and human dermal exposure based on blood level data adjusted
for UK adults

29. The Committee commented that combined data on DEET and oxybenzone in animals might not be
completely appropriate for humans and noted that there were no relevant data for combined exposure
to sunscreen and oxybenzone available for humans.

COT Discussion

30. The COT was aware of data to update its 2002 review of DEET. This particularly related to post-market
monitoring and risk assessment of combined use of DEET and sunscreen. The COT was reassured with
regard to the data on the likely acute CNS effects in children and considered no further follow up of
data was required.

31. With regard to the risk assessment of DEET, the Committee concluded that the most appropriate
approach for DEET alone was a conservative one using peak blood levels. With regard to the use of
DEET and sunscreen the available approach suggested by the DJV needed additional human data on the
toxicokinetics of DEET following combined use with sunscreen and data on repeated exposure in
humans. The COT agreed these data requests should be forwarded to the UK regulatory authorities
(HSE) and the rapporteur for the BPD review when it became available.

Time (hours) MOS (AUC) 

DEET and oxybenzone DEET alone 

8 751 676 

24 536 433 
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Conclusions

The Committee agreed the following conclusions.

Regulatory control of insect repellents

32. The Committee was aware that DEET was currently being considered as part of a review scheme under
the Biocide Products Directive and that it would be possible that the COT updated statement could be
forwarded to the rapporteur Member State.

Animal toxicity data

33. Additional evidence for neurotoxicity and neuropathological lesions following repeated dermal
application of DEET to rats at comparatively low dose levels have been published since the 2002 review.
The Committee concluded in 2002 and again in 2006 that, in view of the potential methodological
problems with these studies, and difficulties in assessing the results, additional repeat neuropathology
studies were important in order to adequately assess the claimed effects. Members felt that industry
should be asked to consider commissioning appropriate research. However the balance of evidence
suggested that it was not appropriate to use the data from these studies for risk assessment until
further clarification of the studies is obtained.

Risk Assessment

34. The Committee concluded that the most appropriate approach for risk assessment of DEET alone was a
conservative one using peak plasma levels of DEET in experimental animals at the NOAEL and in
humans at the 95th percentile of exposure and this is in agreement with the conclusions reached by the
Committee in 2002. Further studies on the toxicokinetics following combined exposure to DEET and
sunscreen in humans were considered desirable in order to confirm the risk assessment which had been
submitted. The Committee requested that this information be made available to the appropriate
regulatory agencies, once the studies have been completed.

Evidence in humans

35. The Committee was reassured by the results of post-market monitoring of DEET for reports of adverse
effects associated with exposure to DEET, Human case reports, collated from information provided by
the National Poisons Information Service Centres (NPIS), the Hospital Episode Statistics (HES) and the
Hospital Accident Surveillance Scheme (HASS), indicated that the effects seen following exposure to
DEET were relatively minor and did not include any cases with overt neurotoxicity. The available
information from the US was also reassuring and suggested that any acute adverse effects following
normal use were very rare.

36. Since the 2002 review, two epidemiological/intervention studies of DEET exposure have been published.
The Committee agreed that these studies were difficult to interpret but felt reassured that no serious
effects were observed in the subjects following exposure to DEET.

37. The Committee noted the ongoing regulatory review under the BPD and agreed that future
consideration of DEET should be undertaken by the appropriate regulatory agencies.

COT/06/12 Statement
November 2006
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Meeting report on the development and function in adulthood of the human male
reproductive system – potential chemical-induced effects

Introduction

1. In August 2004, the Committee issued a statement on adverse trends in the development of the male
reproductive system focussing on the hypothesis that these effects were due to exposure to endocrine
disrupting chemicals at critical developmental windows1. At that time, although the evidence of
endocrine disruption in wildlife was convincing, the Committee noted that extensive international
reviews had not provided direct evidence that exposure to endocrine disrupting chemicals has
adversely affected the human male reproductive system.

2. One of the Committee’s recommendations was that a scientific meeting be held to review the evidence
of adverse trends in male reproductive health, which in 2004 was conflicting, particularly with regards
to sperm quality. Although not within the terms of reference of the COT, it was also considered
important that the mechanisms involved in the formation of developmental abnormalities be
investigated.

3. Male reproductive tract development is primarily driven by fetal testicular production of a number of
hormones and signalling factors2,3. Disturbance of this complex process, either by genetic mutation or
by pharmaceutical or environmental interference is hypothesised to result in disorders of male
reproductive health, including low sperm counts, hypospadias, cryptorchidism and testicular cancer.
These disorders are common in Western Europe, incidence may still be increasing4-7, and evidence
increasingly supports that all are interrelated symptoms of an underlying hypothesised pathology,
namely a testicular dysgenesis syndrome (TDS)8. However, low sperm counts, hypospadias,
cryptorchidism and testicular cancer may arise independently and there remains considerable
uncertainty regarding the etiology of TDS9.

4. In order to evaluate the evidence produced since this subject was last reviewed, in February 2006 the
COT held a one-day workshop on development and function in adulthood of the male reproductive
system. Presentations considered a range of topics, including cross-sectional and case-control studies of
sperm quality and congenital malformations, the TDS hypothesis, potential chemical causes of reported
effects, including cumulative effects of in utero exposure to anti-androgens and alternative hypotheses
to that of endocrine disruption. Although potential chemical causes of cancer fall within the remit of
the Committee on Carcinogenicity (COC) the inclusion of testicular cancer in the TDS hypothesis
required its consideration by the COT. Information from the talks and subsequent discussions is
summarised here. This statement is not a comprehensive review of the extensive scientific literature of
relevance to this topic.

Evidence of a trend towards lower sperm quality and counts

5. In 2004, the COT considered that, given the conflicting reports of significantly declining sperm 
counts10-17, the evidence was equivocal. It is likely that these differences were in part due to the fact
that some studies suffered from subject selection bias. In addition, the Committee noted that
measurement of the quality of human sperm (density, motility and morphology) was subject to a
number of sources of uncertainty, e.g. semen analysis methodological differences.
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6. In the International Study of Semen Quality in Partners of Pregnant Women, a coordinated cross-
sectional study of men across four European cities (Turku, Edinburgh, Paris and Copenhagen)18, significant
geographical differences in semen quality were detected. This study also detected seasonal variations in
sperm concentrations and total sperm counts highlighting the need for future prospective studies to
factor this into their design. The study population consisted of male partners (aged 20–45) of pregnant
women, inevitably not including infertile men and likely to under-represent sub-fertile men. However,
for these four cities, the data may be considered as a reference point for future studies on time trends
in semen quality.

7. The Study for Future Families (SFF) utilised a design consistent with the International Study of Semen
Quality in Partners of Pregnant Women18 and examined sperm quality and other reproductive
parameters in fertile couples in four cities in the north, east, west and south-central USA19,20. Sperm
concentration and motility were significantly lower in the Missouri cohort relative to the cohorts from
New York, Minneapolis and Los Angeles. The study authors hypothesised that the Missouri cohort’s
proximity to intensive agriculture using agricultural pesticides may relate to the poor sperm quality
characteristics and further conducted a nested case-control study within this cohort, measuring urinary
concentrations of eight pesticide metabolites. Pesticide metabolite levels were elevated in cases
compared with controls for the herbicides alachlor and atrazine and for the insecticide diazinon. The
association suggested to the study authors that exposure to current-use pesticides may have
contributed to the reduced sperm quality seen in fertile men.

8. The European Union-funded INUENDO Project (http://www.inuendo.dk) has recently published initial
findings from a cross-sectional study in pregnant women and their partners in Poland, Ukraine and
Greenland21. A cohort of Swedish fishermen and their spouses were included but recruited
independently of current pregnancy. An association between lipid adjusted serum concentrations of the
persistent organic pollutants (POPs) PCB-153 and p,p’-DDE and time to pregnancy, sperm motility and
morphology was investigated. A geographical difference between cohorts in fecundability compatible
with serum p,p’-DDE concentrations was identified. However, it was not possible for the study authors
to control for residual confounding given the differences in sample population demographics.

9. Following on from the Partners of Pregnant Women study18, a “historically prospective cohort study” of
Scottish male reproductive health was commissioned by the Department of Health (with involvement
of DEFRA and HSE). Two of the aims of this study are:

• To obtain a 1999-2000 estimate of (i) exposures to various factors suspected to adversely affect
sperm quality and (ii) sperm quality, and of any association between these.

• To distinguish the effects of parental exposures (intra-uterine and perinatal effects mediated through
maternal diet, smoking and potentially exposure to environmental chemicals) and direct effects (adult
exposures and lifestyle such as smoking, scrotal heating and exposure to defined testicular toxicants),
using a matched pairs design to study twin births.

This study is yet to report its main findings, but it would appear that gaining and meeting the terms of
the ethical approval for this study proved a significant obstacle, and impacted negatively on the
achieved response rate. However, when complete, data comparison with historical data for Scottish
males18,22 should provide an indication of sperm and semen quality trends in this population.
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Testicular cancer and congenital genital malformations (cryptorchidism and hypospadias)

10. An increasing trend in the incidence of testicular cancer has been shown in Northern and Western
Europe23-26, Canada27,28, New Zealand29, Australia30 and the US31,32. This was recently confirmed for
northern European countries in an investigation using cancer registry data, although this study also
highlighted large geographical variations and an attenuated incidence trend in Sweden from the early
1990s5. In this, and other studies23,27,31,32, the increasing incidence of testicular cancer closely correlated
with year of birth, i.e. a birth cohort phenomenon.

11. Cryptorchidism (undescended testis) is the best characterised and numerically most important risk
factor for testicular cancer33-35, but the etiologic fraction (proportion of cases of testis cancer explained
by cryptorchidism) is only around 10% and cannot explain the observed temporal trends. Previous
investigations and studies have consistently shown an increased risk of testicular cancer among fathers
and brothers of testicular cancer patients36-38. Potentially relevant gene loci have been identified by
association studies39, segregation analysis40, linkage, and microsatellite analysis41,42. Recently, a
population-based case-control study in Germany showed that testicular cancer aggregates in families43.
However, the study authors noted that such studies on familial disease aggregation require careful
interpretation in order to attribute disease accumulation to genes when lifestyle, environmental factors
and sibship sharing gestational characteristics are shared by family members.

12. Cryptorchidism and hypospadias (abnormally placed urethral meatus) are common congenital
abnormalities. However, determining whether reported increases in incidence of these abnormalities are
real has been confounded by differences in diagnostic criteria. Cryptorchidism has an established
association with hypospadias44.

13. In general, registry data on hypospadias are not reliable and not comparable between countries, and
often cryptorchidism is not listed in registries of malformations. This was highlighted by a retrospective
study in the Netherlands45 that, using a carefully structured diagnostic procedure, reported a 0.7%
incidence of hypospadias whereas the registry data for the same region reported a 4- to 6-fold lower
incidence.

14. A significant increase in the incidence of cryptorchidism in the UK from the late 1950s to late 1980s was
determined following time-trend analysis of two well-standardised and clearly reported studies46,47.

15. Notable differences in semen quality between Denmark and Finland, with Denmark having poorer
reproductive health18,48, led researchers to undertake a synchronised and standardised cohort study to
investigate the prevalence of congenital cryptorchidism in Denmark and Finland6. Significantly,
researchers used the examination technique and definition of cryptorchidism developed by Scorer46

allowing direct comparison of results with previous studies in the UK46,47 and Lithuania49. Boisen and
colleagues6 reported a marked increase in the birth prevalence of cryptorchidism in Danish boys with
normal birthweight (1.8% in 1959-61 compared to 8.5% in 1997-01). In addition, prevalence was four-fold
higher in Denmark than Finland, which corresponds to a high incidence of testicular cancer in Danish
men and a prevalence in Finnish men that is amongst the lowest in Europe23,24.
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16. In terms of hypospadias, the joint prospective cohort study of Finnish and Danish boys (recruited 1997-
1999 and 1997-2002, respectively)6,7 also showed significant differences in prevalence of hypospadias
between the two cohorts7. A 1% birth-rate of hypospadias in the Danish cohort was detected which
compared to a significantly lower rate of hypospadias (0.27%) in the Finnish cohort study. The etiology
of hypospadias remains unclear, although this study suggested associations between hypospadias and
fetal growth impairment, and hypospadias and elevated serum FSH levels at 3 months of age.

17. In rodents, as perineal growth is dihydrotestosterone-dependent, anogenital distance (AGD) is a
sensitive intermediate endpoint of anti-androgenic effects. Its measurement is included in the OECD
Two-generation Reproductive Toxicity Test Guideline (TG 416). This measure of prenatal anti-androgen
exposure has only recently been evaluated in human infants50, and shown to be, as in rodents, sexually
dimorphic and about twice as long in males as in females. A recently published study of AGD among
human infants51 reported shortened AGD and impaired testicular descent in boys whose mothers had
elevated levels of prenatal phthalate exposure. The authors acknowledged that the reliability of AGD
measurement in humans has not been established and the impact of shortened AGD at birth to male
reproductive health in adulthood is unknown.

Testicular dysgenesis syndrome

18. The testicular dysgenesis syndrome hypothesis arose out of the findings that human male reproductive
disorders in babies (cryptorchidism, hypospadias) or in young men (testis cancer, low sperm counts) are
interrelated. This hypothesis proposes that maldevelopment (dysgenesis) of the fetal testis results in
hormonal or other malfunctions of the testicular somatic cells, which in turn predispose to the
disorders that comprise TDS.

19. A recent review52 highlighted the evidence in support of the TDS, in particular for cryptorchidism,
hypospadias and low sperm counts, identifying the points of vulnerability to endocrine disruption. For
testicular cancer, although it is postulated that failure of normal differentiation of fetal germ cells and
their subsequent conversion to pre-malignant carcinoma-in-situ (CIS) cells is involved, the mechanisms
are not fully established.

20. Considerable research effort has sought to establish causal links between TDS and environmental
chemicals with endocrine disrupting properties. However, it has also been proposed that
epidemiological evidence supports a contribution of environmental and genetic components53,54.
Within this proposal is the hypothesis that exposure to a toxic agent would lead to a mutation, genetic
damage or epigenetic process that increases the risk of one or more endpoints of TDS55. Survival of the
mutation in subsequent generations will be dependent on its effect on health and fertility, and
behavioural factors such as family size. However, candidate chemicals that fit into this hypothesis have
yet to be identified.

21. A TDS-like pattern of disorders can be induced in male rodents by exposure in utero to high doses of
certain phthalate esters56-62. This shows some clear parallels with human TDS (cryptorchidism,
hypospadias, low sperm counts/low fertility, areas of focal dysgenesis and Sertoli cell-only tubules in
the testis) including the relationship of these disorders to malfunction of the somatic cells of the fetal
testis, which is hypothesised to underlie human TDS. For example, using dibutyl phthalate (DBP) it has
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been shown that in utero exposure induced focal dysgenesis in the rat testis by inducing aberrant
migration/aggregation of Leydig cells in fetal life. This manifests in adult animals as focal dysgenetic
areas, intratubular Leydig cells and focal occurrence of Sertoli cell-only tubules. However, so far, no
animal model has been able to mimic all the symptoms of TDS, i.e. including testicular germ cell
tumours (TGCTs), although CIS-like cells have been found in a spontaneous testicular neoplasm in a
rabbit63,64. Although anti-androgens are able to reproduce the TDS-like changes in rodent testis, it
remains to be established whether any associations between the symptoms of TDS in humans and
exposure to external chemicals can be detected and are causal. The phthalate model of TDS in rodents
offers the possibility to study the mechanisms that lead to TDS disorders. Although phthalates could
theoretically contribute to TDS disorders in humans these studies cannot be regarded as providing
evidence that phthalates cause TDS in humans.

Male reproductive system disorders and chemical exposure

22. Following the initial reports, in the early 1990s, of declining male reproductive capacity, Sharpe and
Skakkebaek65 redefined the ‘estrogen hypothesis’ originally proposed for testicular cancer66-68, to
implicate altered prenatal estrogen exposure in the increasing incidence of other male reproductive
abnormalities.

23. It has been established that administration of diethylstilbestrol (DES; a potent synthetic estrogen) to
pregnant women and rodents causes male reproductive tract malformations69,70. These effects were
observed at pharmacologically active doses of DES. Such exposures may have little relevance to
potential exposures to estrogens occurring in the environment, which are significantly less potent than
DES and present only at low concentrations. As such, although evidence from animal studies shows that
potent estrogens are capable of inducing the phenotype of TDS, the concentrations of less potent
environmental estrogens required to induce such effects has brought into question whether estrogen
exposure is an etiological factor in inducing TDS71. In fact, a recent review of published epidemiological
studies of male reproductive disorders and prenatal indicators of estrogen exposure72, found, with the
exception of testicular cancer, no strong evidence to indicate that prenatal exposures to estrogens are
linked to disturbed development of the male reproductive organs. However, some estrogenic chemicals
(e.g. bisphenol A and nonylphenol) have been shown to also exhibit anti-androgenicity in vitro73,74 and
in vivo75 and it may be their anti-androgenic properties that are of importance.

24. The original hypothesis proposed (i) suppression of follicle stimulating hormone (FSH) secretion and (ii)
impaired Leydig cell development as plausible mechanisms via which estrogen exposure could induce
these disorders65. However, new findings implicating (i) suppression of testosterone and insulin-like
factor 3 production, and (ii) inhibition of androgen receptor expression point towards the male
reproductive disorders being caused by chemicals exhibiting anti-androgenic rather than estrogenic
properties71. Genetic disorders affecting normal androgen production and action in fetal life (e.g.
complete androgen-insensitivity syndrome) provide support for this hypothesised role of anti-androgens.

Cumulative exposure to similarly acting anti-androgens

25. Anti-androgenic phthalate esters, such as dibutyl phthalate, induce cryptorchidism, hypospadias,
impaired spermatogenesis, and reduce male fertility in rats56-59,61. Although these findings have been
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supported by the recent development of a possible animal model for TDS60, whether the level of
environmental exposure to any single anti-androgen is sufficient to impact on human male reproductive
health is questionable76. However, in practice, exposure is to multiple anti-androgenic chemicals, never
to single agents, and this has motivated research into the question as to whether several anti-androgens
are capable of acting together.

26. Researchers have begun to investigate the effects of binary mixtures of anti-androgens in order to
establish whether cumulative effects are additive and predictable on the basis of knowledge of the
dose-response relationships of the individual mixture components77-79. Endpoints that have been shown
to be sensitive and relevant in rodents are anogenital distance, retained nipples, sex accessory organ
weight and reproductive tract malformations. Results from these studies have largely indicated that joint
effects are predictable and dose additive77, even for two chemicals with apparently different
mechanisms of action78.

27. In addition, the COT was informed about ongoing in vivo studies with multi-component mixtures (with
between three and seven chemicals) investigating whether joint effects occur when each individual
mixture component is present at concentrations below that which induces a detectable effect (Hass, U.
and Gray Jr, L.E.; personal communications). These studies have been designed to not only assess
mixtures of chemicals shown to have common mechanisms of action but to also specifically investigate
mixtures of chemicals which act via different mechanisms to induce the same toxicological effect.
Interestingly, data on AGD in rats from experiments combining seven anti-androgens with various
mechanisms of action indicate that joint effects are dose additive (simple similar action) rather than
response additive (simple dissimilar action)80. If these findings are confirmed then this might indicate the
need to review the current assumptions relating to risk assessment of mixtures of chemicals with
dissimilar mechanisms of action.

COT Discussion

28. The new epidemiology studies reported since the COT issued its statement on adverse trends in
development of the male reproductive system, including those presented at the COT one-day
workshop, provide further evidence that male reproductive health is declining in some populations.
However, causal associations in humans have not been established, and in fact, it should be noted these
studies were not designed to provide such evidence. The report that anogenital distance (the most
sensitive marker of anti-androgen action in studies in rodents) is shortened and testicular descent
impaired in human male offspring of mothers with elevated prenatal phthalate exposure51 was
considered of interest. The Committee agrees with the study authors assertion that follow-up of this
cohort into adulthood, as well as confirmation of these findings in a significantly larger cohort, is
necessary before any conclusions of regulatory relevance can be drawn. The COT would further
recommend analysis of possible confounding factors (in addition to ethnicity and diet) and whether
phthalate exposure is a marker of mixed chemical exposures.

29. The COT noted that in Europe new legislation on ethical approval for human epidemiological studies
was likely to make conducting studies on semen quality and congenital genital malformations
unfeasible. Considering the importance of monitoring trends in these endpoints and the need to
establish any causal associations, the Committee would encourage changes to legislation that would
facilitate the undertaking of such studies in the future.
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30. The high quality animal studies reported at the workshop were considered to be identifying plausible
mechanisms of action. In particular, the Committee agreed that the hypothesised causative role of
exposure to anti-androgenic chemicals, supported by the data being produced in animal models, was
more plausible than that postulated for environmental estrogenic chemicals.

31. The Committee awaits the publication of results from the ongoing studies in rats of multi-component
mixtures of similarly acting and mixtures of dissimilarly acting anti-androgens where individual
chemicals are administered at doses more relevant to the human exposure situation than previously
published high-dose studies. It remains to be seen whether the tools used in these studies will be useful
for risk assessment of chemicals that cause a common effect. Initial indications from these studies on
the effects of binary mixtures of chemicals with the same mode of action support the default
assumption of dose additivity, previously recommended by the COT81,82. Studies of mixtures of
dissimilarly acting anti-androgens will add significantly to understanding of their joint action and how to
conduct risk assessments of such chemicals. The COT supports the continued research on characterising
dose-response relationships for mixtures of anti-androgens. Analysis of these studies may require a
more detailed understanding of the toxicokinetics of these chemicals.

32. Even though a clear link between experimental data and epidemiology is still missing, it was considered
that the new data continue to emphasise the importance of this area of research, the need to actively
investigate causation and for risk assessment to incorporate consideration of potential for combination
effects.
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Statement on a commercial survey investigating the occurrence of disinfectants and
disinfection by-products in prepared salads

Introduction

1. Wash aids, such as those employed by salad manufacturers, were first discussed in February 2005 due
to the concern about the potential generation of by-products on or in foods as a result of the use of
chlorine-based disinfectant wash-aids. There is currently a lack of information in the scientific literature
on the formation of such by-products.

2. In June 2006, the Food Standards Agency (FSA) received the results of a study conducted on behalf of
the Fresh Prepared Salads Producer Group, investigating the occurrence and formation of disinfectants
and disinfection by-products in prepared salads.

3. The Fresh Prepared Salads Producer Group study is not extensive but is the only available survey of the
occurrence and formation of disinfection by-products in prepared salads. The COT was asked to
consider the results of this study, in order to allow the FSA to formulate the appropriate consumer
advice on the safety of wash aids and to consider whether further work is necessary.

Background

Chlorine wash aids

4. Chlorine washes can currently be used for non-organic fruit and vegetables in the UK provided they
meet the legal definition of a processing aid, i.e. they should not perform a function in the final product
and should leave no residues that present a health risk. It is the responsibility of producers to ensure
food is not injurious to health. Because legislation on processing aids has not yet been harmonised in
the European Union, national legislation applies and processing aids legally used in the UK may not be
permitted in other countries and vice versa.

5. UK water supplies contain no more than 1 mg/L of free residual chlorine and typically contain less than
0.5 mg/L (WHO, 2003). Chlorine is added to water as either gaseous chlorine (Cl2) or hypochlorite (OCl-).
Chlorine washes are typically employed post-harvest to remove debris and dirt; to reduce microbial
contamination; and to retain optimal appearance once packaged (Baur et al., 2005; Delaquis et al., 2004;
and Ong et al., 1996). The procedure for salad washing varies around the world and between producers,
but in the UK typical hypochlorite wash practices involve a 1 to 2 minute washing time with 15-20 mg/L
free chlorine, as measured at the end of the wash system (personal communication, Bakkavor (Geest)).
Following thus, the wash process generally incorporates a final rinse in chilled water with 2-4 mg/L free
chlorine or in mains water, followed by a spin cycle to remove excess water.

6. Safety considerations for foods such as prepared salads most frequently focus on microbiological risks.
However, concerns have occasionally been expressed about the potential generation of by-products on
or in foods as a result of the use of chlorine-based disinfectants as wash aids.

 



Generation of disinfection by-products

7. Reaction of chlorine-based disinfectants with organic matter in water can result in the formation of a
number of by-products, including trihalomethanes, haloacetic acids, haloacetonitriles, haloketones,
chloral hydrate and chloropicrin. The presence of bromide can lead to brominated and mixed
chlorinated/brominated compounds. Ozonation can lead to non-halogenated by-products, such as
aldehydes (e.g. formaldehdye), ketoacids and carboxylic acids.

8. In November 2004 the COT reviewed evidence for associations between chlorinated disinfection by-
products and adverse reproductive outcomes (statement available at:
http://www.advisorybodies.doh.gov.uk/cotnonfood/chlorination.htm). The COT concluded that the data
evaluated did not show a causal relationship between chlorinated drinking water and adverse pregnancy
outcomes. However, the COT did recommend further research, particularly prospective studies, to
reduce uncertainties in the interpretation of reported associations between patterns of drinking water
intake and the incidence of adverse reproductive outcomes. This is the first time the COT has been
asked for advice on other possible effects of disinfection by-products.

9. Similar by-products may be produced in or on foods treated with chlorine-based disinfectant wash-aids.
There is no published research investigating the occurrence and formation of disinfectants and
disinfection by-products in prepared salads. As such, there is generally a lack of information on
exposure to disinfection by-products in pre-packed foods.

Future trends

10. The FSA has been informed that many salad manufacturers are now using water treated by other
processes; and it is anticipated that within the next two years, all salad manufacturers will have moved
away from chlorination wash processes (personal communication, Bakkavor (Geest)). Current alternative
wash options include borehole/spring water (only relevant where producers have ‘unlimited’ access to
water), peracetic acid and products based on extracts of citrus fruits.

Toxicology of chlorinated by-products

11. In 2000, IPCS reviewed the formation and risk characterisation for disinfection by-products in drinking
water (IPCS, 2000). The evidence was either insufficient or inconclusive to support a link between
bladder and colon cancer and long-term exposure to chlorinated drinking water, trihalomethanes or
chloroform. In addition, they found no increased risk of cardiovascular disease or adverse pregnancy
outcomes associated with chlorinated water (IPCS, 2000).

12. The International Agency for Research on Cancer (IARC) has evaluated a number of drinking water
disinfectants and contaminants (IARC, 1991, 1999 and 2004). These include: chloramine, trichloroacetic
acid and sodium chlorite (Group 3, not classifiable as to their carcinogenicity to humans); and
dichloroacetic acid, potassium bromate and chloroform (Group 2B, possibly carcinogenic to humans).
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13. The World Health Organization (WHO) has similarly evaluated a number of disinfectants and
disinfection by-products in the 3rd edition of the Guidelines for Drinking Water Quality (2003). Tolerable
daily intakes (mg/kg body weight/day) have been derived for: chlorite (30), chlorate (30), total chlorine
(150), chloramine (94), chloroform (15), and trichloroacetic acid (32.5).

Fresh prepared salads producer group’s study

14. Members of the Fresh Prepared Salads Producer Group, which include Bakkavor (Geest), Nature’s Way
Foods, Vitacress Salads, Florette and Kanes Foods, recently carried out a programme of testing to
identify which, if any, by-products were present in prepared bagged salads and to re-confirm the safety
of their products (personal communication, Bakkavor (Geest)). The programme of testing was managed
by Bakkavor (Geest) and performed by ALcontrol Laboratories in early 2005. It represents a limited,
initial study; and was neither influenced nor funded by the FSA.

15. The testing programme involved analysing a range of prepared salads, purchased from various retail
outlets for the presence of specific disinfectants and disinfection by-products; i.e. various types of
prepared salads from a number of manufacturers were tested. Although not a comprehensive study, the
selection of salads was reported to be random and representative of the UK salad market. The range of
potential disinfectants and by-products analysed for, included: chlorite, chlorate, bromate, free and total
chlorine, chloramine, chloroform, total trihalomethanes, trichloroacetic acid (TCA) and dichloroacetic
acid (DCA).

Test method

16. The test method was devised by ALcontrol Laboratories and involved steeping the salad in water,
followed by testing of the leachate. The laboratory considered that the simple molecules being sought
were most likely to be readily leachable from the surface of the leaves. In addition, they suggested that
releasing the plant cellular material could lead to complex reactions with some of the analytes and
possibly lead to loss of volatile analytes. In order to simulate consumer exposure, bagged salads were
purchased off the shelf, refrigerated overnight and tested following addition of 300ml to every 100g bag
and a one hour agitation. This 3:1 (water:leaf) ratio was established as the most suitable method,
following a series of trial tests with different ratios. It should be noted that this was an empirical
method, deemed to be the most suitable at the time, providing adequate detection limits whilst
preventing break-up and break-down of the salad leaves.

Test results

17. The results are presented in Table 1 as mg chemical/kg lettuce salad. In the majority of samples tested,
the levels detected were low enough to comply with drinking water standards. In one exception, the
combined level of trichloroacetic acid and dichloroacetic acid (83.3 mg/kg) exceeded the 60 mg/L
permitted by US drinking water regulations for total haloacetic acids (in this case, there are no UK
Regulations). However, in all samples, all compounds analysed were within the WHO Guidelines for
Drinking Water Quality, where available. In addition, for all samples, estimated ingestion of each
compound, based on salad consumption data, was at least several orders of magnitude lower than
tolerable daily intakes set by WHO (Table 2).

63



Annual Report 2006

64

Th
e

ta
bl

e
of

re
su

lt
s

pr
es

en
te

d
be

lo
w

ha
s

be
en

pr
ov

id
ed

by
th

e
st

ud
y

gr
ou

p
fo

r
th

is
st

at
em

en
t.

Va
rio

us
dr

in
ki

ng
w

at
er

re
gu

la
tio

ns
ha

ve
be

en
in

cl
ud

ed
in

th
e

ta
bl

e
fo

r
co

m
pa

ris
on

.

Ta
bl

e
1:

Re
su

lt
s

fo
r

di
si

nf
ec

ta
nt

s
an

d
di

si
nf

ec
ti

on
by

-p
ro

du
ct

s
m

ea
su

re
d

in
12

sa
m

pl
es

of
pr

ep
ar

ed
sa

la
ds

Th
e

‘le
ss

th
an

’(
<

)v
al

ue
s

re
pr

es
en

t
lim

its
of

de
te

ct
io

n.
Th

es
e

m
ay

va
ry

be
tw

ee
n

sa
m

pl
es

be
ca

us
e

th
is

w
as

a
no

n-
st

an
da

rd
m

et
ho

d
th

at
ha

d
ne

ve
r

be
en

ru
n

be
fo

re
an

d
as

su
ch

,t
he

se
lim

its
of

de
te

ct
io

n
w

er
e

es
tim

at
ed

.

W
he

n
th

is
st

ud
y

w
as

co
nd

uc
te

d,
th

e
2nd

ed
iti

on
of

th
e

W
H

O
G

ui
de

lin
es

fo
r

D
rin

ki
ng

W
at

er
Q

ua
lit

y
(19

93
)w

er
e

in
op

er
at

io
n.

H
ow

ev
er

,t
he

3rd
ed

iti
on

of
th

e
G

ui
de

lin
es

(2
00

3)
ha

s
si

nc
e

be
en

pu
bl

is
he

d;
an

d
he

nc
e

bo
th

th
e

19
93

an
d

20
03

gu
id

el
in

e
va

lu
es

ar
e

pr
ov

id
ed

in
th

e
ta

bl
e

be
lo

w
(w

ith
th

e
20

03
gu

id
el

in
e

va
lu

es
in

br
ac

ke
ts

).

C
hl

or
ite

[m
g/

kg
]

C
hl

or
at

e
[m

g/
kg

]
Br

om
at

e
[m

g/
kg

]
Fr

ee
ch

lo
rin

e
[m

g/
kg

]
To

ta
l

ch
lo

rin
e

[m
g/

kg
]

C
hl

or
am

in
e

[m
g/

kg
]

C
hl

or
of

or
m

[m
g/

kg
]

To
ta

l
TH

M
s

[m
g/

kg
]

TC
A

[m
g/

kg
]

D
C

A
[m

g/
kg

]

U
K

D
rin

ki
ng

W
at

er
Li

m
it,

20
00

70
0

10
10

0

U
S

D
rin

ki
ng

W
at

er
Li

m
it,

20
04

10
00

10
40

00
80

60

U
S

m
ax

.l
im

it
fo

r
dr

in
ki

ng
w

at
er

sy
st

em
s

40
00

W
H

O
G

ui
de

lin
es

fo
r

D
rin

ki
ng

W
at

er
Q

ua
lit

y,
19

93
(2

00
3

va
lu

es
in

br
ac

ke
ts

)
20

0
(7

00
)

n/
a

(7
00

)
25

(10
)

50
00

(5
00

0)
30

00
(3

00
0)

20
0

(3
00

)
10

0
(2

00
)

50
(5

0)

Sa
m

pl
e

1
<

20
0

<
30

0
<

6.
0

70
0

70
0

<
50

0
<

10
<

10
<

2.
4

<
4.

0

2
<

20
0

<
30

0
<

6.
0

70
0

70
0

<
50

0
<

10
<

10
<

2.
4

<
4.

0

3
<

20
0

<
30

0
<

6.
0

50
0

50
0

<
50

0
<

10
<

10
<

2.
4

<
4.

0

4
<

20
0

<
30

0
<

6.
0

<
50

0
<

50
0

<
50

0
<

10
<

10
<

2.
4

12

5
<

20
0

<
30

0
<

6.
0

10
00

10
00

<
50

0
<

10
<

10
15

.6
<

4.
0

6
<

20
0

<
30

0
<

6.
0

<
50

0
<

50
0

<
50

0
<

10
<

10
23

.2
7

7
<

20
0

<
30

0
<

6.
0

<
50

0
<

50
0

<
50

0
<

10
<

10
4.

5
<

4.
0

8
<

20
0

<
30

0
<

6.
0

<
50

0
<

50
0

<
50

0
<

10
<

10
2.

7
<

4.
0

9
<

20
0

<
30

0
<

6.
0

80
0

90
0

10
0

16
16

51
.3

32

10
<

20
0

<
30

0
<

6.
0

<
50

0
<

50
0

<
50

0
<

10
<

10
5.

9
<

4.
0

11
<

30
0

<
30

0
<

30
0

<
10

<
10

<
2

<
2

12
<

30
0

<
30

0
<

30
0

<
10

<
10

3.
4

9.
6

Sa
m

pl
es

ex
ce

ed
in

g
lim

it
0

0
0

0
0

0
0

0
1



Table 2: Estimated intakes of each compound for average and extreme cases of salad consumption

1 World Health Organization Tolerable Daily Intake (TDI), where available, expressed as mg compound per kg body weight per day (WHO, 2003).
2 Although this value represents an average of the 10-12 samples tested, it is affected by a large number of non-detect values; and therefore is upper

bound and represents an over-estimation.
3 Calculated on a mg/kg body weight/day basis, assuming a 60 kg adult and salad consumption levels of 12.9g/day for an average adult consumer or

48.3g/day for a 97.5th percentile adult consumer. The high intake level was taken from the 1993 Vegetarian’s survey as intakes for vegetarians are
slightly higher than for the general population (MAFF, 1996). The average intake level was taken from the 2000-2001 NDNS survey (Henderson et al.,
2002).

COT Conclusions

18. Members noted that in a 150g bag of salad, there would be less chlorine and chlorination by-products
than is permissible in a 250 ml glass of tap water.

19. Members agreed that the results from this study did not indicate any cause for concern with respect to
the presence of chlorination by-products in prepared salads.

20. Given the current trend away from chlorination processes, Members agreed that there is no need for
the generation of additional data to confirm the results of this commercial study. However, the new,
alternative wash options will need to be kept under review in the future.

Compound WHO TDI 
(mg/kg bw/day)1

Maximum average
concentration

in salad 
(mg/kg salad)2

Amount ingested based on salad 
intake data (mg/kg bw/day)3

Average adult
consumer

High level adult
consumer

Chlorite 30 <200 0.0429 0.1611

Chlorate 30 <300 0.0644 0.2416

Bromate – <6 0.0013 0.0048

Total Chlorine 150 <575 0.1234 0.4631

Chloramine 94 <433 0.0930 0.3487

Chloroform 15 <10.5 0.0023 0.0085

Total Trihalomethanes – <10.5 0.0023 0.0085

Trichloroacetic acid 32.5 <9.85 0.0021 0.0079

Dichloroacetic acid – <7.55 0.0016 0.0061
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Statement on organic chlorinated and brominated contaminants in shellfish, farmed
and wild fish

Introduction

1. The Food Standards Agency has recently completed two surveys that analysed 47 species of farmed and
wild fish and shellfish consumed in the UK to determine the concentrations of a number of organic
contaminants:

i) Polychlorinated dibenzo-p-dioxins (PCDDs), polychlorinated dibenzofurans (PCDFs) and
polychlorinated biphenyls (PCBs); and

ii) Brominated flame retardants (BFRs), i.e. polybrominated biphenyls (PBBs), polybrominated diphenyl
ethers (PBDEs), hexabromocyclododecane (HBCD) and tetrabromobisphenol A (TBBPA) as well as
polybrominated dibenzo-p-dioxins (PBDDs) and polybrominated dibenzofurans (PBDFs) which occur as
contaminants in brominated organic chemicals.

2. The Committee was invited to consider the data and advise on whether they form a basis for the Food
Standards Agency to amend its advice on fish consumption. The Agency’s current advice on fish
consumption is based upon the report of the Scientific Advisory Committee on Nutrition (SACN) and
the COT review ‘Advice on fish consumption: benefits and risk’, published in 20041. Data on the
concentrations of PBDDs, PBDFs and PBBs in fish consumed in the UK have not been available for
consideration previously.

Dioxins and dioxin-like organic contaminants

Polychlorinated dibenzo-p-dioxins, dibenzofurans and dioxin-like PCBs

3. Dioxins, a group of 75 PCDD and 135 PCDF congeners, are persistent organochlorine compounds that are
widely dispersed environmental contaminants and accumulate in fatty foods. Dioxins can be formed as
a result of thermal reactions and as trace contaminants in the synthesis of some chemicals and some
industrial processes.

4. PCBs are persistent organochlorine chemicals that are no longer manufactured, but may be released to
the environment during disposal of materials and obsolete electronic equipment. Twelve non-ortho or
mono-ortho PCBs, of the 209 theoretically possible PCB congeners, exhibit similar biological activity to
dioxins and are, therefore, referred to as dioxin-like PCBs.

5. Exposure of the general population to dioxins and dioxin-like PCBs is primarily from food2,3. The
estimated exposures from the UK Total Diet Study samples for all age groups have declined
substantially over the past 2 decades3. Based on occurrence and consumption in 2000/1, the most
recent estimates of dietary exposure were in the region of 0.8 and 1.6 pg WHO-TEQ/kg bw/day for
average and 97.5th percentile consumers 1.
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Previous COT evaluations

6. In 2001, COT set a TDI of 2 pg WHO-TEQ/kg bw/day† to protect against the most sensitive effect of
dioxins. This is considered to be impaired development of the fetal male reproductive system, caused
by fetal exposure in utero and correlated with the maternal body burden of dioxins 3.

7. SACN/COT1 considered risks and benefits of consuming more oily fish than the recommended “at least
two portions of fish per week, one of which should be oily.” They recommended that in considering fish
consumption the TDI of 2 pg WHO-TEQ/kg bw/day should be applied to women of reproductive age
and girls, the most susceptible subgroup, by virtue of exposure of fetuses that they might bear. Other
populations, particularly women past child-bearing age and men, are not at risk of the developmental
effects and are likely to be less susceptible to dioxin toxicity. The most sensitive and relevant non-
developmental effect was considered to be increased cancer risk. An alternative safety guideline level
of 8 pg WHO-TEQ/kg bw/day was proposed for these groups to be used to indicate a long term average
intake that would not be expected to be associated with an increase in cancer risk.

8. Together with the nutritional advice the guideline ranges for oily fish consumption were:

• Women of reproductive age and girls should aim to consume within the range of one to two portions
of oily fish a week, based on maintaining consumption of dioxins and dioxin-like PCBs below the
tolerable daily intake (TDI) of 2 pg WHO-TEQ/kg bodyweight per day.

• Women past reproductive age, boys and men should aim to consume within the range of one to four
portions of oily fish a week, based on maintaining consumption of dioxins and dioxin-like PCBs below
the guideline value of 8 pg WHO-TEQ/kg bodyweight per day.

9. In order to avoid providing over-complicated instructions that could be a deterrent to fish consumption
as a whole, the general guidelines on fish consumption were based on an overview of the
concentrations of contaminants previously detected in a range of commonly consumed fish4,5,6.

Non-dioxin-like PCBs

10. A recent EFSA evaluation concluded that the simultaneous exposure to non-dioxin-like PCBs and dioxin-
like compounds hampers the interpretation of the results of the toxicological and epidemiological
studies. The data were insufficient to set tolerable intake levels and it was recommended that
continued effort to lower the levels of non-dioxin-like PCBs in food is warranted
(http://www.efsa.eu.int/science/contam/contam_opinions/1229_en.html).
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† Toxicity Equivalency Factors (TEFs) allow concentrations of the less toxic dioxin-like compounds (16 PCDDs/PCDFs and 12 PCBs) to
be expressed as a concentration equivalent to the most toxic dioxin 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD). These toxicity-
weighted concentrations are then summed to give a single value, which is expressed as a Toxic Equivalent (TEQ). The system of
TEFs used in the UK and a number of other countries is that set by the World Health Organisation (WHO), and the resulting overall
concentrations are referred to as WHO-TEQs.



Polybrominated dibenzo-p-dioxins, polybrominated dibenzofurans and dioxin-like polybrominated
biphenyls

11. A group of substances that have been found as contaminants in brominated organic chemicals, in
particular BFRs, are the PBDDs and PBDFs. PBDDs/PBDFs are structurally closely related to chlorinated
dioxins and furans. They are not intentionally produced (except for scientific purposes) but, as with
dioxins, are generated as undesired by-products in various processes. They can be formed by chemical,
photochemical, or thermal reactions from precursors. In experimental animal models, exposure to
PBDDs or PBDFs is reported to result in many of the effects typical for the chlorinated dioxins.

12. Theoretically, 75 PBDDs and 135 PBDF congeners are possible, and as with the chlorinated analogues the
most toxic congeners are reported to be those substituted at the 2, 3, 7, and 8 positions7. In
experimental animal models, PBDDs and PBDFs are reported as producing the classic effects
demonstrated for the chlorinated dioxins and furans. These include lethality, wasting, thymic atrophy,
teratogenesis, reproductive effects, chloracne, immunotoxicity, enzyme induction, decreases in T4 and
vitamin A, and increased hepatic porphyrins. TCDD-like responses have also been measured in vitro,
including enzyme induction, anti-estrogenic activity in human breast cancer cells, and transformation of
mouse macrophages into tumour cells7.

13. Additionally, limited toxicokinetic data for the brominated dioxins and furans indicate that the half-lives
in rats are similar to those of their chlorinated analogues8,9,10. The vast majority of data are for the
2,3,7,8-tetrabrominated dioxin and furan, which are considered to be the most toxic. Golor and
colleagues compared the kinetics of three pairs of corresponding polychlorinated and polybrominated
dioxins and furans in Wistar rats monitored for ninety five days following a single dose (subcutaneous
injection)9. Elimination rates from the liver and adipose tissue of both the 2,3,4,5,8-penta-chloro- and
bromo-dibenzofuran congeners were similar, and the same was also the case for the 1,2,3,7,8-penta-
chloro- and bromo-dibenzo-p-dioxin congeners. However, in the case of the 2,3,7,8-tetrahalogenated
dibenzofurans, the chlorinated congener was rapidly eliminated from liver and adipose tissue in the rat,
whereas the brominated congener was much more slowly eliminated from both tissues.

14. Both 2,3,7,8-TBDD and 2,3,7,8-TBDF are developmental toxicants in mice at subcutaneous and oral doses
that do not produce maternal toxicity or fetal mortality. The LOAELs (in mg/kg bw) for hydronephrosis
and cleft palate after a single oral dose to pregnant mice on gestation day 10 were, respectively, 3 and
48 for TBDD, 25 and 200 for TBDF, 400 and 2400 for 2,3,4,7,8-PeBDF and 500 and 3000-4000 for
1,2,3,7,8-PeBDF11. The dose-response curves for the induction of cleft palate by the four brominated
compounds were parallel to that of TCDD, supporting a common mechanism of action involving the
AhR. The results indicated that bromination decreased the teratogenic activity of TBDD relative to
TCDD and of both PeBDFs relative to the chlorinated analogues. However, substitution of bromines for
chlorines increased by two-fold the teratogenic potency of TBDF relative to TCDF.
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15. PBDDs/PBDFs are believed to share a common mechanism of action with PCDDs/PCDFs, the first step of
which involves binding to the aryl hydrocarbon receptor (AhR). A number of recent in vitro studies have
used the ethoxyresorufin-O-deethylase (EROD) assay12,13 or the chemical-activated luciferase gene
expression (CALUX) assay14,15 to assess activation of the AhR and estimating the relative potency of
several PBDD/PBDFs. Results from these studies indicate that at the receptor level the activity of
brominated dibenzo-p-dioxins, dibenzofurans and biphenyls are broadly comparable to their chlorinated
congeners. The majority of PBDDs and PBDFs had comparable or lower relative potencies than the
PCDD/PCDFs.

16. Polybrominated biphenyls (PBBs) are brominated hydrocarbons formerly used as additive flame
retardants. As such these substances were added, rather than chemically bound, to plastics used in a
variety of consumer products, such as computer monitors, television, textiles and plastic foams, and
were able to leave the plastic and enter the environment. They are structurally similar compounds in
which 2-10 bromine atoms are attached to the biphenyl molecular structure. In total, as with the
structurally similar PCBs, 209 different PBB congeners are possible.

17. Individual PBB congeners vary in their pattern of toxicity. PBBs have been categorised on a similar
structural basis as the PCBs, with category I comprising congeners lacking ortho substituents (coplanar
PBBs). Coplanar PCBs are dioxin-like with regards to their toxicity and are included in the toxicity
equivalency factor (TEF) concept. A number of PBB effects are dioxin-like and consistent with the AhR-
mediated mechanism of action, including altered vitamin A homeostasis, thymic atrophy, dermal and
ocular effects (e.g. chloracne and inflammation of eyelids), and body weight changes (wasting
syndrome). This is determined by the magnitude of the response that is initiated by binding with the
AhR. The binding affinity, in turn, is determined by the substitution pattern of the congener, many of the
most toxic congeners resemble the structural configuration of 2,3,7,8-TCDD. The dioxin-like coplanar
PBB-169 (3,3’,4,4’,5,5’-hexaBB) has been found to be the most toxic congener in several test systems16.
However, this congener was present at low concentrations in commercial PBB mixtures and may not
contribute significantly to the exposure profile for PBB congeners.

18. Category II comprises mono-ortho substituted derivatives and other PBBs, mainly those with two or
more ortho bromines, are in category III. These congeners are not considered to have dioxin-like
properties17.

Preliminary advice from COT on combination of brominated dioxins, furans
and biphenyls

19. In December 2005 COT discussed the key toxicological data for the PBDDs/PBDFs and dioxin-like PBBs.
The limited data available supported the conclusion that these compounds share a common
mechanism of action with their chlorinated analogues. Therefore, TEFs used in the assessment of
chlorinated dioxins and dioxin-like PCBs, might have potential application to the assessment of
PBDDs/PBDFs. In 1997, a WHO working group concluded that ‘at present, insufficient environmental and
toxicological data are available to establish a TEF value’ for these compounds18. However, the WHO7

report on PBDDs and PBDFs discusses the concept of using TEFs for the assessment of these chemicals
and suggests that the preliminary use of the same TEF values for the brominated congeners as described
for the chlorinated analogues appears to be justified.
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20. On the basis of the available data COT concluded that TEFs developed for the chlorinated dioxins
could be used as an indication of the dioxin-like activity of the PBDDs, PBDFs and dioxin-like PBBs. The
TEQs for the brominated contaminants could be combined with the TEQs for the chlorinated dioxins to
provide an indication of the total intake of chemicals with dioxin-like properties as this would be more
protective of public health than to view the chemicals separately. However, the Committee highlighted
that this was tentative advice. The uncertainties in the available data with regards to the comparative
toxicokinetics in rodents and humans, and lack of chronic dosing studies with these compounds
indicated the need for maintaining a watching brief. It was acknowledged that the use of TEFs assigned
to chlorinated congeners for the brominated analogues was likely to be over-precautionary. Given the
current state of the science this is a prudent science position as long as the uncertainties in the
combined chlorinated and brominated TEQs are fully acknowledged. However, further data should be
sought to support the use of the TEF concept for the brominated compounds.

Non-dioxin-like polybrominated biphenyls

21. PBB congeners that exhibit AhR-mediated responses constitute only a fraction of the components in
commercial PBB mixtures. Therefore, it is presumed that congeners that act by other mechanisms
(category II and III PBBs) also contribute to the toxicity of PBB mixtures. The mechanism(s) of toxicity for
non-dioxin-like PBB congeners is less clearly elucidated, but also may involve receptors (e.g. the estrogen
receptor), or the involvement of reactive intermediates (e.g., arene oxides) that can form potentially
toxic covalently bound substrate-macromolecular adducts. The non-dioxin-like PBBs are considered to
be less toxic that the coplanar PBB congeners.

22. WHO (1994) proposed a TDI for PBBs, based on a 2-year NTP carcinogenicity study that showed liver
tumour formation in rats19. In the NTP study, the lowest dose of PBBs (FireMaster FF-1) tested that
produced carcinogenic effects was 0.5 mg/kg bw/day. A dose of 0.15 mg/kg bw/day together with
prenatal and perinatal exposure of the dam to 0.05 mg/kg bw/day did not result in any adverse effects,
indicating a NOAEL of 0.15 mg/kg bw/day.

23. Assays for mutagenicity and genotoxicity have not shown positive effects with commercial mixtures or
individual PBB congeners20,21. It was concluded that PBBs probably induce cancer by a non-genotoxic
mechanism, and an uncertainty factor of 1000 was applied to the NOAEL to obtain a TDI of 0.15 mg/kg
bw/day. However, analogy to the discussion above of non-dioxin-like PCBs indicates that the derivation
of this proposed TDI may not be appropriate since simultaneous exposure to dioxin-like PBBs cannot be
excluded.

Polybrominated diphenyl ethers

24. There are 209 individual PBDE congeners. Three commercial PBDE flame retardants have been available
in the UK: pentabromodiphenyl ether (pentaBDE), octabromodiphenyl ether (octaBDE) and
decabromodiphenyl ether (decaBDE). These commercial PBDEs are not pure products, but a mixture of
various diphenyl ethers with varying degrees of bromination.
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25. The European Union directive to restrict hazardous substances from electrical and electronic equipment
will ban penta- and octaBDE from the production of electrical and electronic equipment from 1 July
2006. However, a voluntary ban on pentaBDE in Europe was formalised in July 2003.

COT statement 2003/04

26. The COT considered PBDEs in 2003 and issued a statement22, in response to a survey of brominated
flame retardants in brown trout and eels from the Skerne-Tees river system. The Committee noted that
toxicity data are unavailable for many of the individual congeners. The concentrations of the individual
congeners were therefore summed for comparison with the toxicity data on the commercial PBDE
mixtures.

27. Studies on the commercial PBDEs indicate that pentaBDE is the most toxic. The COT therefore
compared the estimated intakes of the sum of the measured PBDE congeners with the reported effect
levels for pentaBDE. This was described as a precautionary approach, as some of the congeners are
expected to be less toxic than pentaBDE.

28. Noting inadequacies in the toxicological database and the absence of identifiable no-effect levels, the
COT felt it was not possible to determine a TDI. The Committee therefore decided to take a Margin of
Exposure (MoE) approach and set a target MoE of 1000 for liver toxicity of pentaBDE. Above this MoE,
risks to health would not be expected. The MoE was calculated by dividing the NOAEL for liver effects
of pentaBDE in rats (450 mg/kg bw/day) by the estimated dietary exposure.

JECFA Evaluation – 64th Meeting, February 2005

29. JECFA published an opinion on PBDEs last year23. It noted that, although PBDEs are non-genotoxic
substances, the available data on PBDEs were not adequate to allocate a provisional maximum tolerable
daily intake (PMTDI) or provisional tolerable weekly intake (PTWI) because:

• PBDEs represent a complex group of related chemicals and the pattern of PBDE congeners in food is
not clearly defined by a single commercial mixture

• Data are inadequate to establish a common mechanism of action that would allow a single congener
to be used as a surrogate for total exposure or, alternatively, as the basis for establishing toxic
equivalency factors

• There is no systematic database on toxicity including long-term studies on the main congeners
present in the diet, using standardised testing protocols that could be used to define a NOEL for
individual PBDEs of importance

• Several of the reported effects are biological outcomes for which the toxicological significance
remains unclear
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• Studies with purified PBDE congeners in vitro have shown a lack of Ah receptor activation; however,
many of the adverse effects reported are similar to those found with dioxin-like contaminants,
suggesting that some toxicity data may be confounded by the presence of traces of impurities that
are potent Ah receptor agonists

30. It was noted that, for the most toxic PBDE congeners, adverse effects would be unlikely to occur in
rodents at doses of less than approximately 100 mg/kg bw/day, and this figure was used as the basis for a
MoE assessment. JECFA used dietary intake estimates of 0.004 mg/kg bw/day (for North American
regions) and 0.1 mg/kg bw/day for breastfeeding infants. These would give MoEs of 25,000 and 1,000,
respectively. These values were viewed as giving reassurance that intakes of PBDEs are not likely to be a
significant health concern.

Hexabromocyclododecane (HBCD)

31. HBCD is a non-aromatic, brominated cyclic alkane used primarily as an additive flame retardant in
materials such as styrene resins. The commercial product consists of three diastereoisomers a-, b-, and
g-HBCD. Although the technical HBCD typically consists primarily of g-HBCD, the relative proportions
of the isomers varies depending on product application.

32. Studies in laboratory animals have shown that, following oral administration, HBCD can be detected in
adipose tissue, liver and muscle. Longer-term exposure shows HBCD has the potential to bioaccumulate.
Following oral administration, the majority of HBCD was detected unchanged in the faeces, although it
is unclear how much of this was unabsorbed material24.

COT statement 2003/04

33. The COT also considered HBCD in 2003 in relation to levels in fish in the Skerne-Tees river system22

using toxicological data from a draft EU risk assessment. The COT used a margin of exposure (MoE)
approach in their risk assessment and set a target MoE of 3,000-10,000.

Tetrabromobisphenol A

34. Worldwide, TBBPA is the most widely used BFR and approximately 90% of TBBPA is used as a reactive
intermediate in the manufacture of epoxy and polycarbonate resins. In this case it is covalently bound
to the polymer and is unlikely to escape into the environment. The remaining 10% is used as an additive
flame retardant, where it does not react chemically with the other components of the polymer and
may therefore leach out of the matrix.

COT statement 2004/02

35. The COT considered TBBPA in 200425, primarily using data from the EU risk assessment. From the data
available, the COT concluded that TBBPA did not raise specific toxicological concerns. In a 90-day study
and a two-generation reproductive toxicity study, no clear adverse effects were observed at doses up to
1000 mg/kg bw/day. This dose was used as the basis for the TDI. An uncertainty factor of 100 was used
to allow for inter- and intra- species variation and an additional factor of 10 was required because of
the lack of chronic toxicity studies. The COT therefore recommended a TDI of 1 mg/kg bw/day.
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Exposure data

36. Composite samples of 47 species of farmed and wild fish and shellfish consumed in the UK were
analysed for 17 dioxins, 12 dioxin-like PCBs, 11 PBDDs/PBDFs, 3 dioxin-like PBBs, 7 non-dioxin-like PBBs,
17 PBDEs, HBCD and TBBPA. A total of 24 species of fresh wild fish, 7 of fresh farmed fish, 7 of fresh
shellfish and 10 of canned or processed fish or shellfish were sampled between 2002 and 2004. Full
details of the survey methodology are available in the Food Survey Information Sheets (FSIS) at
http://www.food.gov.uk/science/surveillance/.

37. Estimates of total dietary exposure were derived from concentrations in samples from the 2003 and
2004 Total Diet Studies combined with consumption data from the 2000/1 National Diet and Nutrition
Survey (NDNS)26. Single composite food group samples were formed by homogenising individual food
groups (excluding beverages) from 24 locations. These composite samples were analysed for the same
range of organic chlorinated and brominated contaminants as the fish survey.

Occurrence and consumption data

Polyhalogenated dioxins and dioxin-like polyhalogenated biphenyls

38. The concentrations of chlorinated dioxins and dioxin-like PCBs (ng WHO-TEQ/kg fresh weight) in
composite fish and shellfish samples are presented in Tables 1 (oily fish) and 3 (non-oily fish). Time trend
data for a limited number of species indicate that, for all but one species, concentrations of dioxins and
dioxin-like PCBs are the same or have decreased since last surveyed5,6. All results refer to edible
portions of the fish. The results from the composite samples show these to be a good representation of
the range of results seen for the individual analyses.

39. Tables 1 and 3 also show estimates of average upper bound adult daily intake for 1-4 portions of fish per
week taking into account intakes from the rest of the diet based on analysis of the 2001 TDS, the
approach taken in the SACN/COT report1. The WHO-set TEFs for the chlorinated analogues have been
used to give toxicity-weighted concentrations for the brominated dioxin-like congeners, these have
been summed to give a single value expressed as a TEQ. As the TEFs have not been set by the WHO for
brominated congeners the resulting overall concentrations are referred to simply as TEQs. These values
are based on the total concentrations found in the composite samples and, based on published data,
assume portion sizes of 140 g for most fresh fish, 70 g for fresh sardines/pilchards, whitebait, rollmops,
most canned fish and all shellfish species, and 30g for fish paste, canned anchovy and surimi26.

40. The concentrations of brominated dioxins and biphenyls found in sampled fish were on average lower
than those of the chlorinated analogues. Total TEQ† concentrations (upper bound) for the PBDDs and
PBDFs were in the range 0.02 – 0.26 ng TEQ/kg freshweight, and for the non-ortho PBBs were in the
range 0 – 0.01 ng TEQ/kg freshweight. The total combined concentrations of polyhalogenated dioxins
and dioxin-like polyhalogenated biphenyls (ng TEQ/kg freshweight) in composite fish and shellfish
samples are presented in Tables 2 (oily fish) and 4 (non-oily fish).
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41. It was estimated from the 2003 TDS that the average upper bound adult dietary intake of brominated
dioxins and dioxin-like PBBs from the non-fish part of the diet is 0.4 pg TEQ/kg bw/day. These surveys
analysed an incomplete brominated dioxin congener set (11 PBDDs/PBDFs and 3 dioxin-like PBBs), and the
total upper bound intakes may be higher. However, comparison with the lower bound intake (0.08 pg
TEQ/kg bw/day) demonstrates the uncertainty in these exposure estimates. Upper bound concentrations
assume that all individual congeners that are present at concentrations below the reporting limit (limit
of detection) are present at the reporting limit, and therefore could be an overestimate of the true
concentrations. By contrast, lower bound concentrations assume that all individual congeners that are
present at concentrations below the limit of detection are absent, and will therefore be an
underestimate of the true concentrations. The true concentrations will lie somewhere between the
upper and lower bounds.

42. Tables 2 and 4 also present estimated daily intakes of chlorinated and brominated dioxins and dioxin-
like PCBs and PBBs from the whole diet (on the basis of analysis of the 2003 TDS samples) including one
to four portions of oily or non-oily fish per week.

43. The combined chlorinated and brominated dioxins data (Table 2) indicate that consuming an average of
two weekly portions of a range of oily fish could result in intakes in the region of the TDI of 2 pg
TEQ/kg bw/day, when the rest of the diet is taken into account. Consuming an average of four weekly
portions of a range of oily fish will result in intakes within the guideline value of 8 pg TEQ/kg bw/day,
when the rest of the diet is taken into account.

44. It can be seen from Tables 1 and 2 that the inclusion of the brominated substances in the TEQ has a
minor impact on the estimates of total exposure, particular taking into account the uncertainty in the
estimated intake of the brominated dioxins from the non-fish part of the diet.

45. Tables 3 and 4 demonstrate that whereas most non-oily fish species contribute little to total dietary
intake of chlorinated and brominated dioxins some species contain concentrations similar to those
found in oily fish, and could make a relatively substantial contribution to total intake if eaten regularly.
This particularly applies to wild sea bass, farmed sea bass, farmed halibut, turbot (Greenland), wild
turbot (UK) sea bream, dogfish, and crab (brown/white).
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Tribrominated dioxin and furan

46. The concentrations of 2,3,7-triBDD and 2,3,8-triBDF are also reported in these surveys. The trichlorinated
congeners, have short half-lives, and therefore do not have TEFs. There are no data on the half-lives for
the brominated compounds and they have not been included in the combined TEQ.

47. Analysis of the 2003 TDS samples estimated the upper bound adult dietary intake for an average
consumer of 2,3,7-triBDD from the non-fish part of the diet to be 0.09 pg/kg bw/day (lower bound
0 ng/kg bw/day). Consumption of only four species of shell fish, crab (white and brown), canned crab
(white), mussels and oysters would increase the dietary intake. The maximum concentration detected in
oysters was 6.7 mg/kg freshweight. Assuming that a 60 kg person consumes a weekly portion of 70 g of
oysters containing this concentration of 2,3,7-triBDD, the total dietary intake from the oysters and the
rest of the diet would be 1.1 pg/kg bw/day.

48. For the tribrominated dibenzofuran, 2,3,8-triBDF, the non-fish part of the diet would contribute an
estimated upper bound adult dietary intake for an average consumer of 0.25 pg/kg bw/day (lower bound
0.13 pg/kg bw/day). Concentrations detected in surveyed fish ranged from 0.001 – 0.078 mg/kg
freshweight, with oysters having the highest concentrations. Consumption of four portions of oysters
containing 0.078 mg/kg freshweight per week could increase the total dietary intake of 2,3,8-TriBDF by
0.05 pg/kg bw/day for a 60 kg person.

Ortho-polybrominated biphenyls

49. The concentrations of the seven ortho-PBBs detected in all species were similar, with PBB-52 being
detected at the highest concentration of 0.05 mg/kg freshweight in sprats. Sprats also showed the
highest concentration of PBBs when all seven congeners were summed (0.1 mg/kg freshweight).

50. Assuming that a 60 kg person consumes a weekly portion (140g) of sprats with a total PBB concentration
of 0.1 mg/kg freshweight the total dietary intake including the non-fish part of the diet would be
approximately 0.4 ng/kg bw/day, which is considerably lower than the TDI of 0.15 mg/kg bw/day
proposed by WHO17. Estimated lower bound intakes from the non-fish part of the diet for the ortho-
PBBs were <0.001 ng/kg bw/day for PBBs 49, 52, 80, 101, and 153, 0.002 ng/kg bw/day for PBB 15 and
0.18 ng/kg bw/day for PBB 209.

Polybrominated diphenyl ethers

51. In total 17 PBDE congeners were analysed in fish and the 2003 TDS samples, consisting of 2 triBDEs,
5 tetraBDEs, 5 pentaBDEs, 3 hexaBDEs, 1 heptaBDE and decaBDE.

52. The congeners present at the highest levels in the sampled fish were, in order of decreasing
concentrations, PBDE-47 (2,2’,4,4’-tetraBDE), PBDE-209 (decaBDE), PBDE-100 (2,2’,4,4’,6-pentaBDE), and
PBDE-49 (2,2’,4,5-tetraBDE).
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53. Fish with the highest concentrations of the sum of the measured PBDEs were dogfish (8.71 mg/kg
freshweight) and eel (5.4 mg/kg freshweight). Farmed salmon, herring, sprat and whitebait had
concentrations ranging from 4.0 to 4.5 mg/kg freshweight.

54. Estimated upper bound adult dietary exposure to the sum of the measured PBDEs from the non-fish
part of the diet is 5.6 ng/kg bw/day (lower bound 5.5 ng/kg bw/day). Assuming a 60 kg person consumes
one weekly portion of dogfish containing the highest total PBDE concentration detected, the total
intake from the diet would be 8.5 ng/kg bw/day.

55. COT set a target MoE of 1000 for liver toxicity of pentaBDE on the basis of the NOAEL for liver effects
in rats (450 mg/kg bw/day). Above this MoE, risks to health would not be expected. The MoE for the
intake levels described above is approximately 53,000. JECFA proposed using a reference dose at which
adverse effects were not expected, 100 mg/kg bw/day, on which to base the MoE (2005). In this case,
consumption of one weekly portion of dogfish will result in a MoE of approximately 11,000.

Hexabromocyclododecane

56. Eels had the highest maximum concentration of HBCD detected, the a-HBCD concentration was
5.1 mg/kg freshweight, with the sum of all three isomers being 5.3 mg/kg freshweight. This level is
significantly lower than the maximum concentration of 9432 mg/kg freshweight detected in eels from
the Skerne-Tees river system in 200322.

57. For the non-fish part of the diet, the upper bound concentration of HBCD (sum of all diastereoisomers)
in the 2004 TDS samples was 5.8 ng/kg bw/day (lower bound 1.9 ng/kg bw/day). Assuming that a 60 kg
person consumes a weekly portion (70 g) of eel containing 5.3 mg/kg freshweight of HBCD, the intake
would be 6.6 ng/kg bw/day.

58. COT has previously used a margin of exposure approach in the risk assessment of HBCD, using a LOAEL
of 100 mg/kg bw/day as the basis for the calculation. The uncertainty factors of 100 to allow for inter
and intra-species differences, 10 to allow for gaps in the data and 3-10 for extrapolation from the LOAEL
to a NOAEL produce a target MoE of 3,000-10,000. Applying the MoE approach to the most recent
intake data for HBCD produces MoEs of approximately 15,000,000.

Tetrabromobisphenol A

59. Mackerel was identified as having the highest concentrations of TBBPA (0.21 mg/kg freshweight). The
average concentration for all species of fish was 0.04 mg/kg freshweight (range 0.03 – 0.21). On the basis
of the 2004 TDS samples, intake of TBBPA from the non-fish part of the diet is 1.5 ng/kg bw/day.
Assuming that a 60 kg person consumes a weekly portion (140 g) of mackerel containing 0.21 mg/kg
freshweight, the daily dietary intake of TBBPA would be 1.6 ng/kg bw/day.

60. In 2004 COT recommended a TDI of 1 mg/kg bw/day for TBBPA25. The estimated dietary intake from the
total diet including one weekly portion of mackerel is considerably below the TDI.
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COT Evaluation

61. The COT reviewed the new information in the light of previous COT conclusions and paid particular
attention to possible combined effects of the different contaminants.

62. The COT noted that where comparison is possible concentrations of chlorinated dioxins and dioxin-like
PCBs in fish from the most recent survey are generally lower than detected in fish sampled in 1994 to
1996. In the case of some species of oily fish (herring, mackerel and farmed salmon) the decreases were
particularly marked (for herring, up to 50% lower).

63. There is increasing evidence that the brominated dioxins, furans and coplanar and mono-ortho
polybrominated biphenyls are dioxin-like in respect to their effects in in vitro and in vivo mammalian
test systems. However, there still remain some significant data gaps for a number of the congeners, in
particular in terms of repeat-dose studies and the toxicokinetics of these compounds in man. The
available data indicates that the brominated congeners are equally or less toxic compared to the
chlorinated dioxins, and in rodents the few tested congeners have similar half-lives to the chlorinated
congeners.

64. The Committee agreed that in light of this evidence, and the absence of an alternative approach, it
would be prudent to apply the TEFs assigned to the chlorinated dioxins to the brominated congeners.
The TEQs for the brominated contaminants should be combined with the WHO-TEQs for the
chlorinated dioxins to provide an indication of the total intake of chemicals with dioxin-like properties.

65. Including the brominated congeners in the TEQs for intake from fish and the rest of the diet did not
raise additional toxicological concerns. As there are no new toxicity data giving rise to new concerns,
it was considered unnecessary to alter the COT’s previous advice on oily fish consumption.

66. The data for the ortho-PBBs, PBDEs, HBCD and TBBPA were considered separately from the dioxin-like
compounds as they were considered to have different modes of action. The Committee agreed that the
concentrations of these contaminants in the sampled fish did not raise toxicological concerns. In the
cases of the ortho-PBBs and TBBPA the estimated dietary intake from the total diet including a portion
of the species of fish with the highest concentration of the respective contaminant were considerably
below the TDIs (WHO-proposed TDI for the PBBs). For the PBDEs and HBCDs the MoE for the intake
levels described earlier in this statement were above the target MoE set previously by COT.

Conclusions

67. We consider that the concentrations of PBDEs, HBCD and TBBPA detected in these surveys do not raise
toxicological concerns.

68. We conclude that concentrations of dioxin-like compounds detected in these surveys are not a concern
for the health of the majority of UK consumers, who do not eat fish frequently. For those who choose
to eat more than two portions of fish per week, the data reconfirm the previous SACN/COT guidance
on upper levels of oily fish consumption.
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69. The concentrations of dioxin-like compounds in some species of non-oily fish (sea bass, sea bream,
halibut, turbot, dogfish and crab) are similar to those commonly found in some oily fish. Frequent
consumption of these species of fish in addition to the recommended amounts of oily fish could result
in exceedance of the intake guidelines for dioxin-like compounds.

70. We welcome the decrease in concentrations of chlorinated dioxin-like compounds in most fish species
for which comparative data are available. Concentrations in wild fish can be reduced only in the long
term by control of emissions to the environment. Controls on contaminant levels in feed for farmed
fish are important for reducing dietary exposure of people who eat fish frequently.

71. We consider that the new survey data do not indicate a need for a change in the Food Standards
Agency’s current advice on consumption of oily fish.

72. There are considerable uncertainties in the data which indicate that this assessment might be over-
precautionary. The risk assessment could be improved by refinement both of exposure assessment and
of the toxicological basis for the TEFs, using probabilistic approaches. Modelling the available
information may help to determine where the greatest uncertainty lies, in order to prioritise future
research.

COT statement 2006/06
April 2006
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Statement on the tolerable daily intake for perfluorooctanoic acid

Introduction

1. The Food Standards Agency has commissioned research to determine the concentrations of
perfluorooctanoic acid (PFOA) in the 2004 Total Diet Study (TDS) samples. The Committee was invited
to assess the toxicology of PFOA in order to advise on any health implications arising from the results
of the survey.

Background

2. The unexpected discovery of fluorinated organic compounds of anthropogenic origin, identified as
predominantly perfluorooctane sulfonate (PFOS), in biological and environmental samples1,2 has resulted
in the toxicology of structurally similar perfluorocarbons being investigated.

3. Perfluorooctanoic acid (PFOA) and its salts are fully fluorinated organic compounds produced
synthetically or through degradation of some PFOS-related substances3 and fluorotelomer alcohols4.
PFOA is primarily used as an emulsifier in industrial applications, for example in the production of
fluoropolymers such as polytetrafluoroethylene (PTFE). PFOA may also be found at low levels in some
fluorotelomers, as an unintended by-product of the manufacturing process. Fluorotelomer derivatives
are ingredients of fire-fighting foams and coatings, and are intermediates in the manufacture of stain-,
oil-, and water-resistant additives for some textiles, coatings and food contact papers.

4. PFOA has not been evaluated by the Scientific Committee on Food (SCF) or the Joint FAO/WHO Expert
Committee on Food Additives (JECFA). The US Environmental Protection Agency (EPA) is currently
revising its draft risk assessment of the potential human health effects associated with exposure to
PFOA and its salts following peer-review by the EPA Science Advisory Board.

Evidence considered in this evaluation

5. The COT has not previously evaluated PFOA or its salts. From an initial assessment of the relevant
information it was considered essential to have advice from the Committees on Mutagenicity (COM)
and Carcinogenicity (COC) regarding the genotoxicity of PFOA and whether it was appropriate to
assume the existence of a threshold for carcinogenicity. The recommendations provided by the COM
and COC are summarised in this statement.

6. The evaluation of PFOA considered toxicological data in the published literature and unpublished final
reports. Access to the unpublished reports was through the US EPA Office of Pollution Prevention and
Toxics (OPPT) Administrative Record AR-226.
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Chemical information

7. The high ionization potential and low polarizability of fluorine lead to weak inter- and intra-molecular
interactions. This is reflected by the extremely low surface tension of the perfluoroalkyl acids. Their
partitioning behaviour is unique; when mixed with water and hydrocarbons, three immiscible phases are
formed, indicating that perfluoroalkyl acids are hydrophobic and oleophobic in nature. Consequently,
these compounds are ideal surfactants. The strength of the carbon-fluorine bonds makes PFOA and its
salts highly stable and, therefore, persistent in the environment.

8. The structure of PFOA (C8HF15O2, CAS registry number 335-67-1) is shown in Figure 1. The typical
structure has a linear chain of eight carbon atoms, but dependent on the manufacturing process
branched chain PFOA may also be produced. The electrochemical fluorination process generally gives a
product with up to 30% branched PFOA, whereas production by oxidation of perfluorooctyl iodide
leads to 100% linear PFOA. Ammonium perfluorooctanoate is of most widespread use and is commonly
referred to in the literature as APFO, C8 or FC-143.

Figure 1 – Structure of perfluorooctanoic acid (PFOA)

9. In water the free acid will completely dissociate to perfluorooctanoate. Water solubility is published
as 3.4 g/L, and a 1 g/L solution has a pH of 2.6. An octanol/water partition coefficient cannot be
determined for PFOA due to the fact that, rather than being soluble, PFOA forms microdispersion
micelles.

Toxicological profile

10. The majority of the toxicological studies have been conducted using ammonium perfluorooctanoate
and in most cases the test material was a mixture of the ammonium salts of several perfluorinated acids
as manufacturing residues. The typical composition profile is 93-97% ammonium perfluorooctanoate, 
1-3% ammonium perfluoropentanoate, 1-3% ammonium perfluoroheptanoate and 1-3% ammonium
perfluorohexanoate.
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Toxicokinetics – rodents

11. PFOA is well absorbed by rats following oral dosing. Male rats absorbed 93% of an 11 mg/kg bw gavage
dose of 14C-PFOA within 24 hours5. In this study the 14C total elimination half-life was estimated at 4.8
days (115 hours), whereas, other studies have estimated that the elimination half-life for PFOA in male
rats is in the range of 138 to 350 hours6,7,8. There is a clear sex-related difference in clearance of PFOA in
rats. In female rats, PFOA is more efficiently cleared from the body, primarily via rapid excretion in the
urine with a plasma half-life of approximately 10 hours9,10. Following oral gavage of female rats with 2 mg
PFOA, the quantity of non-ionic fluorine recovered in the urine was 89% of the administered dose
within 96 hours.

12. Distribution studies, using administration of PFOA via gavage, and intravenous and intraperitoneal
injection, have shown that PFOA does not partition to the lipid fraction or adipose tissue, but is
primarily found in the liver, plasma, and kidney6.

13. Following PFOA administration by gavage, Kemper8 determined tissue concentrations at the time of
maximum plasma concentration (Tmax) and when plasma concentration had fallen to 50% maximum (i.e.
at 11 and 171 hours post-dosing for males and at 1.3 and 4 hours post-dosing for females). In males, tissue
concentrations remained constant or decreased with time, in all but the liver where PFOA levels
increased. The fraction of the dose present in all female rat tissues remained constant or decreased
with time. Kidney to blood PFOA concentration ratios at Tmax were approximately 2 at all dose levels in
females and remained constant with time.

14. PFOA crosses the placenta. The concentration of PFOA in fetal plasma on gestation day (GD) 21,
following continuous maternal exposure from GD 4 was approximately half the steady state
concentration in maternal plasma. PFOA was also detected in the milk of rats, at levels approximately
10% those of maternal plasma concentrations11.

15. PFOA undergoes enterohepatic circulation. By disrupting enterohepatic circulation (with cholestyramine
treatment) in male rats, the level of PFOA eliminated in faeces increased by approximately 9.6-fold12.
A concomitant decrease in the proportion of the PFOA dose excreted in the urine was seen (from 67%
to 41% over 14 days).

16. There is evidence that PFOA is not metabolised in the rat.

17. In the 24 hours following treatment with a single i.v. dose (mean doses: 16.7 and 13.1 mg/kg bw for female
and male CD rats, respectively) of 14C-PFOA, female rats had excreted essentially all the administered
dose via the urine, whilst the males had only excreted 20% of the dose9. In total, over the course of
36 days the male rats excreted 83% of the total dose via the urine and 5.4% via the faeces.
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18. Studies investigating the sex-related difference in elimination of PFOA have shown that the female rat
possesses an active secretory mechanism which rapidly eliminates PFOA from the body. Administration
of probenecid (an inhibitor of the renal active secretion system for organic acids) reduced the
PFOA/inulin clearance ratio in female rats from 15 to 0.4613. PFOA clearance was reduced from 5.8 to 0.11
mL/min/100 g bw, a level similar to male rat PFOA clearance which was virtually unaffected by
probenecid administration.

19. In male rats, testosterone has been shown to exert a suppressive effect on renal excretion of PFOA14.
Castration of male rats increased the elimination of PFOA in the urine. Kudo et al.,7 demonstrated that
organic anion transporter 2 (OAT2) mRNA levels in male rats were only 13% those in female rats.
Castration or oestradiol treatment increased the levels of OAT2 mRNA whereas treatment of castrated
rats with testosterone reduced them. Evidence was also obtained for the involvement of OAT3 in
PFOA excretion.

20. Comparison of area under concentration-time curve in plasma for oral and intravenous doses of PFOA
(1 mg/kg bw) in Sprague-Dawley rats indicated that oral bioavailability is approximately 100%8. Plasma
elimination curves for PFOA following gavage at doses of 0.1, 1, 5, and 25 mg/kg bw were log-linear with
respect to time in male rats, while elimination kinetics were biphasic in the 5 and 25 mg/kg bw female
dose groups. Estimated plasma elimination half-lives were approximately 277 hours in males and 3.4
hours in females, using non-compartmental pharmacokinetic models. In contrast, Kudo et al.,7 using a
two-compartment open model, found the terminal elimination half-lives in Wistar rats to be 137 and
1.9 hours in males and females, respectively. Females appeared to exhibit biphasic elimination. The main
component was rapid (half-life of 1.9 hours), with a slower minor component

21. Hormonal changes associated with pregnancy have been shown not to alter the rate of elimination of
PFOA15.

22. An unpublished comparative study with male and female rats, mice, hamsters and rabbits16 dosed by
oral gavage (10 mg/kg bw 14C-PFOA) and sacrificed 5-7 days later, showed significant differences in PFOA
elimination between the species. Male hamsters and both sexes of rabbits excrete PFOA as rapidly as
female rats, however, the female hamster cleared the chemical more slowly, having excreted only 58%
of the administered dose in 5 days. Male and female mice retained between 50-70% of the administered
dose 5 days after dosing.

23. Lau et al.17 compared body burdens of PFOA between rat and mouse after subchronic exposure. A clear
sex-related difference in PFOA accumulation was confirmed in the rat; a serum level of 111 mg PFOA/mL
was reached in male rats 24 h after the last of 20 daily 10 mg/kg bw/day doses, while only 0.7 mg
PFOA/mL was detectable in female rat serum. A steady state level of PFOA in mice was reached in one
week of exposure. PFOA concentrations in serum following 7 daily 20 mg/kg bw/day doses were
approximately 180 mg PFOA/mL for male and female mice.
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Toxicokinetics – dog

24. The renal clearance rate of PFOA in beagles (3/sex) following an i.v. administration (30 mg/kg bw) was
approximately 0.03 mL/min/kg bw18. Probenecid significantly reduced clearance rates in both sexes,
indicating an active excretion mechanism. Plasma half-life was 473 hours in male dogs and 202 hours in
female dogs.

Toxicokinetics – non-human primates

25. The toxicokinetics of PFOA following a single i.v. dose (10 mg/kg bw) have been assessed in cynomolgus
monkeys (3 monkeys/sex)19. Body weights were unaffected between days 1 and 28. PFOA serum
concentrations 0.5 hours post-dosing were similar in males and females. By day 123, male PFOA serum
levels were at or slightly above 0.02 mg/mL (the limit of quantitation), and female serum concentrations
were between 0.89 and 4.7 mg/mL. There were no obvious sex differences in the urinary excretion of
PFOA, which was slow (less than 20% of the administered dose was excreted in the urine over the first
48 hours). However, although the number of monkeys in this study was limited, estimated half-life and
total body clearance values indicated elimination in males may occur at a slightly faster rate than
females. The average terminal elimination phase half-lives were approximately 21 and 33 days for males
and females, respectively.

26. In a six month oral capsule dosing study of PFOA male cynomolgus monkeys (4-6/group) were
administered 0, 3, 10 or 30/20 (reduced on day 22 from 30 to 20) mg/kg bw/day19. During the first week
of dosing monkeys in the 30 mg/kg bw/day group showed general signs of toxicity, including low food
consumption, significant loss of body weight, and 4 of the 6 monkeys also had few or no faeces. Dosing
was suspended on Day 12 and reinitiated at 20 mg/kg bw/day on Day 22. Steady state was reached
within four weeks in serum, urine and faeces. Serum PFOA followed first-order elimination kinetics
following the last dose, with a half-life of approximately 20 days. Urine was the primary elimination
route. The i.v. study would predict that steady state in the daily oral dosing study would not be reached
until at least eight weeks of daily oral dosing. The reasons for the apparent achievement of steady state
before this time are not known.

Toxicokinetics – humans

27. Human toxicokinetic data on PFOA are limited in number and conflicting.

28. A number of studies have assessed the levels of PFOA in blood of occupationally and non-
occupationally exposed populations. Serum PFOA levels in 3M workers have been measured since 1993.
In the Cottage Grove, Minnesota production plant, PFOA serum levels were highest amongst the 3M
plants (geometric mean = 1.7 mg/mL, range, 0.07-33 mg/mL)20.

29. Ubel et al.,21 reported an approximate half-life of PFOA of 18 months based on one PFOA worker.
A report from 3M on nine fluorochemical production plant retirees suggested a serum half-life of
4.4 years, with a range of 1.5 to 14 years22. This study suffered from significant limitations, such as small
sample size, reference material purity unchecked, and unreplicated serum measurements.

91



30. In a study of Japanese maternal and cord blood samples23, PFOA was detected in only 3 of the 15
maternal blood samples (range 0.0005-0.003 mg/mL) and not in any fetal blood samples (limit of
detection <0.0001 mg/mL).

31. In contrast to the large active renal excretion of PFOA in female rats7, renal clearance of PFOA is almost
negligible in both sexes in humans24.

32. PFOA has also been found in the serum of children, adults and the elderly in the general population25,26.
In the US, serum concentrations follow a log-normal distribution with geometric mean concentrations
of 0.004-0.005 mg/mL, and over 90% of serum samples had quantifiable levels of PFOA. The upper
bound of the 95th percentile estimate of the population, below which the 95th percentile serum
concentration of the samples falls with 95% confidence, was 0.014 mg/mL.

33. An assessment of the prevalence of organic perfluorochemicals in the blood of Swedish mothers and
sons concluded that PFOA levels in the general population of Sweden and the US are simila27. In whole
blood samples (n = 66) PFOA concentrations ranged from 0.0005 to 0.0124 mg/mL with an arithmetic
mean of 0.0027 mg/mL. There was no significant difference between males and females.

34. In 473 human blood/serum/plasma samples collected in various countries worldwide (USA, Colombia,
Brazil, Belgium, Italy, Poland, India, Malaysia, and Korea) PFOA was seen at a low frequency23. Samples
(n = 50) from Italy did not have quantifiable levels of PFOA, whereas PFOA was quantifiable in all
samples from Poland (n = 25). Two Korean females in particular showed PFOA levels greater than
0.1 mg/mL.

35. Concentrations of PFOA in sera sampled from a small number (n = 23-60) of female residents of three
Japanese cities have increased by 14-fold over the last 25 years28. In 2003, the geometric mean
concentrations of PFOA in sera, from both sexes, ranged from 0.0028 to 0.012 mg/mL, with significantly
higher levels reported in males.

36. Olsen et al.,26 compared PFOA levels in samples taken from the same subjects, that were part of two
large community-based cohorts established in Maryland, US, in 1974 and 1989 and reported that
concentrations were two-fold higher in 1989. However, the trend may not have continued, since more
recent samples (taken in 2001) appeared similar to the 1989 levels.

Acute and sub-acute toxicity

Rodents

37. There is reasonable consistency between several acute oral LD50 studies, which indicate PFOA is
moderately toxic.
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38. Oral studies with PFOA indicate an oral LD50 in rats ranging between 430 and 680 mg/kg bw29. There are
no reported differences in the sensitivity of castrated or ovariectomised versus intact rats (male or
female) to PFOA30. Newborn rats (<2 days old) (LD50 ~250 mg/kg bw) were more sensitive to PFOA than
weanlings and adult animals31. Pre-treatment of rats with phenobarbital29 (an enzyme inducer, in
particular of CYP2B1 and CYP2B2) or proadifen hydrochloride (a cytochrome P450 inhibitor) did not
alter the LD50 of PFOA.

39. PFOA administered to ChR-CD mice for 28 days32 resulted in dose-related reductions in mean body
weight and in muscular weakness after 9, 6 and 4 days at 18, 60 and 200 mg/kg bw/day, respectively.
Absolute and relative liver weights were also increased in both sexes in a dose-related manner.
Treatment-related changes in the liver included hepatic enlargement and/or discoloration of one or
more liver lobes. Histopathological examination revealed panlobular hypertrophy accompanied by focal
to multifocal cytoplasmic lipid vacuoles of variable size.

40. In a similar 28-day study33 with ChR-CD rats PFOA induced absolute liver weight increases in both sexes.
The severity and degree of tissue involvement were more pronounced in males than females.
Panlobular, multifocal to diffuse, hypertrophy was observed, with focal to multifocal cytoplasmic
enlargement of hepatocytes in the centrilobular and midzonal areas. The hypertrophy was associated
with acidophilic degeneration and necrosis of scattered hepatocytes with no lobular distribution.

41. Goldenthal et al.34 administered ChR-CD rats (5/sex/dose group) dietary levels of 0, 10, 30, 100, 300 and
1000 ppm PFOA for 90 days, equivalent to dietary intakes of 0.6, 1.7, 5.6, 18, and 64 mg/kg bw/day in
males and 0.7, 2.3, 7.7, 22.4 and 76 mg/kg bw/day in females. In male rats body weight gain was reduced
at 18 and 64 mg/kg bw/day. Relative kidney weights were significantly increased in males at 
5.6 mg/kg bw/day and above, which was dose-related. Absolute and relative liver weights were
increased in males of the 18 and 64 mg/kg bw/day groups and also 76 mg/kg bw/day treated females.
Males in the 1.7 mg/kg bw/day dose group also had increased absolute liver weights. Hepatocellular
hypertrophy (focal to multifocal in the centrilobular to midzonal regions) was observed in males of the
5.6 mg/kg bw/day and higher dose groups, with hepatocellular necrosis in the 1.7 mg/kg bw/day and
above dose groups. Based on liver effects in this study, the no observed adverse effect level (NOAEL)
was 0.56 mg/kg bw/day in males, and in females the NOAEL was 22 mg/kg bw/day.

42. A 13-week study performed in male ChR-CD rats (45-55/group) at dietary intakes equivalent to 0.06, 0.64,
1.94, and 6.4 mg PFOA/kg bw/day reported no treatment-related clinical signs35,36. Effects on the liver
(increased hepatic palmitoyl CoA oxidase levels, increased relative liver weights and hepatocellular
hypertrophy) were observed in the 0.64, 1.94 and 6.4 mg/kg bw/day dosed animals. In the 0.64 mg/kg
bw/day group liver effects were statistically significant at 4 weeks of dosing, but not at 7 or 13 weeks.
Hypertrophy at 0.64 mg/kg bw/day was described in the pathology report as minimal and “characterised
by an accentuated centrilobular pattern in which the hepatocytes appear to have a more homogenous
cytoplasm and the cell borders are more rounded giving the cells a more ‘plump’ appearance. Except for
this ‘enlarged’ appearance the cells are otherwise ‘normal’.”
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43. The unpublished report35 concluded that the no observed adverse effect level was 6.4 mg/kg bw/day,
the highest tested dose, and the no effect level was 0.06 mg/kg bw/day based on increases in absolute
and relative liver weights. In the published report36 the authors do not establish a NOAEL, but refer to a
no effect level of 0.06 mg/kg bw/day with doses of 0.64 mg/kg bw/day and higher producing adaptive
and reversible liver changes.

44. The COT modelled the absolute and relative liver weight data using US EPA Benchmark Dose Software
to estimate a benchmark dose for a 10% response† (BMD10) and its lower confidence limit (BMDL10) for
these effects. BMD10 and BMDL10 for absolute liver weights were 0.60 and 0.40 mg/kg bw/day (week 4),
0.66 and 0.29 mg/kg bw/day (week 7) and 0.89 and 0.44 mg/kg bw/day (week 13), respectively. For liver
weight relative to body weight, the BMD10 and BMDL10 were 0.50 and 0.36 mg/kg bw/day (week 4),
0.58 and 0.33 mg/kg bw/day (week 7) and 0.84 and 0.54 mg/kg bw/day (week 13), respectively. In the
1.94 mg/kg bw/day dosed animals the hepatocyte hypertrophy was grade 2 (mild) or higher in 2 of 15
animals. BMD modelling of grade 2 or higher hepatocellular hypertrophy estimated the BMDL10 at
0.95 mg/kg bw/day. The duration of exposure did not appear to increase severity of the hypertrophy
and liver effects were reversed following an 8 week recovery period.

Non-human primates

45. In a 90-day study in rhesus monkeys39 (2/sex/group) doses of 0, 3, 10, 30 and 100 mg/kg bw/day PFOA
were administered by gavage. By week 5 all monkeys in the highest dose group had died and by week 13
three monkeys from the 30 mg/kg/day group had died. Absolute and relative heart weights of females
from the 10 mg/kg bw/day group were significantly decreased as were absolute brain weights of females.
No associated morphological changes were observed. No treatment-related lesions were seen in the
organs of animals from the 3 and 10 mg/kg bw/day groups. The surviving 30 mg/kg bw/day dose group
male had moderate hypocellularity of the bone marrow and moderate atrophy of lymphoid follicles in
the spleen. The LOAEL was 3 mg/kg bw/day on the basis of soft stools or moderate to marked diarrhoea
or frothy emesis.

46. The study in male cynomolgus monkeys, described in paragraph 26 above, also reported effects of 0, 3,
10 and 30/20 mg/kg bw/day PFOA for 26 weeks40. Dose-dependent increases in absolute liver weight
associated with mitochondrial proliferation occurred in all PFOA-treated groups, although
histopathological evidence of liver toxicity was not seen at 3 or 10 mg/kg bw/day. A liver-to-body weight
ratio percentage of 2.4 for a 3 mg/kg bw/day monkey found in moribund condition was comparable to
that of the high-dose monkeys. The moribund 3 mg/kg bw/day monkey was sacrificed on day 137,
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however, a complete review of the in-life monkey history including review of the clinical and
microscopic pathology failed to identify the cause of this monkey’s extreme poor health. These findings
were non-specific and, largely, were not consistent with the findings observed for monkeys in the high
dose group. There was considerable variation in PFOA concentrations measured in serum and liver with
no linear relationship with dose detected. Two control and 10 mg/kg bw/day monkeys were designated
as recovery group monkeys and over the course of a 90-day recovery period, PFOA concentrations
returned to pre-treatment levels. Markers of tumour formation in the liver, pancreas and Leydig cells, i.e.
replicative DNA synthesis in the liver, and serum cholecystokinin (CCK), alkaline phosphatase, bilirubin,
bile acids, oestradiol, oestriol and testosterone concentrations were also assessed. There was a two-fold
increase in hepatic palmitoyl CoA oxidase activity in the high-dose group and the other markers were
unaffected. The study authors acknowledge significant limitations in this study, but suggested that it
demonstrates a “dramatic demarcation in dose-response between a relatively mild response (liver weight
increase at the 3 and 10 mg/kg bw/day doses) and serious toxicity (dramatic weight loss and one death
at the 30/20 mg/kg bw/day dose)”. As the cause of the 3 mg/kg bw/day monkey’s moribund state was not
established it was not possible to identify a NOAEL.

Mutagenicity and Carcinogenicity

47. The COM considered the mutagenicity of PFOA in May 2005. PFOA has no apparent structural alerts for
mutagenicity and the evidence from animal studies is that absorbed material is not metabolised.

48. Members concluded that the plate incorporation bacterial mutagenicity tests using strains of
Salmonella typhimurium and Eschericia coli using sodium41 or ammonium42 perfluorooctanoate were
adequate and gave negative results. The in vitro hprt assay in Chinese hamster ovary (CHO) cells using
ammonium perfluorooctanoate43 also gave negative results.

49. PFOA (sodium salt) at high concentrations induced a reproducible response in the in vitro chromosomal
aberration assay in CHO cells in the presence of metabolic activation44. No evidence for chromosomal
aberrations was documented in the absence of exogenous metabolic activation. It was not clear to what
extent the positive results reported were due to cytotoxicity. Ammonium perfluorooctanoate also
increased chromosomal aberrations in CHO cells in the presence of exogenous metabolic activation45.
However, for this study there was clear evidence of cytotoxicity at the same dose level. The COM
concluded that the positive results were likely to represent a cytotoxic response.

50. Sodium perfluorooctanoate in the absence and presence of metabolic activation had not induced
chromosomal aberrations in cultured human whole blood lymphocytes when tested up to doses that
were cytotoxic46.

51. No evidence for a mutagenic effect was found in mouse bone marrow micronucleus assays testing
single oral gavage doses of up to 5000 mg/kg bw sodium perfluorooctanoate47 or 1990 mg/kg bw
ammonium perfluorooctanoate48. The COM considered the in vivo bone marrow mouse micronucleus
studies had been adequately conducted. However, it was noted that there was no direct measure of
exposure of the bone marrow in the test materials.
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52. Overall, the COM concluded that PFOA was not mutagenic, however, a plausible in vitro mechanism
for the positive response in the in vitro chromosomal aberration assay in CHO cells was required to
reassure COM about this conclusion.

53. The carcinogenicity of PFOA has been investigated in two dietary exposure studies in Sprague-Dawley
rats49,50. Ammonium perfluorooctanoate was administered to Sprague-Dawley rats at levels of 0, 30 ppm
(mean achieved dose levels 1.3 and 1.6 mg/kg bw/day in males and females, respectively) or 300ppm
(mean achieved dose levels 14.2 and 16.1 mg/kg bw/day in males and females, respectively) in the diet for
104 weeks49. Dose-related non-neoplastic liver effects included megalocytosis, cystoid degeneration and
portal mononuclear infiltration. Red blood cell counts, haemoglobin and haematocrit values were
minimally decreased in the high-dose male rats compared to control values. There were statistically
significant decreases in the following parameters: erythrocytes at 6, 12 and 18 months; haemoglobin at
3 and 18 months; and haematocrit at 3, 12 and 18 months. In high dose females, erythrocyte count,
haemoglobin and haematocrit were statistically significantly decreased at 12 months. Mean leucocyte
counts were increased in the low-dose male group compared to control values, throughout the first
year, but not in the high dose group. Statistically significant increases were observed: in lymphocyte
counts at 3 months in the high- and low-dose groups, and at 6 and 18 months in the low-dose group;
and in neutrophil counts at 12 months in both groups. No statistically significant haematological
changes were evident in low dose males and females at 24 months. On the basis of increases in liver
weight and hepatic changes in males, and reduced body weight gain and haematological changes in
females the NOAEL was 1.3 mg/kg bw/day in males and 1.6 mg/kg bw/day in females. BMD modelling of
induced hepatocytic megalocytosis in male rats, by COT, estimated the BMD10 and BMDL10 at 1.1 and
0.74 mg/kg bw/day, respectively. A significant increase in female mammary fibroadenomas was
considered not to be significant by the study authors when compared to historical control data. PFOA
also induced an apparent dose-related increase in Leydig cell adenomas, which was not significant
compared to historical control incidence. COC members were concerned to note the occurrence of at
least two viral infections in the rats used in this study. This limited the value of the results.

54. Biegel et al.,50 investigated a single high dietary dose of PFOA (300 ppm for 24 months; mean achieved
dose level 13.6 mg/kg bw/day) in male rats and reported increased incidences of hepatocellular
adenomas, Leydig cell adenomas and pancreatic acinar cell adenomas. Serum estradiol concentrations
were significantly increased in treated animals. COC noted that this study was not designed to identify
a NOEL. In light of the pancreatic acinar cell adenoma findings the pancreas slides from the earlier
study49 were reassessed and the occurrence of proliferative lesions of the pancreatic acini was
confirmed51.

55. A hypothesis had been put forward which proposed that PFOA induces liver, Leydig cell and pancreatic
acinar cell tumours via PPAR-alpha activation and that because of lack of relevance of this mode of
action in human carcinogenicity, PFOA is unlikely to induce such tumours in humans52. COC agreed with
the proposal by Klaunig et al. that activation of aromatase and subsequent increases in serum estradiol
levels were suggestive that a mode of action (MOA) could be proposed for the Leydig cell tumours.
However, studies in PPARa-null mice had shown PFOA-induced liver effects53, which is not consistent
with the proposed MOA for liver tumours52. COC did not consider it possible to propose MOAs for the
liver and pancreatic tumours reported50.
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56. COC concluded that for the purpose of the risk assessment, it would be acceptable to use a threshold
approach, and to select an appropriate NOAEL for a precursor event for the most sensitive tumour and
that an uncertainty factor of 100 would be appropriate for this endpoint.

57. In two linked, retrospective cohort studies of mortality in an occupationally exposed population54,55,
small increases were reported in death from cancer of the large intestine and from cancer of the
prostate in employees with over 1 year definite exposure to PFOA. Standardised mortality ratios were
zero, i.e. there were no cases reported, for tumour types observed in the two year rodent
carcinogenicity study. COC considered that none of the effects reported were significant for risk
assessment.

Developmental and reproductive toxicity

58. A number of prenatal developmental toxicity studies with PFOA have been conducted in rats, mice
and rabbits.

59. Time-mated Sprague-Dawley rats (22/dose group) were administered 0, 0.05, 1.5, 5 and 150 mg/kg bw/day
PFOA by gavage on GD 6-1556. Animals were sacrificed on GD 20. The only statistically significant sign of
maternal toxicity was a reduction in mean maternal body weights (150 mg/kg bw/day dose group).
Administration of PFOA during gestation did not affect the ovaries or reproductive tract of the dams.
Based on signs of maternal toxicity the NOAEL was 5 mg/kg bw/day. The NOAEL indicated for
developmental toxicity was 150 mg/kg bw/day, the highest dose tested.

60. Gortner57 administered four groups of pregnant New Zealand rabbits (18/dose group) doses of 0, 1.5, 5,
and 50 mg/kg bw/day PFOA by gavage on GD 6-18. Fetuses were examined for gross abnormalities and
placed in a 37˚C incubator for a 24 hour survival check. A transient, but statistically significant, reduction
in maternal body weight gain was noted on GD 6-9, but body weights returned to control levels on GD
12-29. The authors concluded that because this was the only sign of maternal toxicity, the NOAEL was
50 mg/kg bw/day. A dose-related increase in a skeletal variation (extra ribs or 13th rib) was the only sign
of developmental toxicity. Incidence was 16, 20, 30 and 38% in 0, 1.5, 5, and 50 mg/kg bw/day dose
groups and this reached statistical significance in the high dose group. The authors concluded that the
NOAEL was 5 mg/kg bw/day on the basis of the skeletal variation observations.

61. Staples et al.,58 administered PFOA (0 and 100 mg/kg bw/day) to pregnant rats in two oral dosing
studies for GD 6-15. Study one sacrificed dams at GD 21 and study two allowed parturition and
sacrificed pups on postnatal day (PND) 35. Three out of the twenty five dams in study one died in the
100 mg/kg bw/day PFOA dose group (one on GD 11 and two on GD12). Food consumption and body
weights were reduced in treated animals compared to controls. No adverse effects were noted in any
of the reproductive parameters assessed. Fetal weights and incidences of malformation were similar in
the control and treated animals. Study two noted similar clinical signs in dams as in study one and no
significant effects of PFOA treatment on reproductive performance or in the pups.
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62. In a two-generation rat study PFOA was administered by oral gavage (0, 1, 3, 10 and 30 mg/kg bw/day) 
to the F0-generation rats, beginning at 6 weeks of age and at least 10 weeks before cohabitation59.
F1-generation rats were treated at the same dosage levels as their respective sires and dams beginning 
at weaning (lactation day (LD) 22). F0-generation males were 106-110 days of age at sacrifice and 
F1-generation males were 109-120 days of age at sacrifice.

63. At terminal sacrifice F0-generation male rats showed liver and kidney weight increases at all doses, i.e.
for these effects it was not possible to establish a NOAEL and decreased body weights at 3 mg/kg
bw/day and above. F1-generation male rats, also at terminal sacrifice, showed significantly decreased
body weights and increased liver weights at all doses. The absolute weights of the left and/or right
kidneys were significantly increased in the 1 and 3 mg/kg bw/day dose groups and significantly decreased
in the 30 mg/kg bw/day dose group compared to controls. F0-generation females showed decreases
in relative liver weight at 10 mg/kg bw/day, and decreases in absolute and relative kidney weights at
30 mg/kg bw/day. BMD modelling by the COT of the absolute liver weight data in the F0-generation
male rats estimated that the BMD10 and BMDL10 were below the tested dose range at 0.68 and
0.31 mg/kg bw/day, respectively. For F1-generation male rats BMD10 and BMDL10 for absolute liver weight
data were estimated to be 0.78 and 0.31 mg/kg bw/day, respectively. Body weights were assessed in
directly-dosed rats during different periods of sexual development. Findings showed a greater sensitivity
of sexually mature male rats to PFOA-induced bodyweight effects compared to sexually immature rats.
Statistically significant decreases in bodyweight were present only at 30 mg/kg bw/day during the
juvenile period (from PND 21 to 35) and peripubertal period (PND 36-60) but were present in all dose
groups by the last three weeks of dosing in sexually mature male rats. The authors concluded that this
may be related to differences in testosterone levels during different development phases. Thus, lower
serum testosterone levels in male rats during the juvenile and peripubertal periods of sexual
development may be associated with PFOA elimination kinetics similar to that of the female rat, i.e.
more rapid renal clearance and shorter serum half-life, as demonstrated by numerous studies7,14,60.

64. Reproductive endpoints were not affected in either generation. The 30 mg/kg bw/day F1-generation pups
had decreased body weight at birth and a reduced viability, however, F2-generation pups at the same
dosage levels, although somewhat lighter, did not show a loss in viability. Preputial separation and
vaginal opening were somewhat delayed at 30 mg/kg bw/day in the F1- and F2-generation rats but this
had no apparent consequences with regard to reproductive performance of F1-generation rats. The
NOAELs were; 30 mg/kg bw/day for reproductive function of the F0- and F1-generation, 10 mg/kg bw/day
for F1-generation pup mortality, birth weight, and sexual maturation, and a NOAEL could not be
determined for male body weight and organ weight changes, as effects were observed in the lowest
tested dose group (1 mg/kg bw/day). The NOAEL for F2-generation rats was 30 mg/kg bw/day, the highest
tested dose.
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65. A recently published study investigated the developmental toxicity of PFOA (0, 1, 3, 5, 10, 20, and
40 mg/kg bw/day by oral gavage daily from GD 1-17) in timed-mated CD-1 mice17. Maternal absolute liver
weight at term (n = 9-45 per dose group) was statistically significantly increased at all dose levels, and
BMD5 and BMDL5 were estimated, by the study authors using the US EPA Benchmark Dose Software, at
0.20 and 0.17 mg/kg bw/day, respectively. In contrast to findings in the rat59, in mice Lau and colleagues
observed statistically significant increases in the incidence of full-litter resorptions and neonatal
mortality at 5 mg/kg bw/day and above. No significant increase in malformations was noted in any
treatment group. The incidence of live birth was significantly lowered by PFOA: approximately 70% for
the 10 and 20 mg/kg bw/day groups compared to 96% for controls. Neonatal survival at postnatal day 23
was significantly compromised at 5 mg/kg bw/day and above. The BMD5 and BMDL5 for this effect were
estimated at 2.84 and 1.09 mg/kg bw/day, respectively. Dose-dependent growth deficits were detected in
all PFOA-treated litters except the 1 mg/kg group. Significant delays in eye-opening (up to 2-3 days) were
noted at 5 mg/kg and higher dosages. Accelerated sexual maturation was observed in male offspring
(preputial separation), but not in females. The authors of this study hypothesise that the species
difference in terms of developmental toxicity of PFOA in rats and mice is, in part, due to the differential
pharmacokinetic disposition of the chemical. In addition they propose that the lack of a sex-related
difference in the pharmacokinetics of PFOA in humans, non-human primates and mice suggests that
findings in mice maybe more appropriate for the purposes of species extrapolation in the human health
risk assessment. However, the COT noted that it would also be necessary to consider relative sensitivity
alongside sex- and species-related differences in pharmacokinetics before concluding studies in one
species are more appropriate than in another species. At the request of the COT, the study authors
agreed to repeat the BMD modelling in order to provide estimates of BMD10 and BMDL10 for maternal
liver weight at term, which appears to be the most sensitive endpoint in this study. The BMD10 and
BMDL10 were estimated to be 0.52 and 0.46 mg/kg bw/day, respectively.

Mechanistic studies

66. Cook et al.61, carried out a 14-day gavage study to investigate possible mechanisms of induction of the
Leydig cell adenomas, reported in the 2-year feeding study49. Adult male CD rats were administered 0, 1,
10, 25, or 50 mg/kg bw/day PFOA by gavage for 14 days, with a second control group pair-fed to the
50 mg/kg bw/day group. A dose-dependent decrease in body and relative accessory sex organ (ASO)
weights was seen, with the relative ASO weights of the 50 mg/kg/day group significantly less than those
of the pair-fed controls. Serum oestradiol levels were elevated in the 10, 25, and 50 mg/kg bw/day dose
groups, and levels in the 50 mg/kg bw/day group were 2.7-fold greater than in pair-fed controls.
A statistically significant downward trend with dose was seen in serum testosterone levels when
compared to ad libitum controls. Animals administered PFOA for 14 days were also challenged with
human chorionic gonadotropin (hCG), gonadotropin-releasing hormone (GnRH), or naloxone (which
antagonises the inhibitory effects of endogenous opioids on GnRH release) one day prior to
termination. Results suggested decreases in testosterone levels following PFOA exposure were due to an
effect at the level of the testis. The elevated oestradiol levels in treated rats were hypothesised as being
responsible for the decreased relative ASO weight and serum testosterone levels seen in this study as
well as the increased incidence of Leydig cell adenomas in the 2-year feeding study with PFOA.
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67. In a mixture of in vivo, ex vivo and in vitro studies Biegel et al.,62 investigated the mechanism for PFOA
induction of Leydig cell tumours. In the in vivo and ex vivo studies, male CD rats were treated with 0
and 25 mg/kg bw/day PFOA for 14 days by gavage. Findings in the in vivo study were statistically
significant increases in the serum and testicular interstitial fluid oestradiol concentrations in the treated
group. Testicular interstitial TGFa levels were also raised in dosed animals.

68. Leydig cells were isolated from the testes of PFOA-treated and untreated rats for the ex vivo and
in vitro studies, respectively. Treatment of Leydig cells in vitro with PFOA (100-1000 mM for 5 hours)
followed by hCG stimulation resulted in a dose-dependent decrease in testosterone production. In
contrast the ex vivo studies, which stimulated Leydig cells from PFOA-treated rats with hCG,
demonstrated an increase in testosterone production.

69. Three immunotoxicity studies of PFOA have been conducted in mice53,63,64. PFOA in the diet (200 ppm in
food, approximately equivalent to 30 mg/kg bw/day) of male C57Bl/6 mice for 2, 5, 7 or 10 days resulted
in significant atrophy of the spleen and thymus63. The time-course of the thymic and splenic atrophy
resembled that of liver weight increases and of peroxisome proliferation. PFOA treatment decreased the
number of thymocytes and splenocytes by >90% and about 50%, respectively. Accumulation of
thymocytes in the G0/G1 phase (assessed by flow cytometric analysis) indicated that thymocyte
proliferation had been significantly inhibited by PFOA treatment.

70. Dose-dependency of PFOA effects was tested in male C57Bl/6 mice administered PFOA in the diet (10,
30, 100, 200 and 500 ppm in the diet, approximately equivalent to 1.5, 4.5, 15, 30 and 75 mg/kg bw/day)65.
Significant increases in peroxisome proliferation (measured as induction of acyl-CoA oxidase) were
observed at all doses. Liver weight increased with all doses, reaching statistical significance at doses of
30 mg/kg bw/day and above. Thymus and spleen weights were significantly decreased at 15, 30 and
75 mg/kg bw/day. PFOA-induced atrophy of the thymus was more severe than atrophy of the spleen.
Following a 5 or 10 day recovery period after treatment with 30 mg/kg bw/day the weights of spleen
and thymus, respectively, recovered to control values whereas liver weight had not returned to control
values. Following withdrawal of PFOA no changes were noted in splenocyte or thymocyte numbers
during the first 2 days, but cell numbers returned to normal between days 5 and 10. The study authors
considered that the effects in the thymus were due to inhibition of cell proliferation.

71. Specific humoral immune responses in male C57Bl/6 mice, administered 200 ppm PFOA in the diet
(equivalent to approximately 30 mg/kg bw/day) for 10 days, were assessed using a plaque forming cell
assay and serum antibody titre assay64. PFOA treatment prevented increased plaque formation and
serum IgG and IgM titres in response to immunisation with horse red blood cells. PFOA also exerted
immunosuppressive effects on lipopolysaccharide- and concanavalin A-stimulated proliferation of
splenic lymphocytes.
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72. PPARa-null mice, which do not exhibit peroxisome proliferation or hepatomegaly and
hepatocarcinogenesis after exposure to peroxisome proliferators, did not show significant changes in
body or spleen weight or the number of splenocytes after administration of 30 mg/kg bw/day for 7
days53,63,64. The decrease in thymus weight and cellularity observed in wild-type mice was attenuated,
but not totally eliminated, in PPARa-null mice. Significantly the increases in liver weight observed in
wild-type mice was virtually unaltered in null mice exposed to PFOA, indicating that this may not be a
PPARa mediated effect. However, hepatic peroxisome proliferation was not observed in PFOA-treated
PPARa-null mice.

COT evaluation

73. The COT considered it appropriate to take a threshold approach to establishing a tolerable intake for
PFOA, in accordance with the advice of COM and COC. This is based upon predominantly negative
genotoxicity in standard in vitro and in vivo assays and equivocal evidence for carcinogenicity. The
positive response from the in vitro chromosomal aberration assay was considered to most likely
represent a cytotoxic response.

74. COC considered that it was not possible to propose a PPARa agonist mode of action for the liver and
pancreas tumours induced by PFOA. Therefore, relevance of these tumours to humans could not be
discounted. For the purpose of the risk assessment, the COC concluded that selection of a NOAEL for a
precursor event for the most sensitive tumour (liver or pancreas) as the critical effect level would be
appropriate for the derivation of a safety limit.

75. There is considerable uncertainty regarding the pharmacokinetics of PFOA in rats and humans, especially
in relation to human half-life data. Studies have provided some insight into possible mechanisms for the
sex-related difference in PFOA elimination in rats. However, the rapid elimination of PFOA by female rats
suggests that developmental/reproductive toxicity studies in this species may not be particularly
informative for the risk assessment of PFOA for human health.

76. Due to the long half-life of PFOA in humans, estimated on the basis of the available data, the risk
assessment for PFOA could be based on a comparison of the internal dose of PFOA from animals, for a
specific endpoint, with the internal dose in humans. This approach is somewhat analogous to using a
margin of exposure, calculated as the ratio of the NOAEL or LOAEL for a specific endpoint to the
estimated human exposure level. However, the toxicokinetics of PFOA in rodents and humans are not
yet fully understood. The sex-related difference in half-life of PFOA in rats was particularly noted as a
source of uncertainty, as the active renal clearance in female rats is specific to that species. Therefore,
the use of internal doses for the risk assessment was not considered appropriate on the basis of
available data.

77. Considering the non-hepatic toxicity of PFOA, the lowest LOAEL indicated in the database was 
1 mg/kg bw/day for kidney weight increases in the F0- and F1-generation males in the two-generation
rat reproductive study59. Haematological effects were observed in male rats at interim sacrifices,
but not at the terminal sacrifice, of a two year carcinogenicity study49 at the lowest tested dose of
1.3 mg/kg bw/day. In female rats the NOAEL for haematological changes was 1.6 mg/kg bw/day (the
lowest tested dose).
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78. The database indicates that hepatic effects in rodents may occur at lower doses than non-hepatic
effects. The lowest no observed effect level (NOEL) was 0.06 mg/kg bw/day for increased liver weight
seen at 0.64 mg/kg bw/day in a 13-week dietary study in rats35,36. COT estimated that BMDL10s for
increased absolute liver weight at week 4, 7 and 13 sacrifices were 0.4, 0.3 and 0.44 mg/kg bw/day,
respectively. A BMDL10 of 0.74 mg/kg bw/day was estimated for hepatocytic megalocytosis in male rats
of the two-year carcinogenicity study49. A LOAEL of 1 mg/kg bw/day was identified for increased liver
weight, and focal to multifocal hepatic necrosis in the F0- and F1-generational male rats in the two-
generation reproductive study59, and BMDL10s were 0.31 mg/kg bw/day in both generations. Increased
maternal liver weight was also reported in the reproductive toxicity study in mice17. The BMDL5
estimated, by the study authors, for increased maternal absolute liver weight was 0.17 mg/kg bw/day
(almost one order of magnitude below the lowest tested dose). A benchmark response rate of 10% is
more commonly used in order to be within the observed dose range. At the request of the COT, the
authors of this study remodelled the data to estimate BMD10 and BMDL10 for maternal liver weight at
term. These were 0.52 and 0.46 mg/kg bw/day, respectively.

79. For deriving a tolerable daily intake (TDI) a dose level of 0.3 mg/kg bw/day was selected as a suitable
point of departure expected to be without adverse effect on the basis of a number of endpoints of
PFOA toxicity.

80. An uncertainty factor of 100 was applied to allow for inter- and intra-species variation. Therefore, the
TDI indicated for PFOA is 3 mg/kg bw/day.

Exposure assessment

81. The Food Standards Agency has completed an analysis of composite food groups samples from the
2004 Total Diet Study (TDS) for a range of fluorinated chemicals, including PFOA and PFOS66. The TDS
models the typical UK diet and is fully described in Food Survey Information Sheet 38/0367.

82. PFOA was only detected at a concentration above the limit of detection in the potatoes food group.

83. The estimated average and high level adult intakes of PFOA from the whole diet in 2004 were 0.001-
0.07 mg/kg bw/day and 0.003-0.1 mg/kg bw/day (range of lower to upper bound figures)†, respectively.
Estimated high level dietary intake for toddlers was 0.01-0.3 mg/kg bw/day (range of lower to upper
bound figures). These estimated intakes of PFOA from the diet are below the TDI recommended by
the COT.
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† Upper bound concentrations assume that PFOA is present at the reporting limit for those food groups in which PFOA is present at
concentrations below the reporting limit (limit of detection), and therefore could be an overestimate of the true concentrations. By
contrast, lower bound concentrations assume that PFOA is absent for those food groups in which PFOA is present at concentrations
below the limit of detection, and will therefore be an underestimate of the true concentrations. The range between the lower and
upper bound values demonstrates the uncertainty in these exposure estimates and the true values will lie somewhere between the
upper and lower bounds.



Conclusions

84. We recommend a TDI of 3 mg/kg bw/day be established, based on the range of effects on the liver,
kidney, haematological and immune systems. We consider that the TDI is adequate to protect against
other potential effects, such as cancer.

85. We note the results of the Food Standards Agency analysis of composite food group samples from the
2004 Total Diet Study (TDS) that estimated high level adult dietary intakes of PFOA are lower than the
recommended TDI. The estimated intakes are not of concern regarding human health.

COT Statement 2006/10
October 2006
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Statement on the tolerable daily intake for perfluorooctane sulfonate

Introduction

1. Perfluorooctane sulfonate (PFOS) has the potential to enter the food chain and could have a negative
health impact on humans. The Food Standards Agency commissioned analysis of the 2004 Total Diet
Study samples for PFOS and the Committee was invited to consider the toxicology of PFOS and the
results of the analysis.

Background

2. Perfluorooctane sulfonate is a member of the large chemical class of fluorochemicals referred to as
perfluorinated alkyl compounds. All perfluorinated substances are of anthropogenic origin. These
fluorochemicals have excellent surfactant properties and are widely used in the manufacture of
plastics, electronics, textile, and consumer material in the apparel, leather, and upholstery industries1.
The term PFOS covers its anionic, acid and salt forms, and the PFOS-moiety (the C8F17SO2 group) is
incorporated into a variety of compounds (referred to as PFOS-related substances) that have the
potential to degrade subsequently to PFOS either metabolically or through environmental processes.
PFOS is widely distributed on a global scale and has been identified in various food chains2.

3. The major US manufacturer 3M announced in 2000 the voluntary cessation of production of PFOS and
chemically-related substances due to reports of persistence and widespread exposure of wildlife and
humans. Subsequent limited availability of PFOS-related substances and action within relevant industry
sectors to decrease dependence on these substances have led to a significant reduction in the use of
PFOS across the EU since 2002.

4. A hazard assessment for PFOS has been produced under the Existing Chemicals Programme of the
Organisation for Economic Co-operation and Development (OECD)3. Given the widespread occurrence
of PFOS the OECD evaluation recommended that national or regional exposure information gathering
and risk assessment may need to be considered. The Environment Agency for England and Wales
consequently reviewed the environmental risks of PFOS use and concluded that PFOS meets the criteria
for classification as a Persistent, Bioaccumulative and Toxic (PBT) substance4. In June 2005 the Swedish
Environment Ministry announced that it will propose a ban for PFOS to the United Nations under the
Stockholm Convention. Sweden also filed a national ban on PFOS to the European Commission.

Evidence considered in this evaluation

5. The COT has not previously evaluated PFOS. From an initial assessment of the relevant information it
was considered essential to have advice from the Committees on Mutagenicity (COM) and
Carcinogenicity (COC) regarding the genotoxicity of PFOS and whether it was appropriate to assume the
existence of a threshold for carcinogenicity. The recommendations provided by the COM and COC are
summarised in this statement.

6. The evaluation considered published literature and unpublished final reports of toxicology studies
largely conducted by, or on behalf of, 3M.

Annual Report 2006

110



7. Specialist teratology advice was sought from Professor Aldert Piersma (National Institute for Public
Health and the Environment, The Netherlands) and his conclusions regarding the reported teratology
findings are gratefully acknowledged.

Chemical information

8. The high ionization potential and low polarizability of fluorine lead to weak inter- and intra-molecular
interactions that are reflected by the extremely low surface tension of the perfluoroalkyl acids. Their
partitioning behaviour is also unique; when they are mixed with water and hydrocarbons, three
immiscible phases are formed, indicating the hydrophobic and oleophobic nature of these chemicals.
Consequently, these compounds are ideal surfactants. Due to the strength of the carbon-fluorine
bonds, these compounds are highly stable leading to their persistence and bioaccumulative properties2.

Figure 1 – Structure of perfluorooctane sulfonic acid (PFOS acid)

9. The perfluorooctane sulfonate anion (PFOS), does not have a CAS number, but that of the
perfluorooctane sulfonic acid (Figure 1, C8F17SO3H, molecular weight: 500) is 1763-23-1.

10. The Environment Agency has published a draft list of 96 PFOS-related substances which have the
potential to degrade to PFOS4. Current information strongly supports a conclusion that PFOS and its
salts cannot be broken down further chemically3. However, only limited data are available on the
toxicology of the PFOS-related substances, such as 2-(N-ethylperfluorooctanesulfonamido)ethyl
alcohol (N-EtFOSE, Figure 2).

Figure 2 – Structure of N-ethylperfluorooctanesulfonamido-ethanol (N-EtFOSE).

S

F

F

F

N

O

O

F F F F F F F F

F FFF F F
CH3

OH

S

F

F

F

HO

O

O

F F F F F F F F

F FFF F F

111



11. PFOS is manufactured by a process known as Simons Electro-Chemical Fluorination (ECF). 3M reports a
final product from ECF of approximately 70% linear PFOS and 30% branched impurities, including odd
and even chain lengths. Although not specifically reported by 3M, manufacture of PFOS-related
substances by ECF is assumed to result in the same proportion of linear and branched products.

12. Two determinations of the water solubility of PFOS have been reported. The average results were
519 mg/L at 20 6 0.5°C, and 680 mg/L at 24-25°C. The surface active properties of the substance make a
direct determination of the octanol-water partition coefficient impossible. In a preliminary study
reported by 3M an inseparable emulsion was formed. 3M determined the solubility of PFOS in octanol
as 56 mg/L.

Toxicological profile

13. The majority of the toxicology studies of PFOS have been conducted with its potassium salt
(approximately 70% linear PFOS and 30% branched impurities), a white crystalline powder at normal
temperature and pressure. No data are available on the relative toxicity of the non-linear contaminants
of the test chemical.

Toxicokinetics – rat

14. Toxicokinetic data for potassium perfluorooctane sulfonate are available from five studies in the rat.
These show that rather than bioconcentrating in the lipid fraction, PFOS tends to bind to plasma
proteins.

15. Over 95% of an oral dose (4.2 mg/kg bw) of 14C-PFOS was absorbed within 24 hours by male rats
(8 weeks old)5. The redistribution half-life from plasma was 179 hours (7.5 days).

16. In two repeat dose studies to investigate the toxicokinetics of PFOS over the course of gestation, non-
radiolabelled PFOS was administered by oral gavage to F0 female rats. In the first study, PFOS was
administered daily for 42 days prior to mating and continued through gestation day (GD) 20 at dose
levels of 0, 0.1, 0.4, 1.6, and 3.2 mg/kg bw/day6. In GD 21 fetuses, serum PFOS levels were comparable to
those of dams, but the fetal liver PFOS levels were considerably lower than in dams. In the second
study female rats were dosed daily for 43 days prior to mating and through until confirmation of mating
at three dose-levels, 0, 0.1, and 1.6 mg/kg bw/day PFOS7. As with the earlier study there was a dose-
related increase in the levels of PFOS in the liver and serum, with much higher levels present in the liver
than in the serum of both dams and pups.

17. Tissue distribution and extent and route of excretion of 14C-PFOS were investigated in 8 week old male
rats treated with a single dose of 4.2 mg/kg bw (i.v. tail vein)8. By post-dosing day 89, mean urinary
excretion was 30% of administered 14C, compared with 13% of administered 14C excreted via faeces. Only
liver and plasma contained a substantial percentage of the dose at 89 days post dosing, 25% and 2.8%,
respectively. Elimination of only 42.8% of the dose through urine and faeces after 89 days indicated that
the terminal half-life of elimination from the body was probably >89 days in the male rat.
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18. PFOS undergoes considerable enterohepatic recirculation in the ra9. A 9.5-fold greater elimination of
PFOS via faeces was observed in rats with disrupted enterohepatic circulation (induced by
cholestyramine treatment) than for animals with normal enterohepatic circulation (mean percentage of
dose eliminated via faeces in control rats was 8%).

Toxicokinetics – non-human primates

19. The pharmacokinetics and urinary excretion of PFOS, following a single i.v. bolus dose of 2 mg/kg bw,
have been reported for male and female cynomolgus monkeys10. The serum concentration versus time
data were subjected to non-compartmental pharmacokinetic analysis and the authors estimated that
the serum terminal half-life of PFOS ranged from 122 to 146 days (mean: 132 days) in male monkeys and
from 88 to 138 days (mean 110 days) in female monkeys. The study authors further concluded that these
results provided no clear indication that the pharmacokinetics of PFOS were different in male and
female monkeys.

20. In a six month study of PFOS toxicity, cynomolgus monkeys (4-6/sex/group) received 0, 0.03, 0.15 and
0.75 mg/kg bw/day by intragastric intubation of a capsule dose for at least 26 weeks11,12. Two
monkeys/sex/group in the control, 0.15 and 0.75 mg/kg bw/day dose groups were monitored for one year
following the end of treatment. Six months after cessation of treatment the control and 0.75 mg/kg
bw/day dose group monkeys underwent partial hepatectomy. Serum PFOS concentrations showed a
linear increase with time in both the low- and mid-dose groups and a non-linear increase in the high-
dose group. Serum PFOS concentrations in the high-dose group monkeys appeared to plateau at
approximately 20 weeks. The serum PFOS elimination curves, during the recovery phase, appeared to be
multiphasic in the high dose group and linear in the mid-dose group. During the first 23 weeks of the
recovery phase serum concentrations in the high dose group decreased at a faster rate (half-life for
elimination approximately 120 and 150 days in male and female monkeys, respectively) than in the mid-
dose group (approximate half-life for elimination 180 days). However, towards the end of the one-year
recovery period the slopes of the two recovery group elimination curves were similar (elimination half-
life of approximately 180 days). This study did not show evidence for differences in pharmacokinetics
between male and female monkeys.

Toxicokinetics – human

21. In 1976, Taves et al.,13 reported that human serum samples contained non-ionic (organic) fluorine from
perfluorocarbons. Preliminary evidence in 1979 from a 3M fluoropolymer production facility, showed
that total serum organic fluorine levels for five employees were 4.1-11.8 parts per million (ppm), and that
55-80% of that was PFOS14. More recently PFOS was detected in 50% of non-occupationally exposed
human blood donor samples in India and 100% of human blood samples in Poland, Italy, Belgium, USA
and Japan15.
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22. There is some inconsistency with regard to the half-life of PFOS in humans. One study following 
3 retired 3M workers for five and a half years suggested a mean elimination half-life of 1428 days
(approximately 4 years)16.

23. The first report from an ongoing study following 27 retirees from a 3M production plant derived an
elimination half-life of 139-640 days17. A mean serum half-life for PFOS of 8.7 years (S.D. = 6.1; range 2.3 – 21.3)
was reported more recently18. The investigators have listed a number of limitations, and a number of
attempts have been made to minimise the experimental error using selected subjects. No effort was
made to determine, or control for, retiree re-exposure or endogenous metabolism of other
perfluorinated chemicals to PFOS, both potentially leading to artificially long half-life estimations.

24. An analysis of PFOS concentrations in Kyoto City residents identified a sex-related pharmacokinetic
difference19. Pre-menopausal females had higher serum PFOS concentrations than post-menopausal
females and males. At an approximate age of 60 years, serum concentrations in post-menopausal
females decreased to the level in males. Elimination in urine was approximately one-fifth of total PFOS
elimination, assuming a one-compartment model.

25. PFOS can cross the human placenta20. PFOS concentrations in Japanese maternal blood samples were
4.9-18 ng/mL, whereas those in fetal samples were 1.6-5.3 ng/mL. The mean ratio of cord to maternal
blood PFOS concentrations was 0.32 (range 0.23-0.41), indicating that PFOS may bind to a different
extent in the fetal circulation.

26. A number of studies have assessed the levels of PFOS in blood of non-occupationally exposed humans.
However, there have been no reports of levels of PFOS in UK subjects. The largest PFOS biomonitoring
study of adults in the United States21 (645 Red Cross blood donors aged 20 – 69), reported a geometric
mean serum concentration of 36 ng/mL (ppb). Given the consistency of the data in this large study with
that of smaller studies in US and European populations, the authors hypothesised that the average
serum PFOS concentrations in non-occupationally exposed populations may range from 30 to 40 ppb
with 95% of a population’s serum PFOS concentrations below 100 ng/mL.

27. A comparison of PFOS levels in 59 paired samples collected in 1974 (serum) and 1989 (plasma) from
volunteer participants of a large community health study indicated serum concentrations of PFOS were
statistically significantly higher in 1989 than 1974 (median concentrations of 34.7 ng/mL and 29.5 ng/mL,
respectively, representing a 25% increase)22. The same study reported only a 9% increase in serum PFOS
concentrations from 1974 to 1989 in non-paired samples adjusted for age and sex (120 samples/year) and
this was not statistically significant. The levels of PFOS in 1989 were comparable to the levels in the Red
Cross blood donor study21.

28. In blood samples collected from the United States, Colombia, Brazil, Belgium, Italy, Poland, India,
Malaysia and Korea PFOS was the predominant perfluorochemical detected15. The highest concentrations
were in samples from the U.S. and Poland (>30 ng/mL). Levels were lowest in India (<3 ng/mL) and the
others were in the range of 3–29 ng/mL. No age- or sex-related differences were found.
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29. The primary binding proteins in human plasma have been identified by incubating PFOS with seven
separate human-derived plasma protein fractions at two different protein fraction concentrations (10%
and 100% physiological concentrations)23. The percentage of PFOS bound to each human plasma protein
at 100% physiological concentrations was 99.8% for albumin, 95.6% for beta-lipoprotein, 59.4% for alpha-
globulin, 24.1% for gamma globulin, and <0.1% for each of fibrinogen, alpha-2-macroglobulin, and
transferrin.

Acute and sub-acute toxicity

30. The oral LD50 in rat is 230 and 270 mg/kg bw (160-340 and 200-370 mg/kg bw, 95% confidence limits) for
males and females, respectively24.

31. Five sub-acute studies of PFOS have been conducted: two dietary studies in rats (a 90-day study25 and a
combined 4- and 14-week study26), two 90-day gavage studies in rhesus monkeys27,28 and a 26 week
study in cynomolgus monkeys11,12.

Rat

32. In the 90-day study25, Sprague-Dawley rats (5/sex/group) were administered potassium PFOS in the diet
(mean achieved doses; 0, 2, 6, 18, 60, and 200 mg/kg bw/day). All the animals in the 18, 60, and 200
mg/kg bw/day dose groups died. Increased relative and absolute liver weights were reported at 2 and
6 mg/kg bw/day.

33. The second study26, describes data from interim sacrifices at 4 and 14 weeks of a 2-year cancer bioassay.
PFOS (potassium salt) was administered in the diet (mean achieved doses; 0, 0.05, 0.20, 0.42, and
1.6 mg/kg bw/day at 4 weeks, and 0, 0.04, 0.14, 0.37, and 1.40 mg/kg bw/day at 14 weeks) to Sprague-
Dawley rats (5/sex/group) for 4 or 14 weeks.

34. Statistically significant effects were reported for the 1.6 mg/kg bw/day dose group at 4 weeks and the
1.4 mg/kg bw/day dose group at 14 weeks. At 4 weeks relative liver weights were significantly increased
but absolute liver weights were unchanged. Male rats had lower serum glucose levels and females had
elevated aspartate aminotransferase (AST) levels. Palmitoyl CoA oxidase activity in liver was 2-fold
higher than in controls.

35. At 14 weeks in the 1.4 mg/kg bw/day dose group, absolute and relative liver weights were significantly
higher in males and relative liver weight was significantly higher in females. Concentrations of PFOS in
the livers were comparable between the sexes, but PFOS levels in serum were 31-42% higher in females
than males. Compared with controls, males showed moderately lower serum cholesterol
concentrations, mildly raised alanine aminotransferase (ALT) values and both sexes had mildly raised
urea nitrogen values. Palmitoyl CoA oxidase activity in liver was not significantly different from controls.
Centrilobular hepatocytic hypertrophy and midzonal to centrilobular vacuolisation were seen in males
of the 0.37 mg/kg bw/day and 1.4 mg/kg bw/day dose groups and females of the 1.4 mg/kg bw/day group.
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36. Serum and liver PFOS concentrations were used to provide a means of estimating internal doses that
can be associated with effects and NOAELs. The mean serum PFOS concentration associated with the
NOAEL (0.37 mg/kg bw/day, on the basis of liver weight changes at 14 weeks) was 44 mg/mL in males and
67 mg/mL in females. These doses corresponded to PFOS levels in the liver of 360 mg/g and 670 mg/g in
males and females, respectively. A re-analysis of the data derived the lower 95% confidence interval of
the benchmark dose† at the 10% response level (BMDL10) for relative liver weights, the most sensitive
endpoint in this study, of 0.20 mg/kg bw/day for males and females.

Non-human primate

37. Two 90-day subchronic studies in rhesus monkeys provide few reliable quantitative data. In the first
study27, animals (2/sex/group) were treated by gavage with PFOS at 0, 10, 30, 100, and 300 mg/kg bw/day.
All treated animals died by day 20. Similar signs of toxicity were shown by all dose groups including
decreased activity, emesis with some diarrhoea, general body trembling, twitching and convulsions.
Necropsy showed yellowish-brown discoloration of the liver (no microscopic lesions on histological
examination) in the 100 and 300 mg/kg bw/day groups. Congestion, haemorrhage and lipid depletion of
the adrenal cortex were noted in all treatment groups.

38. Goldenthal et al.28 reported on a 90-day subchronic rhesus monkey study of 2 animals/sex/group dosed
at 0, 0.5, 1.5, and 4.5 mg/kg bw/day via gavage.

39. All monkeys in the highest dose group (4.5 mg/kg bw/day) died or were sacrificed in extremis between
weeks 5 and 7 of the study, having exhibited signs of gastrointestinal tract toxicity. After 30 days of
treatment, there was a significant decrease in serum cholesterol and a 50% drop in serum alkaline
phosphatase activity. There were no differences in mean organ weights compared to controls. In all
treated animals there was marked diffuse lipid depletion in the adrenals. Both females and one male
had moderate diffuse atrophy of the pancreatic exocrine cells with reduced size and loss of zymogen
granules. Both males and one female had moderate diffuse atrophy of serous alveolar cells of the
submandibulary salivary gland marked by decreased cell size and loss of cytoplasmic granules.

40. The 1.5 and 0.5 mg/kg bw/day dose groups survived until the end of the study and necropsy showed no
treatment related lesions. However, both groups showed signs of gastrointestinal tract effects (soft
stools and diarrhoea).
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41. Cynomolgus monkeys (6/sex/group) were treated with 0, 0.03 (4/sex/group), 0.15, and 0.75 mg/kg bw/day
PFOS by intragastric intubation of a capsule dose for at least 26 weeks11,12. Two monkeys/sex/group in the
control, 0.15 and 0.75 mg/kg bw/day dose groups were monitored for one year following the end of
treatment.

42. Two male animals in the high dose group died or were killed in extremis before the end of the dosing
period, with indications of pulmonary necrosis or hyperkalemia.

43. Females in the high dose group had significantly increased absolute liver weights and males and females
in this group had increased relative liver weights. Serum PFOS concentrations showed a linear increase
with time in the low- and mid-dose groups but the serum PFOS concentration in the high-dose group
was non-linear over time and appeared to plateau. Average liver to serum PFOS concentration ratios
were not dose-related and ranged from 0.9:1 to 2.7:1.

44. High-dose group males had lower haemoglobin levels, which was considered to be a treatment-related
effect. Serum total cholesterol values were significantly reduced in both sexes of the low- and high-
dose groups. HDL cholesterol values were significantly lower for males in the low-dose group, females
in the mid-dose group and for both sexes in the high-dose group. Due to the apparent lack of a dose
response, the observed decrease in HDL cholesterol values in males given 0.03 mg/kg bw/day was
considered, by the authors, unlikely to be a compound-related adverse effect. The significance of the
decrease in HDL cholesterol values in 0.15 mg/kg bw/day dosed females was considered difficult to
interpret, given the small number of study animals, lack of pre-study and interim HDL values and lack of
proportionate changes in total cholesterol.

45. There was a statistically significant increase (50%) in hepatic palmitoyl CoA oxidase activity in the
female 0.75 mg/kg bw/day dose group. In the 0.75 mg/kg bw/day dose group some animals presented
with centrilobular vacuolisation, hypertrophy and mild biliary stasis.

46. Serum samples collected on days 50, 40 and 27 prior to treatment and days 37, 62, 91, 182 and 184
(necropsy) of treatment were analysed by standard radioimmunoassay (RIA) methods for cortisol,
testosterone, estradiol, estrone, estriol, total triiodothyronine (T3), total thyroxine (T4), free T3 and free
T4. Thyroid stimulating hormone (TSH) was measured by a double antibody RIA developed for
determination of TSH in non-human primates that used human TSH standards, polyclonal rabbit
antihuman TSH antibodies and radiolabelled human TSH. In 0.15 and 0.75 mg/kg bw/day dosed males at
26 weeks, TSH values were increased and total T3 values were decreased. In the unpublished study
report 11 the study authors concluded that the NOAEL was, therefore, 0.03 mg/kg bw/day. Analysis of
thyroid hormone values was subsequently repeated by an independent laboratory on some of the
archived serum samples taken at necropsy (day 184) using equilibrium dialysis followed by RIA for free T4
and by standardised chemiluminometric immunoassays for the measurement of T3, T4 and TSH and
reported by Seacat et al.12 The reductions in T3 and increases in TSH values in the 0.15 mg/kg bw/day
dose group were not statistically significant in the second set of analyses. In both analyses, no dose-
related changes were detected in total and free T4 values.
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47. All effects appeared completely reversible on withdrawal of treatment. Taking account of the re-
analysis of male thyroid hormone values and acknowledging the uncertainty concerning the significance
of lowered HDL observed in females given 0.15 mg/kg bw/day, the authors of the published report
considered the study NOAEL was 0.15 mg/kg bw/day12.

48. The COT considered the application of Benchmark Dose modelling to the analytical results for TSH and
total T3 values from the two laboratories and concluded that the data were insufficiently robust for
BMD modelling to be applied with confidence. Therefore, although probably conservative, the
Committee considered that a NOAEL in this study of 0.03 mg/kg bw/day was indicated on the basis of
the totality of the data from the analysis of thyroid hormone values.

Mutagenicity and Carcinogenicity

49. The COM considered the mutagenicity of PFOS in May 2005. PFOS has no structural alerts apparent for
mutagenicity and the evidence from animal studies is that absorbed material is not metabolised.

50. Members concluded that the in vitro plate incorporation test using five strains of Salmonella
typhimurium and the D4 strain of Saccharomyces cerevisiae gave negative results32. The reverse mutation
assay using Eschericia coli gave negative results33. For the in vitro chromosomal aberration assay in
human lymphocytes34, the Committee noted the difficulty in formulating adequate suspensions of PFOS
but agreed that this study had yielded negative results. The in vitro UDS assay in rat liver primary
hepatocytes also gave negative results35.

51. PFOS has also been tested in the mouse bone-marrow micronucleus test36. Members noted that only
1000 micronuclei had been evaluated at each dose level and that there was difficulty in adequately
formulating PFOS for oral dosing. However, overall the study was considered to be acceptable and
provided negative results.

52. The COM agreed that the studies undertaken with PFOS were acceptable and that PFOS should be
regarded as not mutagenic.

53. The carcinogenicity and epidemiology studies relating to PFOS37 (and a carcinogenicity study of the
PFOS-related substance N-EtFOSE38) were considered by the COC in July 2005.

54. One dietary carcinogenicity study in Sprague-Dawley rats was available in which PFOS was administered
in the diet for 104 weeks37. Interim sacrifices were made at 4, 14 (reported in26) and 52 weeks. Survival
was considered to be adequate in this study. Non-neoplastic effects reported in the liver included
increased absolute and relative liver weight, hepatocellular cystic degeneration and hepatocellular
hypertrophy (often associated with vacuolation). No signs of hepatotoxicity were evident 52 weeks after
cessation of a 52 week high-dose treatment. The NOAEL for non-neoplastic liver pathology was 2 ppm,
i.e. a mean achieved dose of 0.16 and 0.14 mg/kg bw/day for males and females, respectively. This was
based on the consideration that the low incidence of liver hypertrophy (3/17 and 1/9 in males and
females, respectively at 2 ppm compared with 0/11 and 0/25 for males and females in the control group)
associated with a lack of any effect on liver weight at this dose did not represent an adverse effect.

Annual Report 2006

118



55. The incidence of hepatocellular adenomas was significantly increased at 20 ppm (mean achieved dose
of 1.43 and 1.50 mg/kg bw/day for males and females, respectively). There was a single hepatocellular
carcinoma in the female high dose (20 ppm) group. The incidence of thyroid follicular cell adenoma was
significantly increased in the male high-dose recovery group, but not in the male and female high dose
groups fed PFOS for 104 weeks.

56. A dietary carcinogenicity study in Sprague Dawley rats was also available in which 
N-ethylperfluorooctanesulfonamido ethanol (N-EtFOSE) was administered in the diet for 104 weeks38.
No significant treatment-related effects were observed on 2-year survival rates, although survival in all
groups including the controls was relatively poor. There was evidence of hepatocellular hypertrophy
in high dose animals (mean achieved dose of 5.9 and 4.2 mg/kg bw/day for males and females,
respectively). The incidence of hepatocellular adenomas was slightly higher in high dose male and
female groups than in controls. This difference was statistically significant in the high-dose males.
A single hepatocellular carcinoma was observed in a high dose female.

57. Two limited human epidemiological studies (a retrospective mortality study and an ‘episodes of care’
analysis) have been conducted in occupationally exposed populations. Cohorts were relatively small
and also relatively young. In the retrospective cohort mortality study, when restricted to workers with
at least one year of employment and high exposure to PFOS, standardised mortality ratios (SMR) were
below one for all causes of death and all malignant neoplasms. There were three deaths from malignant
neoplasms of the bladder (0.63 expected) in males with over 5 years in high-exposure jobs. This excess
was statistically significant (SMR 16.12; 95% CI 3.32-47.14). Members questioned the adequacy of exposure
assessment by using job categories. It was noted that there had been potential exposure of the workers
to benzidine, a known bladder carcinogen. Members advised that, overall, it was not possible to draw
definite conclusions from this study. Further evaluation across all PFOS manufacturing sites would have
provided more appropriate information. Members considered that the ‘episode of care’ analysis was
unusual in design and uninformative.

58. In conclusion, the COC agreed that there was equivocal evidence for carcinogenicity limited to
hepatocellular adenoma in the animal studies. The NOAEL for tumourigenicity was 0.15-0.57 and 
0.19-0.56 mg/kg bw/day in males and females, respectively. COC were not convinced that adequate
evidence had been provided for a mode of action incorporating peroxisome proliferation. Considering
both the COM conclusions and the carcinogenicity data Members agreed that a threshold approach
could be used for risk assessment.

Reproductive toxicity

59. Teratological studies have been conducted in rat, mouse, and rabbit with agreement of observation
sacross the species examined. Observed developmental effects include reduction of fetal weight, cleft
palate, anasarca, delayed ossification of bones (sternebrae and phalanges), and cardiac abnormalities
(ventricular septal defects and enlargement of the right atrium). The majority of these findings were
seen in the highest dose groups where significant reductions of weight gain and food consumption were
also observed in the pregnant dams.
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Rat

60. Time-mated female Sprague-Dawley rats were administered 0, 1, 5, and 10 mg/kg bw/day potassium
PFOS by gavage from gestation day (GD) 6 to GD 1539. Animals were sacrificed on GD 20. A NOAEL of
5 mg/kg bw/day and a LOAEL of 10 mg/kg bw/day for maternal toxicity were indicated based on
significant reductions in mean body weights during GD 12-20. No other signs of maternal toxicity were
reported. A LOAEL of 1 mg/kg bw/day for developmental toxicity was indicated on the basis of
reductions in fetal weights. Developmental toxicity evident at doses of 10 mg/kg bw/day consisted of
reductions in the mean number of implantation sites, corpora lutea, resorption sites and in the mean
number of viable male, female and total fetuses, and fetal weights.

61. A repeat study in pregnant Sprague-Dawley rats40, with the same dosing regime, reported NOAELs for
maternal toxicity and developmental toxicity of 1 mg/kg bw/day. The LOAEL for maternal toxicity was
5 mg/kg bw/day, based on clinical signs of toxicity, decreases in body weight and food consumption,
decreases in uterine weights, and an increased incidence in gastrointestinal lesions. The LOAEL for
developmental toxicity was 5 mg/kg bw/day, based on decreased fetal body weight and increases in
external and visceral anomalies and variations. Signs of developmental toxicity included a dose-related
trend toward an increased incidence of late resorptions, total resorptions, number of dead fetuses, and
fetal loss, although these findings were not statistically significant. Significant decreases in mean fetal
weights for both males and females were observed in the 5 and 10 mg/kg bw/day dose groups.
Statistically significant increases in incomplete closure of the skull were observed in the low- and high-
dose groups. Also observed in the high-dose group were delayed ossification and skeletal variations.

62. Thibodeaux et al.,41 and Lau et al.,42 reported maternal and developmental toxicity studies in rats.
Pregnant Sprague-Dawley rats were given 1, 2, 3, 5 or 10 mg/kg bw/day by gavage from GD 2 to GD 21.
Maternal weight gains were suppressed by PFOS in a dose-dependent manner (statistically significant in
the 2 mg/kg bw/day and higher dose groups), attributed to reduced food and water intake (statistically
significantly different from controls at 5 and 10 mg/kg bw/day). Serum PFOS levels increased with dosage
and liver levels were approximately four-fold higher than serum levels. Serum T4 and T3 in the PFOS-
treated dams were significantly reduced (1 week into treatment schedule). However, no feedback
response of TSH was seen. Serum triglycerides (though not cholesterol) were significantly reduced,
particularly in the high-dose group.

63. Fetuses had detectable levels of PFOS in liver tissue, at almost 50% that in the maternal livers,
regardless of dose level. PFOS did not alter the numbers of implantations or live fetuses at term. Birth
defects noted included, cleft palate, anasarca, ventricular septal defect and enlargement of the right
atrium, primarily in the 10 mg/kg bw/day dose group. Maternal doses estimated, by the study authors, to
correspond to the BMDL5s for sternal defects and cleft palate were 0.12 and 3.3 mg/kg bw/day,
respectively.

64. In the highest dose group (10 mg/kg bw/day) neonates became pale, inactive and moribund within
1 hour of birth, with death following quickly. Neonates in the 5 mg/kg bw/day dose group survived for
between 8 and 12 hours and approximately 50% of offspring died at 3 mg/kg bw/day. Cross-fostering the
5 mg/kg bw/day dose group neonates to control nursing dams failed to improve survival. The maternal
dose corresponding to the BMDL5 for survival of rat pups at postnatal day 8 was estimated, by the study
authors, at 0.58 mg/kg bw/day.
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65. Small but significant and persistent growth lags were detected in surviving pups, and slight delays in eye
opening were noted. Serum levels of PFOS in neonates were comparable to those of the dam at term,
suggesting that PFOS equilibrated across the placenta. Unlike the situation in the adult there did not
appear to be preferential accumulation of PFOS in the neonatal liver.

66. Grasty et al.43 investigated critical windows of PFOS toxicity during gestation. Exposure of pregnant rats
to 25 mg/kg bw/day PFOS for a 4 day period during pregnancy demonstrated an increased incidence of
neonatal death when administration was later in gestation, reaching 100% mortality in the group treated
on GD 17–20.

Mouse

67. Thibodeaux et al41 and Lau et al.42 also reported maternal and developmental toxicity studies in mice.
Pregnant CD-1 mice were treated with 1, 5, 10, 15, and 20 mg/kg bw/day from GD 1 to GD 17. Deficits in
maternal weight gains were not as pronounced in the mouse as in the rat, and were only statistically
significant in the 20 mg/kg bw/day dose group. Serum PFOS levels increased with dosage, and liver levels
were approximately four-fold higher than serum levels. Serum T4 levels were significantly reduced after
1 week of treatment. Serum triglycerides (though not cholesterol) were significantly reduced, particularly
in the high-dose groups. Mouse dams in 10 mg/kg bw/day and higher dose groups had markedly
enlarged livers.

68. PFOS did not alter the numbers of implantations or live fetuses at term. Birth defects noted were
similar to those seen in the rat, namely cleft palate, anasarca, ventricular septal defect and enlargement
of the right atrium, primarily in the 20 mg/kg bw/day dose group. The study authors estimated
maternal doses corresponding to BMDL5s for sternal and cleft palate defects in fetuses to be 0.016
and 3.5 mg/kg bw/day, respectively.

69. All animals were born alive and initially appeared to be active. In the highest dose group 
(20 mg/kg bw/day) neonates became pale, inactive and moribund within 1 hour with death following
quickly. Neonate mice in the 15 mg/kg bw/day dose group also became moribund but survived for
between 8 and 12 hours. Approximately 50% of offspring died at 10 mg/kg bw/day. The maternal dose
corresponding to the BMDL5 for survival of pups at postnatal day 6 was estimated at 3.9 mg/kg bw/day,
approximately six times higher than that of the rat.

70. Serum levels of PFOS in neonates were comparable to those of the dam at term, suggesting that PFOS
equilibrated across the placenta. There was no evidence of preferential accumulation of PFOS in the
liver of the neonates.

Rabbit

71. Case et al.,44 carried out oral developmental toxicology studies on mated female New Zealand white
rabbits at dose levels of 0, 0.1, 1.0, 2.5, 5.0, 10, and 20 mg/kg bw/day by gavage. Treatment was from GD 6
to GD 20 and rabbits were sacrificed on GD 29. PFOS was not a selective fetal toxicant and did not
cause fetal malformations in the rabbit.
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72. A NOAEL and LOAEL of 0.1 and 1.0 mg/kg bw/day, respectively, were indicated for maternal toxicity,
based on decreases in body weight gains and food consumption. The NOAEL and LOAEL indicated for
developmental toxicity were 1.0 and 2.5 mg/kg bw/day, respectively, based on reductions in mean fetal
body weight and increased incidences of fetal alterations such as delayed ossification. Abortions
occurred in one 2.5 mg/kg bw/day dose group doe (GD 25) and ten of the 3.75 mg/kg bw/day dose group
animals (between GD 22 and GD 28).

Two-generation reproductive study

73. A two-generation reproductive toxicity study was conducted in Sprague-Dawley rats6. Five groups of 35
rats/sex/dose were administered PFOS by oral gavage at 0, 0.1, 0.4, 1.6, and 3.2 mg/kg bw/day for six
weeks prior to and during mating. Treatment in males continued for approximately 22 days, and female
rats were treated throughout gestation, parturition and lactation. F1 generation rats were administered
PFOS beginning on lactation day (LD) 22 and continuing through until one day prior to sacrifice. Only
the 0, 0.1 and 0.4 mg/kg bw/day dose groups were continued into the F2 generation because of excessive
toxicity seen in the 1.6 and 3.2 mg/kg bw/day F1 generation pups.

74. No mortality occurred in the F0 generation females, and there did not appear to be any effects on
oestrous cycling, mating and fertility parameters. There were no treatment-related signs of toxicity,
effects on mating or on any of the fertility parameters evaluated in the F0 generation male rats. The 1.6
and 3.2 mg/kg bw/day dose groups did exhibit reductions in body weight gains during the pre-mating
period and terminal body weights were also significantly reduced. Absolute weights of seminal vesicles
and the prostate in the 3.2 mg/kg bw/day dose group were significantly lower than controls.

75. The most significant finding in the F1 generation offspring was reduced pup viability at the two
highest dose levels. No pups survived beyond LD 1 in the 3.2 mg/kg bw/day dose group and in the
1.6 mg/kg bw/day dose group 10.6% (27/254) of pups were dead on LD1, and an additional 26% (59/227)
died between LD 2 and 4. Clinical observations in the 0.1 and 0.4 mg/kg bw/day dose groups F1
generation male and female rats were unremarkable.

76. Evidence of treatment-related effects in the F2 generation pups consisted of reductions in mean pup
body weights (on a per litter basis) observed at 0.1 and 0.4 mg/kg bw/day on LD 7. Body weights were
comparable to control levels by LD 14 (0.1 mg/kg bw/day group) and by LD 21 (0.4 mg/kg bw/day group).

77. Based on reductions in body weight gain and food consumption, the NOAEL was 0.1 mg/kg bw/day
for the F0 generation and female F1 generation. The NOAEL for the F1 generation parental males was
0.4 mg/kg bw/day, the highest dose tested, as the 1.6 and 3.2 mg/kg bw/day groups were not continued.
The NOAEL for the F1 generation offspring was 0.1 mg/kg bw/day, based on statistically significant
reductions in mean pup weight gain at higher doses. For the F2 generation offspring the NOAEL was
0.1 mg/kg bw/day, based on statistically significant reductions in mean pup body weight, litter size, pup
viability and survival at higher doses.
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78. A cross-fostering study was conducted with female Sprague-Dawley rats administered 0 and 
1.6 mg/kg bw/day PFOS beginning 42 days prior to mating with untreated males, and continued
throughout gestation and into LD 217. Litters were placed with either a control or PFOS-treated dam
for rearing, producing four groups of litters: in utero exposure only; un-exposed (controls); in utero
and post-natal exposure; and post-natal exposure only.

79. Pups with post-natal exposure only had a similar mortality rate (1.1%) as pups in the control group (1.6%).
Pups exposed to PFOS only in utero and those exposed both in utero and postnatally had mortality
rates of 9.6% and 19.2%, respectively, indicating that in utero exposure is the main contributor to reduced
pup survival.

Mechanistic studies

80. A small number of recently published studies have investigated more specific effects of PFOS.

81. An acute study demonstrated that PFOS, but not N-EtFOSE, administered via a single intraperitoneal
injection at 100 mg/kg bw to male Sprague-Dawley rats, induced markers of peroxisome proliferation
(induction of lauroyl CoA oxidation and lowering of serum cholesterol) in the absence of
hepatomegaly45. PFOS did not cause a significant change in liver weight but there was a significant
increase in liver-to-body weight ratio (a 12% increase) due to body weight loss.

82. With its highly hydrophobic and rigid perfluorinated carbon tail and strongly polar sulfonyl head group
PFOS somewhat resembles a fatty acid. Luebker et al.,46 demonstrated that PFOS and N-EtFOSE can
interfere with the binding affinity and capacity of liver-fatty acid binding protein for fatty acids.

83. Hepatic gene expression studies in rats treated with PFOS (5 mg/kg bw/day for 3 days or 3 weeks)
identified twenty three genes induced significantly and nineteen genes suppressed significantly 47.
Induced genes were primarily genes for fatty acid metabolising enzymes, cytochrome P450s, or genes
involved in hormone regulation. One cytosolic enzyme, long-chain acyl-CoA hydrolase, showed a 90-
fold induction on treatment. This enzyme cleaves acyl-CoA to free fatty acid and CoA, and leads to
increased cytosolic free fatty acid concentrations. PPAR-a mRNA expression levels were unchanged on
treatment, however, a number of genes that are indicative of peroxisome proliferation were affected.
The activities of the phenobarbital inducible genes carboxyesterases and CYP2B1 were also increased
by PFOS treatment, but no evidence for PFOS acting directly on the arylhydrocarbon receptor has
been found.

84. One study in mice suggested that PFOS induced increases in peroxisomal fatty acid beta-oxidation,
peroxisomal catalase activity, omega-hydroxylation of lauric acid, cytosolic epoxide hydrolase activity
and cytosolic DT-diaphorase activity in liver48, which are effects induced by peroxisome proliferators.
The authors proposed that the study results challenge the hypothesis that the first step in peroxisome
proliferation is formation of a thioester between the carboxylic group of a proliferator and coenzyme A.
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COT evaluation

85. In accordance with the advice of COM and COC, the COT considered it appropriate to take a threshold
approach to establishing a tolerable intake for PFOS. This is based upon the negative genotoxicity in
standard assays and the equivocal evidence for carcinogenicity.

86. Given the bioaccumulative properties of PFOS it may be more appropriate to relate the toxic effects to
a body burden rather than to a daily dose. However, there is incomplete understanding of the
pharmacokinetics of PFOS in rodents and humans, and the Committee considered that equilibrium
between plasma and target organ concentration is unlikely to have been reached in the sub-acute
studies in animals. The use of a body burden approach would therefore involve excessive uncertainty
on the basis of the currently available data.

87. Conclusions on the rat and mouse teratology studies41,42 were:

• The finding of delayed ossification (manifested as bipartite and bilobed sternebrae) would be more
appropriately considered a “variation” rather than a “defect” as it regularly occurred in control animals;

• delayed ossification is often a sign of general developmental delay but this is not entirely clear in this
study where fetal weight effects only occur in the highest dose group. There is a dose-response in
both species (rats and mice) in terms of the number of sternebrae per fetus with the variation.
However, in the absence of details about the extent of the effects it is not possible to draw firm
conclusions about their significance;

• the authors description of “notable skeletal defects” is not explicitly explained but probably relates to
the sternal and phalangeal findings in the rat and to the sternal findings in the mouse. In the mouse,
roughly half of the litters show these “notable skeletal defects” in the control and at both highest
doses, indicating that this is not a generalized phenomenon throughout all litters, and moreover, a
dose-response is not apparent;

• taken together, the sternal findings should not be interpreted as malformations but as indications of
delayed development. In view of the above and given the additional fetal observations in this study
the sternal findings do not determine the developmental NOAEL in this study.

88. The BMDL5 indicated for sternal defects in the mouse fetus was approximately two orders of magnitude
below the lowest dose of PFOS tested41,42, when modelled by the study authors. Insufficient information
was provided on the modelling procedures to verify the validity of this value, which indicated
considerable variability. In view of the uncertainties in the BMD modelling, it was considered more
practical to define an overall developmental NOAEL, which was 2 mg/kg bw/day in the rat on the basis
of anasarca41, and 5 mg/kg bw/day in the mouse on the basis of heart defects41.
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89. Overall, the data from the mechanistic studies45-48, the rat carcinogenicity study26,37 and the 26-week
capsule study in cynomolgus monkeys12 provide evidence that PFOS is not a potent inducer of
peroxisome proliferation. Electron microscopy of livers of PFOS-exposed rats did not reveal peroxisome
proliferation. The 50-95% increases in liver palmitoyl CoA oxidase levels, although statistically
significant, were not considered to be biologically significant. There is evidence for some liver growth
inducing agents also increase the incidence of thyroid tumours, however, with respect to PFOS more
information is required.

90. Re-analysis by COT of the data reported in a 14-week rodent study26 derived a BMDL10 of 
0.20 mg/kg bw/day for increased relative liver weights in males and females, the most sensitive
endpoint in this study. Non-neoplastic effects in the two-year rat carcinogenicity study 37 indicated
NOAELs of 0.16 and 0.14 mg/kg bw/day for males and females, respectively, and the two-generation
reproductive toxicity study in rats 6 indicated a NOAEL of 0.1 mg/kg bw/day for F0, F1 and F2 generations.

91. The 26-week cynomolgus monkey study11,12 provided the lowest NOAEL, of 0.03mg/kg bw/day for
decreased serum T3 levels . This NOAEL was considered to be the most suitable basis for deriving a
tolerable daily intake (TDI) for PFOS. The Committee noted that, on the basis of the pharmacokinetic
data indicating an elimination half-life of between 110 and 180 days10-12, the cynomolgus monkeys would
be at approximately half steady state at the end of this study.

92. Taking into account that this was a primate study and the effects were mild, the Committee concluded
that it was not necessary to apply an additional uncertainty factor to allow for the incomplete
attainment of steady state. The Committee applied an uncertainty factor of 100 to allow for inter- and
intra-species variation to the NOAEL of 0.03 mg/kg bw/day from the cynomolgus monkey study.
Therefore, the TDI indicated for PFOS is 0.3 mg/kg bw/day. This value is provisional and should be
reviewed as new information becomes available.

93. Because of the accumulative properties of PFOS, exposure should be averaged over prolonged periods
for comparison with the TDI.

Exposure assessment

94. The Food Standards Agency has completed an analysis of composite food groups samples from the
2004 Total Diet Study (TDS) for a range of fluorinated chemicals, including PFOS49. The TDS models the
typical UK diet and is fully described in Food Survey Information Sheet 38/0350.

95. PFOS was detected at concentrations above the limit of detection in the potatoes, canned vegetables,
eggs and sugars and preserves food groups. Five of the other perfluorinated chemicals were not
detected in any food groups and nine were detected only occasionally. Ten different fluorinated
chemicals were found in the potatoes food group.
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96. The estimated average and high level adult intakes of PFOS from the whole diet in 2004 were 
0.01-0.1 mg/kg bw/day and 0.03-0.2 mg/kg bw/day (range of lower to upper bound figures)†, respectively.
The highest estimated high level dietary intake was 0.1-0.5 mg/kg bw/day (range of lower to upper bound
figure) for 1.5-2.5 year olds. Only 10 to 20% of the estimated intakes is derived from the four food
groups in which PFOS was detected. These estimated intakes of PFOS from the diet are below the TDI
of 0.3 mg/kg bw/day recommended by the COT, with the exception of the high level intake for children
aged 1.5-6 years (0.1-0.5 mg/kg bw/day; range of lower to upper bound figures). As PFOS can be formed
by degradation from a large group of related perfluorinated substances, the significance to the exposure
assessment of detecting a number of other fluorinated chemicals in different food groups is currently
uncertain.

Conclusions

97. We conclude that PFOS has the potential to cause a range of adverse health effects. Given the
bioaccumulative properties of PFOS a body burden approach to setting health-based guidance values
may be most appropriate, but the current knowledge of the pharmacokinetics of PFOS does not allow
adequate estimation of the body burden. We recognise the need for further characterisation of human
pharmacokinetics of PFOS but acknowledge that this may not be easily obtained or even feasible. In
addition, we recommend that data be generated to support a body burden approach, including a better
understanding of the magnitude of enterohepatic recirculation of PFOS in rodents.

98. We recommend a TDI of 0.3 mg/kg bw/day be provisionally proposed for PFOS. We consider that on
the basis of available information this provisional TDI is adequate to protect against the range of
identified effects.

99. We note the results of the Food Standards Agency analysis of composite food group samples from the
2004 Total Diet Study (TDS) that indicated that some groups of consumers may exceed the
recommended TDI. There are considerable uncertainties in the dietary intake estimates, and therefore
these potential exceedances do not indicate immediate toxicological concern.

100. We recommend that there is a need for generation of further information to reduce the uncertainties in
the exposure assessment, including consideration of the impact of other perfluorinated chemicals in
the diet on total PFOS exposure.

COT Statement 2006/09
October 2006
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† Upper bound concentrations assume that PFOS is present at the reporting limit for those food groups in which PFOS is present at
concentrations below the reporting limit (limit of detection), and therefore could be an overestimate of the true concentrations. By
contrast, lower bound concentrations assume that PFOS is absent for those food groups in which PFOS is present at concentrations
below the limit of detection, and will therefore be an underestimate of the true concentrations. The range between the lower and
upper bound values demonstrates the uncertainty in these exposure estimates and the true values will lie somewhere between the
upper and lower bounds.
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Statement on risk assessment and monitoring of Paralytic Shellfish Poisoning (PSP)
toxins in support of human health

Introduction

1. A number of marine phytoplankton produce biotoxins that can be bioconcentrated by shellfish.
Consumption of shellfish sufficiently contaminated with these toxins can result in human illness. Marine
biotoxins can be categorised on the basis of clinical signs or chemical structure. Based on clinical signs,
the main categories of shellfish poisoning are:

• Amnesic Shellfish Poisoning (ASP)

• Paralytic Shellfish Poisoning (PSP)

• Diarrhetic Shellfish Poisoning (DSP)

• Neurotoxic Shellfish Poisoning (NSP)

2. The Committee was asked for its view on the risk assessment of PSP toxins, and on the best method(s)
of testing for biotoxins responsible for PSP in order to support protection of the health of the
consumer.

Background

3. Paralytic shellfish poisoning (PSP) is a neurotoxic syndrome with signs including tingling and numbness of
extremities, muscular incoordination, respiratory distress and muscular paralysis leading to death by
asphyxiation. The signs of PSP are the result of blockade of voltage-gated sodium channels on excitable
membrane1.

4. The toxins responsible for PSP are saxitoxins (STXs), of which there are around 20 known analogues.
STXs have been found worldwide.

5. STXs have varying toxicities, and the relative intraperitoneal (i.p.) toxicities of the major PSP toxins, as
determined in mice, have been used to sum the toxicity of the different toxins as STX equivalents (eq).

6. In 2004, a Joint FAO/IOC/WHO ad hoc Expert Consultation on Biotoxins in Bivalve Molluscs was asked
by the Codex Committee on Fish and Fishery Products (CCFFP) to perform risk assessments for a
number of biotoxins that are present in bivalve molluscs, and to provide guidance on methods of
analysis and monitoring of these toxins2. The COT has also been provided with a copy of the
background document that supported the consultation3.



Previous COT evaluations

7. The COT considered PSP toxins in 1994, when it reviewed a MAFF food surveillance paper on Naturally
Occurring Toxicants in Food. The Committee noted that the development of chemical assays,
immunological or other in vitro methods which are more sensitive and more specific than the bioassays
currently used in monitoring for marine biotoxins in the UK, would not only be beneficial from an
analytical viewpoint but would also avoid the use of experimental animals. The COT recommended:

• That the surveillance programme for detecting PSP toxins as described in the surveillance paper be
continued

• That research to develop an assay to complement and/or replace the MBA for PSP be continued

Toxicology

Toxicokinetics

8. A study of PSP patients detected PSP toxin levels of 2.8-47 nM in serum during acute illness and of 
65-372 nM in urine following acute symptom resolution, suggesting that urine is a major route of
excretion4. Clearance of PSP toxins from serum was evident within 24 hours. Compared with cooked
mussel samples, serum from individuals that had consumed them had a larger proportion of C1 and a
lower proportion of gonyautoxin 2. In a post mortem analysis of tissues and body fluids obtained from
two victims of PSP, toxins were detected in the gastric content, body fluids (urine, bile and cerebrospinal
fluid), and in tissue samples (liver, kidney, lung, stomach, spleen, heart, brain, adrenal glands, pancreas
and thyroid glands)5. The PSP toxins found in body fluids appeared to have undergone metabolism in the
3-4 hours following ingestion.

9. Rapid excretion in urine has been observed in rats after i.v. administration of STX at a sub-lethal dose
(ca. 2 mg/kg). By 24 hours, approximately 58 percent of the administered dose had been excreted6.
Experiments in cats indicate that STX excretion primarily involves glomerular filtration7. Studies
investigating the potential for biotransformation of B1 to its carabamoyl form (STX) indicate that
conversion occurs in artificial gastric juice (pH 1.1) but not in rat gastric juice (pH 2.2)8.

Acute toxicity

10. The LD50 values for STX in mouse by different routes of administration are shown in Table 1. The oral
LD50 values for species other than the mouse are shown in Table 2.
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Table 1. Acute toxicity of STX in mice9

Table 2. Oral LD50 values of STX in various species9

11. An i.p. mouse bioassay (MBA) has been used to determine the relative potencies of PSP toxins (see
Table 3). Toxins were extracted from contaminated shellfish and separated by chromatographic
methods. Each toxin was then tested using an MBA and the toxicity relative to STX (assigned as 1)
calculated3.

12. PSP causes death by asphyxiation due to progressive respiratory muscle paralysis. In animals (cat, rabbit)
STX causes a decreased respiratory activity reflected in both a decline in the amplitude and velocity.
Death can be prevented by artificial respiration, and depending on the dose, respiration may return
spontaneously9.

13. An intravenous dose of 1-2 mg STX causes a rapid weakening of muscle contractions, affecting
contractions by direct stimulation and by indirect motorneurone stimulation in all skeletal muscle
tissues. This dose level also induces a decrease of the action potential-amplitude and a longer latency
time in the peripheral nervous tissue. Both motor and sensory neurones are influenced but the sensory
neurones are inhibited at lower dose levels9.

14. There are uncertainties about the possible effects of PSP toxins on the central nervous system. Most
symptoms can be attributed to peripheral effects. However central effects may occur9.

Species LD50 in mg/kg bw

rat 192-212

monkey 277-800

cat 254-280

rabbit 181-200

dog 180-200

guinea pig 128-135

pigeon 91-100

Route LD50 in mg/kg bw

oral 260-263

intravenous 2.4-3.4

intraperitoneal 9.0-11.6
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Table 3. Specific i.p. toxicities of saxitoxin analogues3

* Estimated by the measurement of GTX1, GTX4 formed by acid hydrolysis

15. No data are available on repeat dose toxicity, mutagenicity, carcinogenicity, reproductive toxicity or
developmental toxicity.

Human data

Symptomalogy

16. Human PSP cases have been defined as mild, moderately severe and extremely severe10. Typical
symptoms for each category are:

• Mild: Tingling sensation or numbness around lips, gradually spreading to face and neck. Prickly
sensation in fingertips and toes. Headache, dizziness, nausea.

• Moderately severe: Incoherent speech. Progression of prickly sensation to arms and legs. Stiffness and
noncoordination of limbs. General weakness and feeling of lightness. Slight respiratory difficulty.
Rapid pulse.

• Extremely severe: Muscular paralysis. Pronounced respiratory difficulty. Choking sensation.

17. Patients who survive PSP for 24 hours, with or without mechanical ventilation, have a high probability of
a full and rapid recovery. Whether a severe response leads to death will be influenced by medical
intervention, and this is likely to affect estimates of lethal doses.

Toxin Relative Toxicity

Saxitoxin (STX) 1

Neosaxitoxin (neoSTX) 0.92

Gonyautoxin 1 (GTX1) 0.99

Gonyautoxin 2 (GTX2) 0.36

Gonyautoxin 3 (GTX3) 0.64

Gonyautoxin 4 (GTX4) 0.73

Decarbamoyl saxitoxin (dcSTX) 0.51

Decarbamoyl GTX 2 (dcGTX2) 0.15

Decarbamoyl GTX 3 (dcGTX3) 0.38

B1 (GTX5) 0.064

C1 0.006

C2 0.096

C3* 0.013

C4* 0.058



Epidemiology studies

18. A number of reports of PSP cases from a range of countries were reviewed by FAO/IOC/WHO2,3. The
Committee reviewed these data as a possible basis for setting an acute reference dose. The data
reviewed by the Committee are summarised in Table 4 and Figure 1.

19. Except where noted otherwise, toxin levels were determined by MBA, using either leftover food or
shellfish samples of a similar origin. Some authors applied a correction factor for the effects of cooking
on PSP toxin levels, as studies have indicated that cooking can reduce the toxicity of contaminated
shellfish by as much as 70%10. The toxins are not completely destroyed but are, in part, leached into the
cooking fluids. Steaming tests with mussels and clams indicate that 50% of the toxin present in the raw
tissue is present in the bouillon (the liquid left after cooking). While the bouillon is commonly discarded
following steaming substantive amounts of PSP toxins may still be ingesting when eating a chowder, as
the bouillon forms part of the chowder.

20. Most shellfish contaminated with PSP toxins contain a mixture of several saxitoxins. The toxicity of
different toxins may be expressed in mouse units (MU). One MU is defined as the amount of toxin
required to kill a 20g mouse 15 minutes after i.p. injection, and has been reported to be approximately
equivalent to 0.18 mg STX eq11. To aid comparison, values that were reported in mouse units (MU) were
converted to STX eq, assuming a conversion factor of 0.18 mg STX eq per MU.

21. From the human case reports, the intake of STXs required to induce PSP symptoms varies greatly. This
may be due to differences in susceptibility among individuals, and inaccuracies in exposure assessments
due to differences in sampling and analysis of contaminated shellfish at the time of poisoning incidents
and uncertainty with respect to amounts consumed.

22. Prakash et al.10 reported data on PSP cases that occurred in New Brunswick, Canada from 1945 to 1957.
Records were analysed for 131 individuals who had consumed contaminated shellfish from areas where
shellfish toxicities were being monitored and included dates and the size, species and number of
shellfish consumed by an individual. This information was combined with data on toxin levels
determined by MBA and meat yields of shellfish to estimate the amount of toxins ingested by each
person. The authors applied a conversion factor of 0.3 to the toxin concentration of raw shellfish when
calculating the intake of individuals who had eaten known quantities of cooked shellfish, when no
samples of the cooked shellfish were available.

23. Forty-nine cases, including several children, were categorised as having mild, severe, and extreme
poisoning. These individuals had ingested toxins within the range of 85-4128, 90-9000 and 390-7000 mg
STX eq per person, respectively. Assuming an adult bodyweight of 60 kg, the estimated toxin dose
would be 1.4-69, 1.5-150 and 6.5-117 mg STX eq/kg bw, respectively. Only six patients had consumed less
than 2 mg STX eq/kg bw. The report also includes information for 82 individuals who did not show any
PSP symptoms, who had ingested between 50-2800 mg STX eq per person (0.8-47 mg STX eq/kg). The
authors noted that because of the large person-to-person variation in sensitivity, average toxin
consumption values are of limited significance.
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24. The authors of the report suggested a number of factors that may affect sensitivity to PSP. Noting that
two young children aged 2 and 8 years became ill after eating lower than average amounts, they
speculated that young children may be more sensitive than adults. It was also suggested that sex may
influence susceptibility. However, the COT considered that the variability of the data does not support
these conclusions, and any differences in susceptibility related to age or sex appear to be within the
range of uncertainty regarding the overall variability in human sensitivity to PSP.

25. The authors also noted that their records suggest PSP symptoms are more acute when contaminated
shellfish are eaten alone on an empty stomach than when they are eaten as part of a normal meal, and
that consumption of alcohol alongside shellfish accentuates symptoms. However, no details are
provided to support these statements.

26. Several other reports have also assessed the effect of alcohol upon PSP. Gessner and Middaugh17

applied a backward unconditional multiple logistic regression model to information relating to 30 ill and
nine non-ill individuals for whom data on alcohol consumption, cooking history and race/ethnicity were
available. While the analysis suggested that alcohol consumption may protect Figure 1. Range of PSP
toxin intakes associated with human illness against PSP, no details on age or amounts of alcohol
consumed are provided in the paper, and the significance of the findings are unclear given the
limitations of the study as noted in paragraph 29 below. Popkiss et al.16 did not observe an association
between symptom severity and estimated alcohol consumption in a report of a PSP outbreak in South
Africa involving 17 individuals (see paragraph 31).

Figure 1: Range of PSP toxin intakes associated with human illness

Symbols indicate the highest and lowest intake of PSP toxins associated with illness of varying severity, as noted in the human case
reports. Values reported in mouse units have been converted to STX eq, as described in paragraph 20.
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27. An unpublished Health Canada report14 analysed data on Canadian cases of PSP from 1970-1990,
together with information on outbreaks in Canada from 1944-1970, and from Guatemala in 1987 (see
paragraph 31). Case histories were used to classify cases as mild, moderately severe or extremely severe.
A number of assumptions were made in order to derive PSP toxin intakes when the data were
incomplete. When the actual consumption of shellfish by an individual was unknown, typical values
from the literature were used. Toxin concentrations in raw shellfish were adjusted for the effects of
cooking. Cases for which the overall information was judged inadequate were not included in the final
assessment. Intakes were reported as mg STX eq/kg bw, but it is not clear what bodyweight
measurements or assumptions were made. However, in one section of the report, adult and child
bodyweights of 60 and 25 kg, respectively, are mentioned.

28. Intakes for patients with mild, moderately severe and extremely severe PSP ranged from 0.7-70, 1.5-150
and 5.6-300 mg STX eq/kg bw, respectively. One patient with moderately severe symptoms had a
reported intake of 0.3 mg STX eq/kg bw, but this was considered an outlier by the authors of the report.
In addition, there were some individuals who did not develop symptoms after apparently consuming
doses up to approximately 63 mg STX eq/kg bw. The authors noted that only two cases, both non-fatal,
were reported where the PSP toxin dose was less than approximately 1.4 mg STX eq/kg bw. Therefore,
they proposed a tolerable single intake of 1.4 mg STX eq/kg bw.

29. Gessner and Middaugh17 reviewed 54 outbreaks of PSP that had occurred in Alaska between 1973 and
1992, involving 117 patients. PSP toxin levels were determined by MBA from either leftover shellfish
collected from persons involved in an outbreak, or from shellfish collected from the same beach where
shellfish implicated in an outbreak had been harvested. Data collection was performed over 20 years by
several individuals and was not standardised. In addition, no correction appears to have been applied
for the effects of cooking, and the authors acknowledged that they may have miscalculated the amount
of toxin consumed by assuming that toxin levels from tested shellfish were identical to levels in
ingested shellfish, and by assuming uniform weight within shellfish species. The estimated amounts of
toxin ingested were reported as mg STX eq per person, and have been converted to mg STX eq/kg bw
assuming an adult bodyweight of 60 kg. The estimated dose for 33 ill people (mean age 38 yrs) ranged
from 0.2-2058 mg STX eq/kg bw. For 10 non-ill people (mean age 36 yrs), the estimated toxin dose was
0.3-610 mg STX eq/kg bw. Two persons with respiratory arrest ingested 98-2058 mg STX eq/kg bw.

30. A large-scale outbreak of PSP occurred in Guatemala in July-August 1987, affecting 187 individuals
between 9 months and 86 years of age18. The overall case fatality rate was 14%, but was highest in
children under 6 years of age, at 50%. A case study involving 57 patients and 43 healthy family members
from 19 households implicated clams harvested from local beaches as the source of the PSP toxins. Of
the controls, five had consumed clams, but no information on their dose of PSP was provided. Analysis
of clams harvested from the affected area on 1 August by MBA indicated a PSP concentration of 30,000
mouse units (MU)/100 g. Assuming a conversion factor of 0.18 mg STX eq per MU, this corresponds to a
concentration of 5400 mg STX eq/100 g clam meat. HPLC analysis of a clam sample indicated a
concentration of 7500 mg STX eq/100 g clam meat. A sample of soup collected from one of the
affected households was analysed by MBA. The estimated intake of PSP toxins from this soup for one
child who died, reported as MU and converted to STX eq, was 25 mg STX eq/kg bw. Four adult patients
who died had each consumed 30-85 g clam meat. The authors calculated the amount of PSP toxins
consumed by these individuals using the HPLC estimate of 7500 mg STX eq/100 g clam meat, but there
appears to be an error in their calculations. The dose range for these individuals has been therefore
been recalculated, assuming a 60 kg bodyweight, as 38-106 mg STX eq/kg bw.
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31. An outbreak of 17 cases of PSP, none of which were fatal, occurred in South Africa in 197816. The amount
of PSP toxins ingested were based on MBA analysis of toxin concentrations in mussels collected from
restaurants or affected coastal areas, and estimated mussel consumption. A factor of 0.3 was applied to
adjust for the effects of cooking. The estimated dose ranged from 500-58,500 MU per person. Assuming
an adult bodyweight of 60 kg and using the conversion factor of 0.18 mg STX eq per MU, these doses
equate to 1.5-176 mg STX eq/kg bw. Only one patient had ingested less than 5 mg STX eq/kg bw. The
authors did not observe an association between symptom severity and ingested dose of PSP toxins.

32. In 1954, a family of six adults and one child aged 12 years collected and consumed clams containing PSP
toxins20. All members of the family experienced PSP symptoms, and two of the adults died. The authors
of the report had sampled shellfish from the area where the family had obtained the clams on several
of the days preceding and following the day that shellfish implicated in the incident were collected.
PSP toxin levels within these samples were calculated by MBA and graphed. As no shellfish had been
sampled on the day when the clams involved in the incident had been collected, toxin levels were
estimated by interpolation on the graph, and a correction factor of 0.3 was applied to adjust for the
effects of cooking. The amount of PSP toxins ingested by the patients was calculated by applying the
estimated PSP toxin concentrations to the estimated shellfish consumption of the patients.

33. The authors estimated that one of the patients who died had consumed approximately 5800 MU, while
the second fatality and one surviving adult had probably consumed 2400 MU. Assuming an adult
bodyweight of 60 kg and using the conversion factor of 0.18 mg STX eq per MU, these doses equate to
17 and 7 mg STX eq/kg bw, respectively. The remaining patients were estimated to have probably
consumed between 650 and 1000 MU (2 and 3 mg STX eq/kg bw).

34. In 1994, four outbreaks of PSP due to mussel consumption involving two, two, one and six ill individuals
were reported in Alaska, USA4. Mussel toxin concentrations were calculated by MBA. For outbreaks 1-3,
PSP toxin levels were determined from mussels collected within 24 hours of the onset of the outbreak
from the implicated beach, while for outbreak 4, all persons had eaten boiled mussels and toxin
concentrations were determined from left-over cooked and uncooked mussels.

35. Shellfish toxin concentrations for the four outbreaks ranged from 1778-19,418 mg STX eq/100 g. For 10
individuals for whom dose estimates were available, the lowest dose that caused illness was estimated
to be 21 mg STX eq/kg bw, with a median dose of 167 mg STX eq/kg bw. Among four persons with
respiratory arrest, who the authors suggested may be considered to have consumed a lethal dose, the
estimated dose ranged from 230-411 mg STX eq/kg bw.

36. An outbreak of PSP occurred in the summer of 1968 in 78 individuals who had eaten mussels harvested
from the Northumbrian coast, UK15. In total, the authors conducted interviews with 71 of the affected
individuals. MBA analysis was performed on raw mussels obtained from the retailer that supplied 65 of
the individuals, and also on samples that were cooked by the same method the retailer had employed.
Toxin concentrations were estimated in MU, and converted to STX eq/kg bw using the conversion factor
of 0.18 mg STX eq per MU and an adult bodyweight of 60 kg. Of the 22 persons who consumed an
estimated dose of 9-30 mg STX eq/kg bw, 18% did not experience symptoms, while 23% and 59%
reported mild and moderate symptoms, respectively. For the 42 individuals estimated to have ingested
30-60 mg STX eq/kg bw, 19% did not report symptoms, while 19% and 62% experienced mild and
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moderate symptoms, respectively. Only seven people ingested more than 60 mg STX eq/kg bw. Five
experienced moderately severe symptoms, while two experienced no symptoms whatsoever. No
fatalities were reported in this incident.

37. The Australia New Zealand Food Authority published a risk assessment on shellfish toxins in 200122. This
report claims that 2-3 mg STX eq/kg bw can produce moderate symptoms, 6.7-18 mg STX eq/kg bw can
cause death, but 33-167 mg STX eq/kg bw is more likely to constitute a fatal dose, although no
references are cited to support this statement. These values have been converted from STX eq per
person, assuming an adult bodyweight of 60 kg.

38. The case fatality rate for PSP varies considerably. In relatively recent outbreaks in North America and
Western Europe involving over 200 people, there were no deaths. However, in similar outbreaks in
Southeast Asia and Latin America, case fatality rates of 2-14% have been recorded. Part of this difference
may be related to how readily victims have access to hospital care1.

39. Other estimated intakes resulting in illness or death, derived from case studies describing a single or
small number of incidents or review papers are summarised in table 4.

FAO/IOC/WHO Evaluation

40. The unpublished data from Health Canada14 (see paragraphs 27-28) was specifically mentioned in the
FAO/IOC/WHO Consultation’s conclusions2. It was noted that analysis of this report indicated that mild
cases had generally consumed 2-30 mg STX eq/kg bw, while more severe cases generally involved an
exposure of >10-300 mg STX eq/kg bw. On this basis, the Consultation proposed a provisional lowest
observed adverse effect level (LOAEL) of 2.0 mg STX eq/kg bw. Considering that mild illness is readily
reversible, and the epidemiology data represents a range of individuals with varying susceptibilities, the
Consultation applied a safety factor of 3 to this LOAEL, establishing a provisional acute reference dose
of 0.7 mg STX eq/kg bw.

COT Evaluation of toxicological data

41. The Committee noted that the available animal and human data are limited. A tolerable daily intake
(TDI) could not be derived as the data all related to acute exposure. The acute exposure data were
assessed in order to consider establishment of an acute reference dose.

42. The COT noted a large number of uncertainties in the human data. These relate to uncertainties in
exposure assessments, for example due to disparities between toxin levels in tested shellfish compared
with the levels present in shellfish that were actually consumed. While leftover cooked shellfish were
analysed in some incidents, other reports were based on toxin concentrations determined in uncooked
shellfish, either from the same batch of shellfish that had been consumed, or that had been collected
from areas where consumed shellfish were obtained. In some reports, samples were collected on the
same day as the shellfish implicated in the PSP outbreak, while in others shellfish had been collected on
a different day.
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43. Further uncertainties in exposure assessments relate to uncertainties with respect to amounts of
shellfish reportedly consumed, and assumptions regarding the weight of the edible portions of specific
shellfish species. While some studies had applied a correction factor to adjust for the effects of
cooking, the precise effects of individual cooking practices on toxin levels are uncertain. In the majority
of studies, PSP toxin levels in the shellfish were calculated using an MBA, and the identity of the specific
toxins that had been consumed was unknown.

44. The Committee observed that some PSP cases have been reported following consumption of PSP toxins
below the FAO/IOC/WHO’s provisional LOAEL of 2 mg STX eq/kg bw. However, relatively few patients
had been ill after consuming such amounts, and these studies were subject to the uncertainties noted
above. FAO/IOC/WHO had considered that mild cases had generally consumed 2-30 mg STX eq/kg bw
while more severe cases involved an exposure of >10-300 mg STX eq/kg bw2.

45. Based on an overview of all the available data, and given the limitations regarding the exposure data, the
Committee concluded that the FAO/IOC/WHO approach was reasonable.

46. FAO/IOC/WHO had applied a safety factor of 3 to the LOAEL of 2 mg STX eq/kg bw cited for mild
effects to establish a provisional acute reference dose of 0.7 mg STX eq/kg bw. The value of 3 had been
selected rather than a larger value because the epidemiological data on PSP represented a wide range of
individuals with varying susceptibilities, and because mild illness is readily reversible. In addition, the
COT noted that the reported dose range was likely to represent individuals at the extreme ends of
sensitivity. The Committee noted that the proposed acute reference dose was about one-tenth of the
dose range associated with severe illness and was therefore unlikely to be overly conservative.

47. The limited animal data would appear to support this approach. Applying an uncertainty factor of 1000
to allow for differences between species, for human variability and for extrapolation from a lethal dose
to the oral LD50 of STX in monkeys of 277-800 mg/kg bw (table 2) would indicate an acute reference
dose in the region of 0.3-0.8 mg/kg bw.

48. FAO/IOC/WHO assumed a portion size of 250 g would cover 97.5% of consumers in most countries.
The Committee noted that this value was a reasonable estimate for high level shellfish consumption in
the UK, based on analysis of information on consumption of cockles, mussels, oysters and whelks from
the UK National Diet and Nutrition Survey Programme (NDNS)23. Given the acute effects of PSP, the
Committee considered it essential to refer to high level portion size as the comparator in the risk
assessment.

49. For a 60 kg adult, consumption of 250 g of shellfish containing 17 mg STX eq/100 g shellfish meat would
result in an intake of PSP at the acute reference dose of 0.7 mg STX eq/kg bw. Because of the uncertainty
and lack of precision in the data, the COT concluded that this value should be rounded to a single
significant figure of 20 mg STX eq/100 g shellfish meat, which would be the maximum concentration
considered to be without appreciable health risk.
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50. The current regulatory limit for PSP toxins in shellfish is 80 mg STX eq/100 g shellfish meat, which could
result in some individuals consuming greater than the proposed acute reference dose. There have been
no reported incidents of PSP resulting from consumption of UK shellfish since the official UK
monitoring programme was introduced. This could be interpreted as suggesting the current regulatory
limit may provide adequate protection for human health. However, the Committee agreed that it would
be imprudent to conclude that mild cases of PSP have not occurred in the UK, as they may go
unreported. Furthermore, given the potential for PSP to result in severe illness or even death, the
proposed acute reference dose should be supported.

51. Although some reports had suggested factors that may affect sensitivity to PSP, the variability in the
available data does not allow identification of any specific susceptibility factors.

52. The Committee agreed with FAO/IOC/WHO that that there is a need for better collection of implicated
samples and patient information in future PSP outbreaks, as well as more detailed information on the
effects of food processing on toxin levels.

Monitoring of PSP toxins and regulatory levels

53. Current legislation requires shellfish containing 80 mg STX eq/100 g shellfish meat to be withdrawn from
sale. A maximum concentration of 20 mg STX eq/100 g shellfish meat would be required in order to
ensure that a 60 kg adult consuming 250 g of shellfish would not exceed the proposed acute reference
dose of 0.7 mg STX eq/kg bw.

54. Mouse bioassays (MBAs), involving intraperitoneal injection of shellfish extract, are prescribed as the
reference methods in EU legislation (Commission Regulations (EC) No 854/2004 and (EC) No 2074/2005)
for detection of PSP biotoxins, and are used in the UK PSP monitoring programme. MBAs were
developed in the 1930s for the detection of marine biotoxins in protection of public health, when
specific analytical methodology was not available. Recent progress in development of certified
reference material and alternative methods means it is timely to reconsider the most appropriate way
of protecting public health.

55. The COT was asked to comment on the extent to which the available methods for detecting PSP toxins
are appropriate for protecting public health. The COT consideration focussed on the MBA and two
alternative methods, a high performance liquid chromatography (HPLC) technique and an immunoassay
known as the Jellett Rapid Test (JRT).

56. The current MBA for PSP toxins in the UK is carried out using a method based on the updated
Association of Analytical Chemists (AOAC) official method, and has a limit of detection of
approximately 30 mg STX eq/100 g shellfish meat24. The HPLC method, developed by Lawrence et al.25,26,
has a substantially lower detection limit than the MBA currently employed, and is able to identify and
quantify a range of PSP toxins. This method has recently undergone interlaboratory validation and has
received AOAC approval for the determination of STX, GTX2,3 (together), GTX1,4 (together), dcSTX, B1,
C1,C2 (together) and C3,4 (together) in some shellfish species (mussels, clams, oysters and scallops)27.
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57. The JRT, unlike the MBA and HPLC methods, is not a quantitative assay, which the manufacturer claims
can be used to screen out samples found to contain approximately ≤40 mg STX eq/100 g shellfish flesh.

58. Tables 5-7 show the available data on the performance characteristics of the three methods. In general,
these have been generated from testing of a relatively small number of samples.

Standards and reference materials

59. The use of methods based on HPLC for PSP monitoring programmes has previously been limited by a
lack of availability of commercial standards for all the known PSP toxins. Since 2003, however, standards
covering all the carbamate and most of the decarbamoyl saxitoxin families, which comprise the PSP
compounds that are most toxic in the MBA, have been available. The predominant toxins that have been
detected in UK samples are STX, GTX2 and 3, GTX 1 and 4, C1, C2, and NEO28,29.

Comparative data

60. The Committee noted that a number of trials had been published in which two or three of the methods
had been performed concurrently26,28,37,38,39,40,24,41.

61. Evaluation of alternatives to the MBA by comparison with the MBA is problematic, given the MBA’s
inherent variability and that the method is unable to identity the specific toxins present within a sample.

62. A further complexity is evident in studies comparing the MBA with HPLC. The authors of the various
studies have converted toxin levels determined by HPLC into STX eq, by multiplying the measured toxin
concentrations by a relative toxicity factor, as determined by MBA. Although the same source has
generally been cited for these relative toxicity values42, the precise figures used differ in several reports.

63. As part of the interlaboratory study on the Lawrence pre-column method26, a set of samples used in
the study was also analysed by the MBA and by Jellett Rapid Test (JRT) in a single laboratory. To
compare with the MBA result, individual PSP toxin levels obtained by HPLC were converted to STX eq
using relative toxicity values42. In this study, similar results were generally obtained with the MBA and
HPLC methods, although one sample that was negative in the MBA was found to contain 54 mg STX
eq/100 g shellfish meat by HPLC.

64. In 2005, FSA Scotland funded a short project, which employed the Lawrence HPLC method to verify
the presence or absence of PSP toxins in 147 extracts giving positive and negative results using the JRT in
Scotland28. HPLC results agreed with the absence of toxins in JRT negative extracts, and revealed that
the predominant toxins in JRT positive extracts were saxitoxin and GTX 2,3. Higher toxicity values were
recorded using HPLC when compared to the MBA data. Similar results have been observed in previous
comparisons of HPLC and MBA data, and are considered to be due to the underestimation of PSP
toxicity by the MBA38,43,42. Underestimation by MBA is thought to be due to high salt levels in the
extracts and matrix effects44,45.
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65. Comparative HPLC and MBA data are available from the Portuguese PSP monitoring programme, where
the Lawrence HPLC method has been implemented alongside an MBA since 1996. Concentrations of the
different PSP toxins were summed as STX eq by conversion of measured PSP toxin levels to their relative
toxicity in the MBA. For 79 tested samples, agreement between the MBA and HPLC was 87.3%, with a
12.7% incidence of a ‘negative’ MBA (defined in the report as ≤80 mg STX eq/100 g shellfish meat)
alongside a ‘positive’ (defined as ≥80 mg STX eq/100 g shellfish meat) HPLC result. There were no
incidences of a ‘positive’ MBA combined with a ‘negative’ HPLC result38. The authors of this report noted
that problems had been experienced with the HPLC method due to the presence of two interfering
compounds, one eluting close to STX and the other eluting close to dcSTX. However, introduction of
solid-phase extraction, as recommended in the Lawrence method, removed one of the interfering peaks
completely while the other was reduced by approximately 80%.

66. Data are also available from parallel trials of the JRT alongside the MBA comprising over 2000 samples
including a wide range of shellfish species sampled from Alaska, Maine, Washington State, British
Columbia, New Zealand and the UK37. In these trials, the JRT detected 100% of toxic extracts, defined as
those containing ≥80 mg STX eq/100 g shellfish meat. One borderline toxic sample, determined to
contain 78 and 86 mg STX eq/100 g shellfish meat in two separate MBAs, was interpreted as positive in
one JRT and negative in the second. In addition, between 85-100% of extracts found to contain 32-80 mg
STX eq/100 g in the MBA were also positive in the JRT test. The overall rate of JRT positives that were
MBA negative was around 14%.

67. To date, 2939 shellfish extracts have been tested in tandem by MBA and JRT by the three UK shellfish
monitoring laboratories. Of these samples, 70 were found to contain levels ≥40 mg STX eq per 100 g of
shellfish flesh by MBA, all of which tested positive by JRT. Of the remaining 2869 extracts, 350 tested
positive by JRT, but were negative in the MBA.

68. New data comparing MBA and JRT results from the Californian PSP monitoring programme have recently
been published39. The JRT was introduced to screen for shellfish containing PSP toxins in California
following an initial study involving parallel testing of 232 mussel and oyster extracts by MBA and JRT.
There were no instances of a negative JRT for a sample positive in the MBA, while 29% had a positive
JRT result and a negative MBA result.

COT Evaluation of PSP detection methods

69. The Committee concluded that HPLC was currently the only method sensitive enough to detect PSP
toxins at the concentration of 20 mg STX eq/100 g shellfish meat, considered by the Committee to be
necessary for protection of public health. It was important for the methodology to support detection
of all toxins considered likely to be relevant to public health.

70. Potency of the different PSP toxins is currently compared based on the i.p. toxicity by MBA. However, it
is not known how this relates to the oral toxicity of these toxins.

71. The COT considered that HPLC should be used for quantification of PSP toxins, subject to appropriate
quality control measures and method validation in the testing laboratories, including investigation of
possible interfering peaks that could mask the presence of toxins in different matrices.
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72. The existing data comparing MBA and HPLC at the current regulatory limit provided reassurance that
public health would not be compromised by not using the MBA. However, taking into account the
inherent variability in results from bioassays, uncertainty with respect to the relevance to health of
discordant results and the inability of the MBA to identify individual PSP toxins, comparative testing was
not considered appropriate for validation of alternative methods.

73. As HPLC detects individual PSP toxins, relative i.p. toxicity values have been used to calculate the STX eq
concentration within shellfish samples for comparison with a regulatory limit. Consideration should be
given to the most appropriate method of summing the concentration of PSP toxins within shellfish
samples.

74. The Committee was informed that it might be possible for the JRT to be re-engineered to detect lower
concentrations of PSP. The Committee agreed that if this was possible it could be used as a screen, using
HPLC for quantification of positive results.

75. At the current regulatory limit of 80 mg STX eq/100 g shellfish meat, the COT considered that, based on
the data presented, the JRT was appropriate for use as a pre-screen to identify samples for quantitative
testing, subject to appropriate quality control measures.

Conclusions

76. We note that the available animal and human data relate to acute exposure, and are therefore not
suitable for the derivation of a tolerable daily intake for PSP toxins. The potential for long-term health
effects arising from repeated exposure to PSP toxins is unknown.

77. We consider that human case reports should be used as a basis for risk assessment, while noting the
uncertainties related to the amount and nature of PSP toxins actually consumed in cases of human
illness.

78. We consider that 2 mg STX eq/kg bw is the best estimate of a LOAEL for mild illness in humans, taking
into account the uncertainties in the available data. More severe cases may occur above 10 mg STX
eq/kg bw.

79. We conclude that the LOAEL can be used as the basis for deriving an acute reference dose of 0.7 mg
STX eq/kg bw, by applying an uncertainty factor of 3 to the LOAEL in order to allow for the absence of a
no observed adverse effect level (NOAEL). A larger uncertainty factor is not required because the
epidemiological data on PSP represent a wide range of individuals and are likely to include information
relating to those who are most sensitive. This value for the acute reference dose is supported by the
available data relating to oral toxicity in animals.

80. We note that a portion size of 250 g is a reasonable estimate for high level consumption of shellfish in
the UK. We conclude that a PSP toxin concentration of 20 mg STX eq/100 g shellfish meat would be the
maximum concentration considered to be without appreciable health risk, assuming a 60 kg adult
bodyweight.
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81. HPLC is currently the only method sensitive enough for the detection of PSP toxins at a concentration
of 20 mg STX eq/100 g shellfish meat.

82. We conclude that HPLC should be used for quantification of PSP toxins subject to appropriate quality
control measures and method validation in the testing laboratories, including investigation of possible
interfering peaks for different matrices. The methodology should support detection of all toxins that
are likely to be relevant to public health.

83. At the current regulatory limit, the JRT could be used as a pre-screen to identify samples for
quantitative testing, subject to appropriate quality control measures.

84. We agree that it would be appropriate to review this advice when information on the distribution of PSP
toxins in UK shellfish becomes available from the more sensitive HPLC analyses.

COT statement 2006/08
July 2006
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Statement on risk assessment of marine biotoxins of the okadaic acid, pectenotoxin,
azaspiracid and yessotoxin groups in support of human health

Introduction

1. A number of marine phytoplankton produce biotoxins that can be bioconcentrated by shellfish.
Consumption of shellfish sufficiently contaminated with these toxins can result in human illness. Marine
biotoxins have previously been categorised on the basis of clinical signs, but are increasingly being
categorised by chemical structure. The structural toxin groups that are generally considered to be of
relevance to shellfish harvested in European waters are:

• Domoic acid group (DA)

• Saxitoxin group (STX)

• Okadaic acid group (OA)

• Pectenotoxin group (PTX)

• Azaspiracid group (AZA)

• Yessotoxin group (YTX)

• Cyclic imine group

2. Marine biotoxins can also be categorised according to their water solubility which determines the
extraction protocol required for analysis. The DA and STX groups are hydrophilic, while the OA, PTX,
AZA, YTX and cyclic imine groups are all lipophilic.

3. The DA group is associated with amnesic shellfish poisoning (ASP), the STX group with Paralytic Shellfish
Poisoning (PSP) and the OA group with Diarrhetic Shellfish Poisoning (DSP).

4. The Committee was asked for its views on the risk assessment of biotoxins of the STX, OA, AZA, PTX
and YTX groups in order to support protection of consumer health. A statement on STXs was published
in September 20061. The present statement addresses the OA, PTX, AZA and YTX groups.

Okadaic Acid group

Background

5. Toxins from the okadaic acid (OA) group are known to cause Diarrhetic Shellfish Poisoning (DSP), a
gastrointestinal illness that was first identified in the late 1970s2. The effects of OA toxins are considered
to be a result of the ability of these compounds to inhibit the activity of the protein phosphatases 1 and
2A3,4.
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6. The OA group comprises OA and its analogues dinophysistoxin (DTX)-1, DTX-2 and DTX-3. ‘DTX-3’
originally referred to a group of 7-O-acyl derivatives of DTX-1. More recently, however, it has been
demonstrated that OA and DTX-2 can also be acylated to give ‘DTX-3’ compounds3. The structures of
these compounds are shown in Figure 1. These esters are considered to be relatively unstable and are
expected to be hydrolysed in the body to give the free toxins5,6. Alkaline hydrolysis of ester forms to
the free toxins is required for detection by methods other than in vivo assays.

Figure 1. Chemical structures of OA group toxins7

7. In Japan, DSP outbreaks have mainly been associated with DTX-1, while OA has been more frequently
associated with DSP incidents in Europe. DTX-2 has previously been reported to be the predominant
diarrhetic shellfish toxin in Ireland8. A number of outbreaks associated with DTX-3 toxins have recently
been reported in Chile, Norway and Portugal6,5,9.

8. Current legislation sets out a maximum permitted level for OA toxins together with PTXs of 16 mg OA
equivalents (eq)/100 g shellfish meat, although there have been recent proposals to regulate PTXs
separately. Mouse bioassays (MBAs), involving intraperitoneal (i.p.) injection of shellfish extract, are
prescribed in EU legislation as the reference methods for the detection of these toxins. The regulatory
MBA provides a positive/negative result rather than quantitation of toxin concentration, and a positive
result is considered to indicate the presence of OA toxins and/or PTXs above the regulatory limit.
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Previous COT evaluations

9. The COT previously considered DSP toxins in 1994, when it reviewed a Ministry of Agriculture, Fisheries
and Food (MAFF) food surveillance paper on Naturally Occurring Toxicants in Food10. The COT
recommended:

• That the surveillance programme for detecting shellfish contaminated with DSP toxins as described in
the surveillance paper be continued

• That exposure to OA should be kept below those concentrations which cause toxicity as any tumour
promoter activity would also then be minimised

• That the mouse bioassay be used for the detection of DSP in shellfish at present but that efforts be
made to develop a more quantitative assay

10. Research into alternative methods is ongoing, but a method considered appropriate for use in the UK
shellfish monitoring programme for lipophilic biotoxins (incorporating OA toxins, PTXs, YTXs and AZAs)
is not yet available. Progress has been limited by a lack of analytical standards for many toxins and
problems in achieving the required sensitivity and specificity. However, it is hoped that an appropriate
method will become available within a couple of years.

Toxicology

Toxicokinetics

11. Research indicates that OA is widely distributed following oral administration. In Swiss mice, OA was
detected in intestinal content (36.3% of given dose) > urine (11.6%) > skin (8.3%) > faeces (6.6%) > blood
(4.3%) > muscle (3%) > intestinal tissue (2.6%) > liver and gallbladder > stomach > kidney > brain > lung
> spleen > heart (all ≤ 1.0%) 24 hours after administration of a non-diarrhetic dose (50 mg/kg bw)11. The
distribution was similar in animals given a dose that did cause diarrhoea (90 mg/kg bw), although the OA
content was significantly decreased in the stomach and significantly increased in the intestinal tissue
and contents compared with animals given 50 mg/kg. The authors suggested that OA largely underwent
enterohepatic circulation, which they also observed following intramuscular injection12.

12. In a later study, OA was detected in the lungs, liver, heart, kidney, stomach and small and large intestines
of male ICR mice within 5 minutes of administration of 150 mg OA/kg bw by oral gavage13. The site of
absorption was reported to be the jejunum. OA continued to be detected in the heart, lung, liver, kidney
and blood vessels for 2 weeks following administration. Excretion in urine and from the cecum and large
intestine started 5 minutes after administration, and continued via the intestinal contents for 4 weeks.

13. OA has been shown to cross the placental barrier to the fetus following oral administration to pregnant
Swiss-Webster mice on day 11 of gestation14.

14. In humans, faecal samples collected from individuals who developed DSP symptoms following
consumption of shellfish contaminated with DTX-3 were found to contain DTX-15. No DTX-3 was
detected in the faecal samples, indicating complete transformation into DTX-1 within the body. This
transformation was hypothesised to have taken place in the stomach.
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Acute toxicity

15. The lethal dose of OA, DTX-1 and DTX-3 following intraperitoneal (i.p.) injection in mice is reported to
be 200, 160 and ca. 500 mg/kg bw, respectively15. An i.p. lethal dose of 250 mg/kg bw has also been
reported for DTX-316. A recent study reported an LD50 for DTX-2 of approximately 350 mg/kg bw17.

16. Estimates of the oral lethality of OA in mice vary considerably. Ito et al. reported a lethal oral dose of
400 mg/kg bw13, while in another study no animals died following oral administration at 1,000 mg/kg bw
and 4/5 died after administration of 2,000 mg/kg bw18. In a further study inconsistent results were
observed, with mortality occurring in all mice given oral doses of 770 mg/kg bw and higher and in
animals given 575 mg/kg bw, but not in those administered 610 mg/kg bw or doses of 525 mg/kg bw or
lower19.

17. Following oral administration of DTX-1 to male ddY mice at doses of 100, 200, 300 and 400 mg/kg bw,
1/5, 0/5, 2/4 and 3/4 animals died, respectively20. At the higher doses, mice died within 6 hours of dosing,
while survival time was 30 hours at 100 mg/kg bw.

18. Diarrhetic effects of OA, DTX-1 and DTX-3 have been reported in several studies with suckling mice
20,21,22. Intestinal fluid induction has also been reported following administration of single oral doses of
75 mg OA/kg bw and above to 4-week old mice13, and in adult mice following an oral dose of 90, but not
50 mg OA/kg bw11. OA, DTX-1 and DTX-3 have all been found to induce severe diarrhoea in ICR mice and
Wistar rats following oral administration at 750 mg/kg bw23. Research presented at a recent conference
reported a lowest observed adverse effect level (LOAEL) and no observed adverse effect level (NOAEL)
for intestinal fluid accumulation by OA following oral administration of 75 and 50 mg/kg bw
respectively24. In rats, a LOAEL of 400 or 200 mg/kg bw was reported, depending on the vehicle used
(saline or triolein-oil, respectively).

19. Damage to the absorptive epithelium of small intestinal villi has been reported in several studies
following oral treatment of mice and rats with OA, DTX-1 and DTX-3 23,25. All toxins were reported to
induce intestinal injury at 750 mg/kg bw, while it was also noted that the minimum dose of DTX-3 that
induced collapse of the villous architecture in mice was 150 mg/kg bw. OA and DTX-1 also caused
intestinal injury following i.p. administration (≥200 and 375 mg/kg bw, respectively), but DTX-3 only
induced significant injury by the oral route. Damage was almost completely repaired within 48 hours.
DTX-1 has also been shown to induce mucosal injuries in the small intestine within 1 hour of i.p.
administration at doses ranging from 50-500 mg/kg bw26. No discernible changes in organs and tissues
other than the intestine were observed in this study.

20. Terao et al.23 also examined the effects of i.p. (375 mg/kg bw) and oral (750 mg/kg bw) administration of
OA, DTX-1 and DTX-3 to mice and rats on the liver. Adverse effects were observed following
administration of DTX-3 by the oral and i.p. route, whereas OA and DTX-1 only induced damage when
given intraperitoneally.
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21. In a further study, injuries were reported in the lung, stomach, small and large intestines and cecum, but
not the liver, of male ICR mice following oral administration of 150 mg OA/kg bw13. Degenerative lesions
to the small intestine, forestomach and liver have been reported in CD-1 mice following oral
administration of OA at doses of 1,000 and 2,000 mg/kg bw, while slight splenic atrophy was also
observed at the higher dose18. In a recent study, apoptosis was detected in the liver, ileum and kidney of
Swiss mice at various time points between 24 and 48 hours after oral administration of 115 and 230 mg
OA/kg bw19.

22. Atrophy and structural alteration of the thymus has been reported in mice 24 hours following
consumption of shellfish tissue contaminated with OA or OA and YTX over a 24 hour period (estimated
intakes of approximately 18 mg OA and 1.4 mg YTX/kg bw)27. Histopathological changes were also
observed in the spleen immediately following consumption of contaminated shellfish, but these effects
were less marked 24 hours following consumption.

23. A summary of acute toxicity studies is included in table 1.

Mechanism of action

24. OA is a potent inhibitor of the serine-threonine protein phosphatases (PP) 1 and 2A, and the adverse
effects of OA group toxins are considered to be mediated by this activity. It has been proposed that OA
may induce diarrhoea by stimulating the phosphorylation of proteins that control sodium secretion by
intestinal cells, or by enhancing phosphorylation of cytoskeletal or junctional elements resulting in
increased permeability to solutes, leading to passive loss of fluids28.
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Genotoxicity

25. OA did not induce mutations in the Salmonella typhimurium strains TA100 and TA98 in the presence or
absence of metabolic activation, but was mutagenic in Chinese hamster lung cells without activation,
using diphtheria toxin resistance as a marker29.

26. OA has been reported to induce DNA adducts with no clear concentration-response relationship using
the 32P-postlabelling technique in BHK21 C13 fibroblasts and HESV keratinocytes30. OA was negative in
the Chinese hamster ovary cell hprt mutation assay conducted to OECD guidelines (with and without
metabolic activation) and an in vitro unscheduled DNA synthesis (UDS) assay in rat hepatocytes31.

27. Using the cytokinesis-block micronucleus assay coupled to fluorescence in situ hybridization (FISH), OA
has been shown to induce aneuploidy in CHO-K1 cells in the presence and absence of rat liver S932,33,34.
The authors suggested that this effect was due to inhibition of chromosome attachment to the mitotic
spindle, possibly related to the effects of OA on protein phosphatases. Induction of micronuclei by OA
has been reported in Caco-2 human colon cells at doses sufficient to induce apoptosis, but this was not
confirmed in colon epithelial cells of mice given OA by oral gavage19.

28. Overall, the data show some evidence for genotoxicity in vitro in non-standard assays, including
evidence for DNA adduct formation in mammalian cell lines which are difficult to interpret, and thus it
is noted some effects may be related to the toxicity of OA in the in vitro assays. There is evidence for
aneugenicity in vitro in a mammalian cell line which is unlikely to be related to a direct effect of OA on
DNA. Standard bacterial reversion, mammalian gene mutation assays and a UDS assay in rat hepatocytes
were negative. The in vivo relevance of the positive in vitro findings is unclear and has not been
investigated.

Tumour promoting activity

29. OA and DTX-1 have been shown to act as tumour promoters on mouse skin initiated with 7,12-
dimethylbenz[a]anthracene (DMBA)35,36. In these studies 100 mg DMBA was applied once to mouse skin,
followed by twice weekly application of OA (5 and 10 mg) or DTX-1 (5 mg) for 30 weeks. Administration
of OA via drinking water has been found to promote tumour formation in the glandular stomach of rats
initiated with N-methyl-N’-nitro-N-nitrosoguanidine (MNNG) in the drinking water for the first 8 weeks
of the study (OA administered at 10 mg/rat/day on weeks 9-55 followed by 20 mg/rat/day on weeks 
56-72)37. In this study, the percentage of rats treated with MNNG and OA, MNNG alone or OA alone
bearing neoplastic changes was 75, 46 and 0%, respectively.

30. The tumour promoting activity of OA and DTX-1 is considered to be mediated by inhibition of the
protein phosphatases (PP)1 and PP2A, which results in increased protein phosphorylation leading to
alterations in gene expression. OA and DTX-1 have been found to induce ornithine decarboxylase
activity in mouse skin, with OA also inducing this enzyme in the rat glandular stomach35,36,37. In addition,
OA has been shown to induce tumour necrosis factor (TNF)-α gene expression in mouse skin38 and
synthesis and secretion of the murine cytokine CXCl1/KC, a promoter of tumour growth, in JB6 cells39.



31. No data are available on reproductive toxicity or developmental toxicity.

Human data

32. DSP incidents have been reported in many countries around the world, including Japan40, the
Netherlands41,42, Norway43,6, Sweden44, Belgium45, Portugal46,47, the UK48, Canada49, Chile50,5 and New
Zealand51.

33. The predominant symptoms of DSP are diarrhoea, nausea, vomiting and abdominal pain. Symptoms are
generally reported to occur between 30 minutes and a few hours following shellfish consumption, with
patients recovering within 2-3 days.

Epidemiology data

34. Information provided in the majority of reports of DSP outbreaks is very limited. Many do not provide
information on the amount of contaminated shellfish consumed by affected individuals, and where
exposure assessments are reported, little information is given on how these estimates have been
derived. There is also a potential for uncertainty due to disparities in toxin levels in tested shellfish
compared with levels present in shellfish that were actually consumed. Limited information is available
on the effects of cooking on levels of OA toxins in shellfish, however it is generally considered that
cooking does not reduce the levels of these toxins in shellfish due to their chemical stability and
lipophilicity52. Although many incidents of DSP have been reported globally, this paper focuses
predominantly on reports where assessment of toxin intake has been conducted.

35. In several older human case reports, toxin levels in contaminated shellfish have been determined by
mouse bioassay (MBA), involving i.p. injection in mice. MBA results are generally reported as either
mouse units (MU) or OA equivalents (eq). For OA and DTXs, one MU was defined in these reports as
either the minimum amount of toxin required to kill two of three 20 g mice within 24 hours following
i.p. injection, or as the amount of toxin required to kill one mouse within 24 hours of i.p. injection. One
MU is reported as corresponding to approximately 4 mg OA and 3.2 mg DTX-1, based upon the lethal
dose of these toxins following i.p. injection in mice and assuming a 20 g mouse (200 and 160 mg/kg bw,
respectively)53,54. For DTX-3, 1 MU has been reported as 5 mg, based upon the reported i.p. toxicity in
mice of 250 mg/kg bw55,16.

36. In June and July of 1976 and 1977, a total of 164 individuals in Japan were reported to have developed
diarrhoea, nausea, vomiting and abdominal pain following consumption of mussels or scallops40.
Symptoms occurred between 30 minutes and a few hours following shellfish consumption, with time to
onset rarely exceeding 12 hours. Mussels implicated in these incidents were found to contain a toxin, at
that time unidentified, that killed mice following i.p. injection.

37. To assess the levels of toxin associated with human illness, three leftover mussel specimens from meals
eaten by eight individuals who became ill in 1977 were tested by MBA. Toxin levels were quantified as
MU/hepatopancreas, with a definition of 1 MU being the amount of toxin required to kill a mouse in 24
hours following i.p. administration. Details of shellfish consumption, severity of illness and toxin levels
within the consumed shellfish are summarised in Table 2.
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Table 2. Comparison of human illness with toxin intake40

* Toxin intake estimated by study authors based upon an average weight of 0.8 g hepatopancreas per mussel

38. Mild symptoms were experienced by two of the affected individuals; nausea and mild diarrhoea was
reported by a female aged 40 years while a male aged 15 years vomited but did not suffer from
diarrhoea. The two individuals who experienced mild symptoms had both consumed 3 mussels
containing 5 MU of toxin/g hepatopancreas. Assuming an average hepatopancreas weight of 0.8
g/mussel, the authors concluded that 12 MU of toxin was sufficient to induce mild illness in humans.
This would correspond to an estimated 48 mg OA or 38 mg DTX-1, assuming that one MU is equivalent
to 4 mg OA or 3.2 mg DTX-1. The other six patients, aged between 10 and 68 years, developed severe
symptoms following an estimated intake ranging from 19-70 MU per person (corresponding to 76-280 mg
OA or 60-224 mg DTX-1). The toxin involved in this incident was subsequently identified as DTX-156.

39. In October 1984, cases of gastrointestinal illness developing after consumption of mussels were
reported simultaneously in Sweden and Norway43. In Norway, cases continued to be reported until April
1985. Mussels described as being ‘associated with cases of intoxication’ were collected and analysed by
MBA. Further details on where these samples were obtained are not reported. In addition, fortnightly
sampling took place at three localities on the south-east coast of Norway and south-east coast of
Sweden from November 1984 – April 1985.

40. Mussels associated with DSP cases in Norway were found to be ‘slightly to highly toxic’43. It was also
noted that some samples contained 1.5-2 MU of toxin per g of hepatopancreas but it was not specified
whether these were samples associated with illness or samples collected from Norway or Sweden in
the months following the incident. The amount of mussel meat consumed by affected individuals was
reported to range from approximately 30-200 g, and it was suggested that an intake of between 10-15
MU (equivalent to 40-60 mg OA) caused gastrointestinal symptoms43. In a separate report, samples
involved in the Swedish DSP cases were reported to contain DSP toxins at a concentration greater than
17 MU/100 g shellfish flesh44, corresponding to 68 mg OA or 53 mg DTX-1/100 g.

Individual
(Age, Sex)

No. 
Mussels eaten

Toxicity (MU) Symptom
severity

per g hepatopancreas Total consumed*

A (40, F) 3 5.0 12 Mild

B (15, M) 3 5.0 12 Mild

C (45, M) 5 5.0 20 Severe

D (10, M) 5 5.0 20 Severe

E (56, M) 10 5.0 40 Severe

F (52, F) 5 8.5 35 Severe

G (53, M) 10 8.5 70 Severe

H (68, M) 6 4.0 19 Severe
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41. At an opening ceremony of a new mussel farm in Norway, the 77 guests were served dishes containing
blue mussels, and many subsequently developed DSP symptoms2. In total, 72 individuals were
interviewed by the local Food Control Authority the following day, 39 of whom reported nausea,
vomiting, stomach pain, diarrhoea and headache. Analysis of leftover mussels by high performance
liquid chromatograpy (HPLC) without hydrolysis of DTX-3 (OA esters) indicated that they contained 
55-65 mg OAeq/100 g mussel meat. No precise information on the amount of mussels consumed was
available, but a crude estimate of 1-1.5 mg OA eq/kg bw was suggested, based on general information
about consumption of blue mussels among Norwegians57.

42. Several DSP incidents have been reported in the UK. In 1994, two patients developed DSP symptoms 
1-2 hours after eating imported mussels58. Symptoms persisted for up to 36 hours. Uneaten mussels
were tested by MBA and high performance liquid chromatograpy (HPLC), and HPLC confirmed the
presence of OA at a concentration of 2030 mg/100 g shellfish flesh. Both individuals were reported to
have each consumed 10 mussels weighing approximately 200 g in total including shells48. Estimates of
meat yields vary, but information provided to the Food Safety Authority of Ireland by Bantry Bay Foods
Ltd suggests that in a kg of mussels there are 80-105 mussels that yield between 180 g and 240 g of
cooked meat59, i.e. a meat yield of 18-24%. McCance and Widdowson’s ‘The Composition of Foods’
reports a 30% tissue yield for boiled mussels60, while an FAO review gives an average edible tissue yield
for raw mussels of 24%61. Assuming a tissue yield of 25% in the absence of specific data, the individuals
may be estimated to have eaten 50 g of mussels providing an OA intake of 1015 mg per person. It is
notable that the toxin intake in this incident was considerably higher than that in the other DSP case
reports.

43. In June 1997, 49 patients presented with acute onset (within 30 minutes) of DSP symptoms which
persisted for more than 8 hours62. All individuals had eaten UK-harvested mussels at one of two London
restaurants. No pathogenic bacteria or viruses were detected in stool samples taken from some of the
patients. HPLC analysis of mussel samples indicated the presence of OA, at concentrations ranging
between 25.3 and 36.7 mg/100 g shellfish flesh48. No details on the amount of mussels consumed by the
affected individuals were reported, although the authors noted that one patient who only developed
diarrhoea that lasted for 8 hours had eaten mussel soup. They suggested that this meal may have
contained less OA than other dishes.

44. Most recently, a DSP outbreak occurred in June 2006, involving approximately 159 individuals who ate
mussels at a chain of restaurants in London. The majority of individuals became ill within 2-12 hours of
eating mussels. A report from one restaurant indicates that 407, 242, 265, 239 and 297 mussel dishes
were sold on the 17th, 18th, 19th, 20th and 21st of June, with 16 (4%), 25 (10%), 2 (1%), 4 (2%), and 25 (8%)
people reporting DSP symptoms, respectively. Three samples obtained from the supplier that had been
harvested on 14, 15 and 19 June and served in the restaurants were tested for the presence of norovirus
and DSP toxins. Norovirus genogroups I and II were not detected in any sample.

45. The samples harvested on 15 and 19 June tested positive by MBA (indicating the presence of DSP toxins
at a concentration >16 mg/100 g shellfish flesh), while the sample collected on 14 June was negative.
However, further analysis of the samples by liquid chromatography-mass spectrometry (LC-MS)
indicated that all three samples contained OA and OA esters (‘DTX-3’), while one sample also contained
DTX-1 and DTX-1 esters. The total concentration of OA or OA and DTX-1, following hydrolysis of the
samples to convert the esters to their parent compound, was 25.8, 26.5 and 30.2 mg/100 g shellfish flesh
in the samples harvested on 14, 15 and 19 June, respectively, i.e. about 70% above the regulatory limit of
16 mg/100 g. These samples were also found to contain PTXs. Analytical results for these samples are
summarised in table 3.
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Table 3. OA group and PTX concentrations in mussels associated with June 2006 DSP outbreak.

+ MBA analysis performed with a 5h observation period rather than the 24h required by EU legislation.
* Concentration of OA and DTX-1 following hydrolysis of shellfish extract (no evidence of DTX-2 or DTX-2 esters).
** Concentration of OA following hydrolysis of shellfish extract (no evidence of DTX-1, DTX-2 or their esters).

46. Information on the exact amount of mussels consumed is not available, although it is known that
mussels were served at the restaurants in portion sizes of 500 g and 1 kg including shells. Information
from the suppliers of the mussels indicates that the meat yields of the affected batches were 28-30%.
Assuming a meat yield of 29% and an OA/DTX concentration of 27.5 mg/100 g shellfish flesh (the average
of the 3 values), it is possible that individuals who ate a 500 g portion of mussels may have consumed
145 g of mussels, providing a toxin intake of about 40 mg. Individuals consuming a 1 kg portion of
mussels may have eaten 290 g of mussels, providing a toxin intake of about 80 mg. As noted above,
these samples also contained PTXs and it is uncertain whether these toxins may have also contributed
to illness.

47. In 1998, a DSP outbreak associated with OA esters (DTX-3) was reported in Portugal46. In total 18
individuals developed symptoms of DSP after eating Donax clams. The severity of symptoms was
reported to be related to the amount of clams eaten, with those who ate little experiencing mild
symptoms and those who ate 500 g presenting with the most serious symptoms. A sample of these
clams was sent for analysis for bacteria and DSP toxins. Salmonella spp. were not detected in the clams,
and HPLC analysis detected only low levels of OA (10 mg/100 g shellfish meat). However, following
alkaline hydrolysis of the extract to release fatty acids from the esters, 130 mg OA/100 g shellfish meat
was detected. Noting that the yield of edible tissue from Donax clams is approximately 18-20%, the
authors calculated that individuals who consumed a 500 g portion would be expected to have eaten
90-100 g of tissue, suggesting a toxin intake of 117-130 mg OA eq per person.

48. A further DSP incident associated with OA esters occurred in Portugal in 20019. Six individuals reported
DSP symptoms after eating razor clams and clams that had been obtained locally. In total, 2 kg of razor
clams and an unspecified amount of clams had been obtained by the affected individuals. Symptom
severity appeared to be related to the amount of shellfish that had been eaten, and took 3 days to
resolve in the most severe cases. LC-MS analysis of razor clams harvested the day after the affected
individuals had become ill indicated the presence of OA at a concentration of 1 mg/100 g shellfish meat.
Following hydrolysis of ester forms, 50 mg OA/100 g shellfish meat was detected.

49. Noting that the edible tissue yield of razor clams is 60%, giving a total edible mass of 1.2 kg from the
2 kg collected by the patients, the authors of the report hypothesised that individuals who reported
eating ‘a lot’, ‘little’ or ‘very little’ may have eaten around 350 g, 150 g or 50 g, respectively. On this basis,
it was estimated that the respective toxin intakes may have been 175, 75 or 25 mg OA eq per person.

Mussel sample Date sample
collected

MBA+ result LC-MS results (mg/100 g shellfish meat)

OA/DTX PTX-2 PTX-2 seco acid 7-epi PTX-2
seco acid

BTX/2006/936 19.06.06 +ve 30.2** 43.3 25.6 3.1

BTX/2006/937 15.06.06 +ve 26.5** 51.3 40.3 6.4

BTX/2006/938 14.06.06 -ve 25.8** 30.2 35.4 4.7

Annual Report 2006
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Low levels of domoic acid (DA; 490 mg/100 g), the biotoxin associated with amnesic shellfish poisoning
(ASP), were also detected in razor clams harvested commercially at the same period. Although mild
symptoms of ASP are similar to those of DSP, it was noted that the level was substantially lower than
the regulatory limit of 2000 mg/100 g shellfish flesh and that DA was unlikely to have contributed to
the poisoning.

50. In the same month, an individual living in the region developed DSP symptoms after eating green crabs
harvested locally. Symptoms started 2-3 hours following ingestion and persisted over 3 days. Leftover
crabs from the meal were frozen and analysed by LC-MS 1.5 months later, and found to contain 32.2 mg
OA equivalents following hydrolysis. It was estimated that around 30 crabs, consisting of approximately
140 g edible tissue, may have been consumed, which would correspond to an intake of around 45 mg
OA eq. Very low levels of DA were detected in the cooked crab sample (40 mg/100 g), but were again
not considered to have contributed to the poisoning. Noting the delay between sampling of the crab
and analysis, and that OA esters are considered to be quite unstable, the authors suggested that the OA
intake may have been underestimated in this case.

51. In 2002, several hundred people became ill after eating self-harvested brown crabs in southern
Norway6. The symptoms were reported to be typical of DSP, although less severe and with a delayed
onset. As no leftovers from any meals were available for analysis, fresh crabs from shallow waters in the
same area as the original crabs had been harvested were collected and boiled prior to LC-MS analysis.
Crabs move freely from area to area, and it is therefore uncertain how representative the crabs
collected by the researchers are to those consumed by affected individuals. No DSP toxins were
detected upon initial analysis, but analysis following alkaline hydrolysis indicated the presence of 29 mg
OA/100 g and 2 mg DTX-2/100 g. Details of the amount of crabs eaten by affected individuals are not
reported, but the report notes that a risk assessment was undertaken on behalf of the Norwegian Food
Control Authority, resulting in the establishment of a temporary regulatory limit of 40 mg DTX-3 as OA
eq/100 g brown meat in crabs. This limit was set on the basis of the analytical results and reports of
illnesses available from the outbreak in 2002, indicating that 75-150 mg DTX-3 as OA eq per person
would result in illness, and that an estimated average consumption of 2-3 crabs weighing 500 g at the
level of 40 mg OA eq/100 g brown meat would give an intake of 28-42 mg DTX-3 as OA eq. Full details
of this risk assessment have been submitted for publication, but are not currently available.

52. A summary of the estimated toxin intakes associated with DSP symptoms is provided in table 4.

53. In view of the tumour promoting effects of OA and DTX-1 in animal studies, researchers in France
attempted to assess whether there may be a link between cancer risk and exposure to DSP toxins in
humans63. Hypothesising that residual levels of OA may be present in shellfish harvested from beds
recently re-opened following a contamination episode, the authors assessed mortality rates in coastal
areas that had low, medium or high rates of harvesting bed closures for DSP toxin contamination and in
areas where no closures had occurred. The authors considered their findings may suggest a possible
association between living in areas with a high rate of closures and some digestive cancers, but
acknowledged the large number of assumptions that had been made in the study. For example,
consumption rates of locally harvested shellfish were not assessed, and it was not possible to confirm
whether harvesting bed closure rates actually related to OA toxin exposure. Adjustment for
confounding had also not been conducted, apart from for the presence of liver cirrhosis in men as a
proxy for alcohol consumption. 
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Previous Risk Assessments

54. Three risk assessments of marine biotoxins, including those of the OA group, have been conducted by
international bodies in recent years. Details of these assessments are summarised below.

55. A European Commission (EC) Working Group on Toxicology of DSP and AZA poisoning52 based its risk
assessment of OA group toxins on the data arising from the Japanese outbreak of 1976 and 1977
involving DTX-1 discussed in paragraphs 36-38 above40. The working group noted that 12 MU was the
lowest observed adverse effect level (LOAEL) identified in this report, which would correspond to 48
mg OA eq, or 0.8 mg/kg bodyweight (bw) for a 60 kg individual. The working group applied a safety
factor of 3 to this value to derive an allowance level of 0.27 mg/kg bw.

56. In 2004, a Joint FAO/IOC/WHO ad hoc Expert Consultation on Biotoxins in Bivalve Molluscs was asked
by the Codex Committee on Fish and Fishery Products (CCFFP) to perform risk assessments for a
number of biotoxins that may be present in bivalve molluscs64. It was considered that the data from
Japan indicated a LOAEL of 1.2-1.6 mg/kg bw, but no details were provided on what bodyweights were
used to derive this value. The Expert Consultation also noted that in the outbreak in Norway described
in paragraph 412 the affected individuals had an estimated toxin intake of 1.0-1.5 mg/kg bw.

57. FAO/IOC/WHO applied a safety factor of 3 to the LOAEL of 1.0 mg OA eq/kg bw to derive an acute
reference dose (ARfD; i.e. the amount that can be ingested in a period of 24 hours or less without
appreciable health risk) of 0.33 mg OA eq/kg bw. A safety factor of 3 was considered sufficient because
of documentation of human cases including more than 40 persons and because DSP symptoms are
readily reversible.

58. A further risk assessment was conducted by a Community Reference Laboratory on Marine Biotoxins
Working Group on Toxicology in October 200565. The Working Group’s report is unreferenced, but notes
that the LOAEL of OA in humans is 1 mg/kg bw. A safety factor of 3 was again applied to derive an ARfD
of 0.33 mg OA eq/kg bw.

COT Evaluation

59. The Committee assessed the available epidemiology data on OA group toxins with a view to advising on
an appropriate ARfD.

60. A large number of uncertainties were noted in the human data, including uncertainties in estimates of
the amount of shellfish consumed by affected individuals, and potential disparities in toxin levels in
tested shellfish compared with levels present in shellfish that were actually consumed. Reports
generally provide only limited information on how exposure assessments have been calculated.

61. The COT considered that the totality of epidemiology data for OA toxins that was available prior to the
recent UK DSP outbreak described in paragraphs 43-45 indicated a LOAEL of around 1 mg/kg bw. It was
noted that the limited information from the 2006 UK incident may suggest a lower LOAEL of 0.7 mg/kg
bw, based on a 60 kg bw. However, the data from this incident were difficult to interpret as the shellfish
associated with the outbreak also contained biotoxins of the PTX group. It is uncertain whether the



presence of the PTX toxins may have contributed to illness. In addition, two shellfish portion sizes had
been sold at the restaurants involved in the incident, and it was not known which had been eaten by
individuals who became ill. Had all individuals eaten the larger portion size, a LOAEL of 1.3 mg/kg bw
would be indicated, in line with the earlier epidemiology data.

62. Overall, the Committee considered that 1 mg/kg bw should be viewed as the most appropriate LOAEL
for deriving an ARfD for OA toxins. However, the 2006 UK DSP outbreak indicated a reported response
rate of up to 10%, suggesting that more than the most susceptible minority were affected at this dose,
and therefore that an uncertainty factor of 3 would not be sufficient for extrapolation from a LOAEL to
a NOAEL due to potential human variability in susceptibility to the effects of these toxins. It was agreed
that an uncertainty factor of 10 should be applied, resulting in an ARfD of 0.1 mg OA eq/kg bw.

Pectenotoxins

Background

63. The presence of pectenotoxins (PTXs) in shellfish was first discovered due to their high acute toxicity in
mice following i.p. administration of lipophilic shellfish extracts3. More than 12 PTXs have been identified
to date, and the structures of some of these toxins are shown in Figure 2.

Figure 2. Structures of PTXs7,66
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64. PTXs exclusively arise from Dinophysis spp. which can also produce toxins from the OA group, and are
therefore always accompanied by OA toxins64. This makes it difficult to assess the contribution of PTXs
to human cases of DSP. It was previously suggested that PTX-2 seco acid (SA) and 7-epi-PTX-2 SA may
have been responsible for outbreaks of human illness involving nausea, vomiting and diarrhoea in
Australia in 1997 and 2000 following consumption of shellfish contaminated with these compounds67.
However, the observed effects were later attributed to OA esters in the shellfish64. Mussels implicated
in the recent DSP incident in the UK (paragraphs 43-45) also contained PTXs, and there is uncertainty as
to whether these compounds may have contributed to the effects observed.

65. As noted in the OA group section, European legislation currently regulates for the presence of OA
group toxins and PTXs together, but there have been recent proposals to regulate PTXs separately.

Toxicology

Toxicokinetics

66. The only data available on the toxicokinetics of PTXs are unpublished results from a PhD thesis
summarised in the background document for the FAO/IOC/WHO evaluation of marine biotoxins3.
Significant amounts of PTX-2 and PTX-2 SA were found in the gastrointestinal contents and faeces
following oral administration, with only traces detected in tissue and urine. Following i.p. administration,
PTX-2 and PTX-2 SA were detected in the blood and internal organs as well as in gastrointestinal
contents and faeces. However, total recovery of toxins was reportedly low with both routes of
administration.
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Acute toxicity

67. Acute lethality data following i.p. administration of PTXs to mice are summarised in table 5. The
minimum amount of PTX-2 reported to cause death in mice following p.o. administration is 25 mg/kg bw,
with 1 of 4 mice dying20. However, the dose response in this study was unusual with no lethality
observed in 4 mice given 100 mg/kg bw, while 1/5, 2/5, and 1/4 mice died following administration of 200,
300 and 400 mg/kg bw, respectively. In a subsequent study, no overt signs of toxicity were observed in
mice following oral administration of PTX-2 or PTX-2 SA at doses up to 5000 mg/kg bw68. A recent study
reported no signs of toxicity in mice given an oral dose of PTX-11 at 5000 mg/kg bw66.

Table 5. Acute lethality of PTXs in mice following i.p. administration

68. Unlike OA group toxins, PTXs are not thought to inhibit protein phosphatases, and the potential for
PTXs to induce diarrhoea has been a matter of some debate. In a study by Ishige et al. diarrhoea was
observed in mice following oral administration of PTX-2 at doses of 1000 (1/5), 2000 (2/5) and 2500 (2/5)
mg/kg bw, while at a lower dose of 250 mg/kg bw the small intestine was swollen and filled with
fluid52,73. Vacuole formation was observed in the epithelial cells of the small intestine. In contrast, 
PTX-1 did not induce diarrhoea in suckling CD-1 mice following oral administration at doses up to
2 mg/mouse21, or following i.p. administration to suckling BALB/c mice at doses from 150-1000 mg/kg bw,
respectively26. In addition, no diarrhetic effects were observed in mice following oral administration of
PTX-2 or PTX-2 SA at 5000 mg/kg bw74, oral or i.p. dosing with PTX-11 at 5000 mg/kg bw or i.p. injection
with PTX-2 SA66 or 7-epi-PTX-2 SA at doses of 5000 mg/kg bw72.

Compound Dose (mg/kg bw)

PTX-1 25069

PTX-2 23069

PTX-3 35069

PTX-4 77069

PTX-6 50069

PTX-7 >500070

PTX-8 >500070

PTX-9 >500070

PTX-11 25066

PTX-2SA No effects at 500071

7-epi-PTX-2-SA No effects at 500072
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69. More recently however, a poster presented at the 12th International Conference on Harmful Algal
Blooms reported that oral administration of PTX-2 resulted in intestinal fluid accumulation in mice at
doses of 400 mg/kg bw and above24. Tissue damage was observed in the small intestine, characterised
by vacuole formation in epithelial cells. No effects were observed at 300 mg/kg bw. Intestinal fluid
accumulation was also observed in rats following administration of PTX-2 with a LOAEL of 300 or
400 mg/kg bw when administered in 2% lecithin water or in saline, respectively. Notably, no effect was
observed when PTX-2 or OA were administered separately to mice at a concentration of 300 mg/kg bw
or 50 mg/kg bw, respectively, whereas fluid accumulation was observed when the compounds were
given together.

70. Reports of hepatotoxic effects of PTXs are also conflicting. Formation of non-fatty vacuoles, congestion
and the appearance of granules were observed in mouse liver following i.p. administration of PTX-1 at
doses of 150-1000 mg/kg bw26. Only slight injuries were seen in mice given 150 or 200 mg/kg bw in this
study. In a later study, the same authors reported formation of non-fatty vacuoles in the liver and
swelling of small intestinal villi in mice given PTX-1 or PTX-2 (375 mg/kg bw) by i.p. administration, but no
adverse effects following oral administration of PTX-1 and PTX-2 at 750 mg/kg bw23. Ishige et al.,
however, reported that oral administration of PTX-2 to mice at doses of 250-2000 mg/kg bw resulted in
hyaline droplet formation and granular degeneration in hepatocytes73. Increased granularity in the liver
and increased serum activities of alanine aminotransferase, aspartate aminotransferase and sorbitol
dehydrogenase were reported in mice given an i.p. injection of 200 mg PTX-2/kg bw75.

71. In contrast to the above studies, several other studies have found no signs of toxicity in the liver or
other organs following i.p. administration of PTX-2 SA or 7-epi-PTX-2 SA or oral administration of PTX-2,
PTX-2 SA or PTX-11 at 5000 mg/kg bw71,72,66.

Previous Risk Assessments

72. The EC Working Group on Toxicology of DSP and AZP identified an oral LOAEL of 250 mg/kg bw for
PTXs, based on the report of fluid accumulation and injuries to the small intestine and liver at this dose
by Ishige et al. (see paragraphs 68 and 70). A safety factor of 1000 (to account for use of a LOAEL and
inter- and intra-species extrapolation) was applied to this value to derive an ARfD of 0.25 mg/kg bw52.

73. FAO/IOC/WHO (2004) considered that the database was not sufficient to establish an ARfD for PTXs.
However, it was noted that estimated human exposures to PTXs, assuming a 60 kg bw, for Canada
(0.6 mg/kg bw) and Norway (1.6 mg/kg bw) are more than 8300 and 3100 lower, respectively, than the
oral dose of PTX-2 or PTX-2 SA at which no adverse effects were observed in studies by Miles et al
(5000 mg/kg bw; see paragraphs 67, 68 and 71)64.
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74. The information recently generated relating to induction of intestinal fluid accumulation and intestinal
tissue damage in mice following oral administration of PTX-2 (see paragraph 69) was made available to
the CRLMB Working Group on Toxicology for their discussions in 2005. The Working Group were also
informed that pathological changes were observed in the stomach, lungs, liver, kidneys and intestines at
1500 mg/kg bw in this research, although these data were not presented at the 2006 Harmful Algae
conference. It was noted that this work indicated a no observable adverse effect level (NOAEL) of 300
mg/kg bw. A safety factor of 100 was applied to this value to derive an ARfD of 3 mg/kg bw65. At the
CRLMB meeting, it was noted that the discrepancies in findings relating to diarrhoea are to be
investigated further.

COT Evaluation

75. While noting the conflicting results reported for PTXs, the COT considered that the studies reporting
adverse effects following oral administration should not be discounted.

76. The Committee considered that it was appropriate to take the lowest identified LOAEL of 250 mg/kg bw,
and apply an uncertainty factor of 1000 to derive an ARfD of 0.25 mg/kg bw for PTXs. An uncertainty
factor of 1000 was selected to account for extrapolation from a LOAEL to a NOAEL and to allow for
differences between species and human variability.

77. In the in vivo study reported at the 2006 Conference on Harmful Algae, diarrhetic effects were
reported following oral administration of PTX-2 and OA together at doses that did not produce adverse
effects when administered separately. While the available data are limited, it was noted that it may be
prudent to consider the potential for combined effects of these toxin groups given that they are known
to co-occur in shellfish. However, a conservative approach incorporating a large uncertainty factor
(1000) had been taken in advising on an ARfD for PTXs, while the ARfD for OA was based on human
data which may be expected to include incidents of consumption of shellfish containing both OA toxins
and PTXs. Indeed, shellfish associated with the 2006 DSP outbreak in the UK contained toxins from both
groups. This provided some reassurance that the proposed ARfDs for PTXs and OA toxins would offer
adequate protection for the consumer.

78. In view of the incomplete nature of the database for PTXs, the Committee recommended that the ARfD
for these toxins should be reviewed when further data are available.

Azaspiracids

Background

79. Azaspiracids (AZAs) were first discovered in 1995 in Ireland, and have subsequently been reported in
several other countries including the UK, Norway, France, Spain and Morocco. To date 11 different AZA
congeners have been identified. The structures of AZAs-1 to -5 are shown in Figure 3.
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Figure 3. Structures of AZAs-1 to -576

80. Cases of human illness following consumption of shellfish contaminated with AZAs have been reported,
and symptoms of AZA poisoning (AZP) are similar to those of DSP, including nausea, vomiting, severe
diarrhoea and stomach cramps77.

81. Current legislation prescribes a maximum permitted level for AZAs in shellfish of 16 mg/100 g shellfish
flesh.

Toxicology

Toxicokinetics

82. No data have been reported on the toxicokinetics of AZAs.
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Acute Toxicity

83. Lethal doses of AZA-1, -2, -3, -4 and 5 in mice following i.p. injection are summarised in table 6.

Table 6. Acute lethality of AZAs in mice following i.p. administration

84. The number of mice that died within 24 hours of a single oral dose of AZA-1 was 2/2 at 500 mg/kg bw
(8 weeks old), 3/6 at 600 mg/kg (5 weeks old) and 1/2 at 700 mg/kg (5 weeks old)80. In a later study, the
lowest lethal oral dose of AZA-1 was reported to be 250 mg/kg bw in 5-month old mice81.

85. Following oral administration of AZA-1 at 300 mg/kg bw, adverse effects were seen in the small intestine
of mice, including congestion, pooled watery substances in the lumen and necrosis of the lamina
propria80. More severe effects were seen at doses of 600 and 700 mg/kg bw. Fatty changes were
observed in the liver at doses of 300 mg/kg bw and higher, and necrotic lymphocytes were seen in the
thymus, spleen and Peyer’s patches at 500 mg/kg bw and above.

Repeat dose toxicity studies

86. Ito et al.81 administered 2 oral doses of 300-450 mg AZA-1/kg bw to male ICR mice. Animals were treated
on days 0 and 3, and surviving mice were sacrificed between days 7 and 90 to observe recovery of organ
injuries. Slow recoveries from injuries were found, including erosion and shortened villi persisting in the
stomach and small intestine for more than 3 months, oedema, bleeding, and infiltration of cells in the
alveolar wall of the lung for 56 days. Fatty changes in the liver persisted for 20 days, and necrosis of
lymphocytes in the thymus and spleen for 10 days.

87. In the same study, the cumulative effects of sublethal doses of AZA-1 were assessed. Mice received
doses of 1, 5, 20 or 50 mg/kg bw AZA-1/kg bw p.o. twice weekly up to 40 times. At the higher doses,
many mice became so weak they were sacrificed and subjected to autopsy before completion of 40
injections (9/10 at 50 mg/kg bw and 3/10 at 20 mg/kg bw). All these mice showed interstitial pneumonia
and shortened small intestinal villi in comparison with controls. Doses of 5 and 1 mg/kg bw did not
cause death, even when administered 40 times. No signs of weakness or illness were observed in mice
in these groups, but shortened intestinal villi were observed as with the animals given higher doses. Villi
did not show full recovery 3 months after withdrawal of treatment. In the liver, focal necrosis, single cell
necrosis, minor inflammation, mitosis and congestion were seen in a few mice, while 1/6 mice

Compound Dose (mg/kg bw)

AZA-1 20078

AZA-2 11079

AZA-3 14079

AZA-4 47076

AZA-5 <100076
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administered 1 mg/kg bw had a hyperplastic nodule 3 months following the chronic AZA treatment. Lung
tumours were observed in four mice; one from the 50 mg/kg bw group after 32 injections and three from
the 20 mg/kg bw group 2 and 3 months following completion of treatment. Tumours were not observed
in mice treated with lower doses or in the control mice. Hyperplasia of epithelial cells was also
observed in the stomach of 6/10 mice administered 20 mg/kg bw.

88. Brief details of a second, unpublished repeat-dose oral toxicity study are provided in a risk assessment
of AZAs recently conducted by the Scientific Committee of the Food Safety Authority of Ireland
(FSAI)82 and in the background report for the FAO/IOC/WHO Expert Consultation3. In this study, groups
of at least 10 mice were administered AZA-1 at doses of 5, 10 or 20 mg/kg bw once or twice weekly for
20 weeks. Surviving mice were then given doses ranging from 4-20 mg/kg bw for up to 1 year. The study
also included 52 control mice. No tumours were observed among 66 mice sacrificed at 8 months, but 2
malignant lymphomas and 3 lung tumours were seen in the 20 remaining AZA-treated mice at 1 year. The
dose at which all tumours occurred is not specified, although it is noted that three of the tumours again
occurred at 20 mg/kg bw. The FSAI report notes that 9/126 (7%) mice treated in these two long-term
studies developed tumours, compared with none of the control mice.

Reproductive toxicity

89. Microinjection of Japanese medaka finfish embryos with AZA-1 (≥ 40 pg AZA-1/egg) resulted in reduced
somatic growth and yolk absorption within 4 days of exposure, as well as delayed onset of blood
circulation and pigmentation83. Embryos had slower heart rates than controls for the 9 day in ovo
period and reduced hatching success. These effects were dose-dependent, with failure to hatch
occurring in approximately 50% of embryos exposed to ≥ 40 pg/egg, 90% of those exposed to 80-120
pg/egg, and all of the embryos injected with 120-160 pg/egg. Microinjection of a contaminated mussel
extract containing AZA-1, -2 and –3, OA and DTX-2 resulted in similar responses.

Human data

90. In total, 5 AZP incidents have been reported in the Netherlands, Ireland, Italy, France and the UK since
the identification of AZA in 1995, with all cases linked to the consumption of Irish shellfish prior to the
introduction of a regulatory limit for AZAs in Europe in 200184. Since the introduction of the regulatory
limit, no cases of AZP have been reported despite evidence of two major incidents of AZA
contamination of shellfish in this period.

Epidemiology data

91. No epidemiological details are available from the majority of these incidents, although limited
information collected from an incident that occurred following consumption of mussels in Arranmore
Island, Ireland in 199785 has been used in international risk assessments of AZAs.
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92. Around 20-24 individuals are believed to have been affected in the Arranmore AZP incident, with 7-8 of
these cases confirmed following consultation with a physician. Symptoms were reported as vomiting,
diarrhoea and nausea, with all patients making a complete recovery after 2-5 days. There were no
indications of any hepatotoxic effects and no individuals subsequently presented with illness that could
be related to the initial poisoning. The lowest amount of mussels reported to have been consumed by
an affected individual was 10-12.

Previous Risk Assessments

93. The Food Safety Authority of Ireland (FSAI) first performed a risk assessment of AZAs in shellfish in
200159. This was largely based on the information obtained from the Arranmore incident, together with
data on levels of AZAs present in the hepatopancreas of mussels collected from Arranmore in the
months following the incident. Mussels were first collected 2 months after the incident and collections
continued at regular intervals over the following 6 months. AZA levels were assessed by LC-MS.

94. Probabilistic modelling was applied to the data on AZA concentrations in mussels following the incident
as well as data on variation in mussel tissue yields in order to estimate the likely AZA intake of the
individual who became ill following consumption of 10-12 mussels. Evidence at this time suggested that
AZA levels may be reduced by as much as 71% by cooking, and this information was also included in the
assessment. Results of the modelling suggested that the AZA intake was likely to have been between
6.7 mg (5th percentile) and 24.9 mg (95th percentile).

95. The EC Working Group on Toxicology of DSP and AZP considered the FSAI risk assessment in the light
of new data suggesting that AZA levels in shellfish are not reduced during cooking52. The range for the
LOAEL was recalculated as being between 23 mg (5th percentile) and 86 mg (95th percentile). The Working
Group applied a safety factor of 3 to these values to derive an ARfD within the range of 7.7 mg and 28.7
mg per person, or between 0.128 and 0.478 mg/kg bw assuming a 60 kg bw. The CRLMB Working Group
on Toxicology also derived an ARfD of 0.128 mg/kg bw in its assessment of AZAs, based on the lower
LOAEL of 23 mg/person65.

96. FAO/IOC/WHO established a provisional ARfD for AZAs of 0.04 mg/kg bw, based on the lower LOAEL of
23 mg per person and a 60 kg bw, and applying a 10-fold safety factor to take into consideration the
small number of people for whom data are available64.

97. Most recently, the Scientific Committee of FSAI performed a re-evaluation of its 2001 risk assessment, in
the light of relevant data published since 200182. These data related to the tissue distribution of AZAs in
mussels, the ratios of different AZAs in mussel tissue, and the influence of cooking on AZA
concentrations within mussels.
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98. Expert opinion on the relative proportions of AZAs in hepatopancreas versus whole flesh had been
used in the 2001 FSAI risk assessment to calculate the likely concentration of AZA-1 in whole flesh,
based on measurements in hepatopancreas. However, a recent publication reported a series of
measurements of hepatopancreas:whole flesh ratios in 28 mussel samples collected in Ireland between
2001 and 200386. These data were used to generate a cumulative distribution describing the variability of
the measured ratios, which was then used to recalculate the range of estimates of AZA-1 levels in the
whole flesh of mussels in the Arranmore incident. This indicated that AZA-1 levels within the mussels
may have been higher than originally estimated, with an average estimate of 2 mg/g compared with the
previous estimate of 1.3 mg/g.

99. The 2001 FSAI risk assessment used a single value for the proportion of AZA-2 and AZA-3 relative to
AZA-1 likely to be present within contaminated mussels. Since this time, information from the 2005 Irish
biotoxin monitoring programme has generated a range of 75 different proportions for AZA-2 and AZA-3
relative to AZA-1. These data were used in the 2006 risk assessment in order to provide what was
considered to be a more accurate estimate of the total AZA concentration within the mussels
associated with the Arranmore incident.

100. Recent data indicate that steaming of raw fresh mussels results in a 2-fold higher concentration of AZAs
in the cooked flesh (whole flesh and hepatopancreas) compared with the uncooked flesh86. This was
attributed to the loss of water/juice from the mussels. On this basis, it was considered appropriate to
calculate mussel consumption by individuals during the Arranmore incident in terms of raw weight
rather than having to account for the reduction in mussel meat weight during cooking (approximately
50%). However, it was acknowledged that a degree of uncertainty remains in this part of the exposure
assessment due to a lack of knowledge on mussel meat weight in the Arranmore growing site in 1997.

101. The use of these new data in the probabilistic approach used by FSAI resulted in a substantially higher
estimate of the AZA intake associated with AZP on Arranmore compared with previous assessments.
The revised estimates of AZA intake associated with human illness were calculated to be between 50.1
mg (5th percentile) and 253.3 (95th percentile) per person.

102. The FSAI Scientific Committee applied a safety factor of 3 to the median AZA intake estimate
associated with AZP (113.41 mg per person) to derive an ARfD of 0.63 mg/kg bw, assuming a 60 kg bw. This
safety factor was applied to account for possible intra-species variation in the toxicodynamic effects of
AZAs. It was considered that a further safety factor was not required for intra-species variation in
toxicokinetics, due to an absence of clear evidence for metabolism resulting in a more toxic compound.
It was also suggested that metabolic activation is unlikely as the toxicity of AZA is targeted to the
gastrointestinal tract.

103. The FSAI Scientific Committee noted that the derived ARfD of 0.63 mg/kg bw is comparable to the
maximum intake value of 0.67 mg/kg bw for a 60 kg individual consuming 250 g of mussels at the current
regulatory limit of 16 mg/100 g shellfish flesh. It was considered that the validity of the proposed ARfD is
supported by the absence of reported incidents of AZP since the introduction of the 16 mg/100 g
shellfish flesh regulatory limit for AZAs, despite evidence that approximately 216,000 portions of
oysters have been legally placed on the market with AZA levels between 10 and 16 mg/100 g shellfish
flesh. It was suggested that this information could be viewed as crude evidence of a much wider
epidemiological data set than that provided by the Arranmore incident alone, indicating that a larger
safety number was not required to account for the small number of people involved in the Arranmore
incident for whom epidemiological data are available.
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COT Evaluation

104. The COT considered the epidemiological data from the Arranmore AZP incident in the light of the new
data presented in the 2006 FSAI risk assessment.

105. Concerns were raised that the absence of information on levels of AZAs in mussels associated with
illness represented a significant source of uncertainty in the risk assessment.

106. In addition, the Committee expressed concerns over the appropriateness of the safety factor of 3
applied in the FSAI assessment. This was based on toxicodynamic variability with an assumption of no
toxicokinetic variation due to a lack of clear evidence for metabolism of AZA resulting in a more toxic
compound. The potential for variation in elimination of AZAs did not appear to have been considered.

107. In addition, it was noted that the limited animal data on acute oral toxicity of AZAs indicated a LOAEL
of 250 mg/kg bw, the lowest reported lethal oral dose of AZA-1 in an acute study. Application of an
uncertainty factor of 1000 to this value, to account for differences between species, human variability
and extrapolation from a lethal dose, would indicate an ARfD of 0.25 mg/kg bw – lower than the ARfD
of 0.63 mg/kg bw proposed by FSAI. While repeat-dose toxicity studies with AZA-1 had identified a
potential for adverse effects following repeated oral administration at relatively low levels, it was noted
that regular exposure to AZAs over a prolonged period was unlikely to occur in humans given general
patterns of shellfish consumption in the UK.

108. The absence of reported AZA poisonings since the introduction of the regulatory limit in 2001, despite
evidence of two major incidents of AZA contamination of shellfish between 2001 and 2005, provided
the COT with some reassurance that the ARfD proposed by FSAI was in practice sufficiently protective.
However, it was noted that the absence of reported AZP incidents should not be taken as evidence that
no such incidents have occurred in this time, and is not an adequate basis for risk assessment.

Yessotoxins

Background

109. Yessotoxins (YTXs) have been detected in microalgae and/or bivalve molluscs in Australia, Canada, Italy,
Japan, New Zealand, Norway and the United Kingdom64. They have not been found to induce diarrhoea
in animal studies, and there are no reports of human illness associated with these toxins. The structures
of those YTXs for which most toxicological data are available are shown in Figure 4.

110. Current legislation prescribes a maximum permitted level for YTXs in shellfish of 100 mg/100 g
shellfish flesh.
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Figure 4. Structures of YTXs7
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Toxicology

Toxicokinetics

111. No data have been published on the toxicokinetics of YTXs. However, an unpublished study reported in
the background document for the FAO/IOC/WHO Expert Consultation found that the majority of an
oral dose of YTX in mice was recoverable from the faeces, suggesting poor absorption from the
gastrointestinal tract3.

Acute toxicity

112. The acute lethality of YTX following i.p. injection in mice was originally reported as 100 mg/kg bw69.
Subsequent studies have reported LD50s of 286 mg/kg bw87 and 512 mg/kg bw18. Ogino et al. reported
that the minimum amount of YTX required to kill a mouse following i.p. injection was between 
80-100 mg/kg bw20, whereas in a later study death only occurred at doses ≥750 mg/kg bw88. The acute
lethality of 45-hydroxyYTX has been reported as 100 or ca. 500 mg/kg bw69,89.

113. The i.p. lethalities of homoYTX and 45-hydroxyhomoYTX were originally reported to be similar to those
previously reported for YTX (100 mg/kg bw) and 45-hydroxyYTX (ca. 500 mg/kg bw)90. More recently,
however, an LD50 of 444 mg/kg bw has been reported for homoYTX, while 750 mg/kg bw of 45-
hydroxyhomoYTX did not cause death in this study18.

114. No deaths have been observed following oral administration of YTX to mice at doses up to
10,000 mg/kg bw88,18. The FAO/IOC/WHO background document notes that unpublished research
found no deaths at oral doses of 50,000 mg/kg bw. Oral administration of homoYTX and 
45-hydroxyYTX at 1000 mg/kg bw also did not result in death18.

115. Following i.p. administration in mice, a single dose of YTX at 300 mg/kg bw did not cause discernible
changes in the liver, pancreas, lungs, adrenal glands, kidneys, spleen or thymus87. The intestines were
also examined in this study, but the authors did not report whether or not adverse effects were
observed. Electron microscopy (EM) showed severe cardiac damage including swelling and degeneration
of the endothelium of capillaries, swelling of almost all cardiac muscle cells and rounding of
mitochondria.

116. No changes were observed in the lung, thymus, liver, pancreas, kidney, adrenal gland, jejunum, colon and
spleen of mice administered single i.p. doses of YTX up to 1000 mg/kg bw88. Slight intercellular oedema
was detected by light microscopy in cardiac muscles of animals given 750 and 1000 mg/kg bw, while EM
analysis of hearts of animals given 1000 mg/kg bw revealed swelling of myocardial muscle cells and
separation of organelles that was most pronounced near the capillaries.

117. Histological examination of major organs and tissues including the liver, heart, lungs, kidney, spleen,
thymus and brain did not show morphological changes in mice given a single i.p. injection of YTX 
(265-750 mg/kg bw), homoYTX (375-750 mg/kg bw) or 45-hydroxy-YTX (750 mg/kg bw)18. TUNEL staining
was performed on heart tissue but no apoptosis was detected.
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118. Examination of the cerebellar cortex of Swiss CD-1 mice given a lethal i.p. dose of YTX (420 mg/kg bw)
indicated damage to the Purkinje cells91. Immunocytochemical analysis indicated an increased positivity
for S100 protein, and a decreased response to calbindin D-28K, beta-tubulin and neurofilaments. In a
subsequent study using both lethal (420 mg/kg bw) and sublethal (10 mg/kg bw) doses of YTX, no effects
were detected in the cerebellar cortex at the sublethal dose92. In the cerebral cortex, no morpho-
functional alterations were observed at either dose. Morphological changes were detected in the
thymus at both doses, including apoptosis, predominantly of thymocytes and increased mitosis.
Alterations in cytokine levels were also observed.

119. The only adverse effects of YTXs reported following oral administration are ultrastructural alterations in
cardiac muscle cells, similar to those observed following i.p. administration. Ultrastructural alterations in
cardiomyocytes have been observed by EM in mice in a number of studies following single oral
administration of YTX at concentrations of ranging from 1000-10,000 mg/kg bw, and at 1000 mg/kg bw of
homo-YTX and 45-OH-homo YTX88,18. In the earlier of these two studies, no adverse effects were
detected in cardiac muscle cells by light microscopy at a dose of 1000 mg/kg bw, although animals
receiving this dose were not examined by EM. Light microscopy only detected adverse effects in
myocytes at doses of 7500 and 10,000 mg/kg bw88. No changes were detected in the hearts of mice
treated with oral doses of 500 mg YTX/kg bw87.

120. In a short-term study, administration of YTX (2000 mg/kg bw), homoYTX (1000 mg/kg bw) and 45-OH-
YTX (1000 mg/kg bw) to female CD-1 mice daily for 7 days resulted in ultrastructural changes in cardiac
muscle cells, detected by electron microscopy (EM). No signs of toxicity were observed in the other
organs or tissues that were examined, including the brain, thymus and spleen93.

121. Information presented at the 2004 International Conference on Molluscan Shellfish Safety by Espenes
et al. relating to a further study of repeated oral exposure to YTX is described in the background
document for the FAO/IOC/WHO Expert Consultation. In this study, NMRI mice were exposed to YTX
seven times in 21 days by oral intubation, at doses of 1000, 2500 and 5000 mg/kg bw. Mice were killed 3
days following last treatment, and major organs including the myocardium, brain, thymus and spleen
were studied by light microscopy. The myocardium was also examined by EM. No clinical signs were
observed in any of the groups exposed to YTX, and there were no differences in body weight gain
between treated mice and controls. No pathologic effects were observed by light microscopy. By EM,
some vacuoles were observed in the myocardium of mice treated at the highest dose only. The authors
suggested that the reason for the apparent conflict with previous studies showing ultrastructural
changes in myocardium at lower doses may have been due to the 3-day delay between final dosing and
sacrifice of the mice. They suggested that any damage occurring following treatment may have been
repaired in this time94.

122. In a recent study, atrophy and structural alteration of the thymus was observed in mice 24 hours
following consumption of shellfish tissue contaminated with OA and YTX (estimated intakes of 18 and
1.4 mg/kg bw, respectively27. Histopathological changes were also observed in the spleen immediately
following consumption of contaminated shellfish, but these effects were less marked 24 hours following
consumption. However, similar effects were found with OA alone and it is therefore unclear whether
YTX may have contributed to the effects observed.
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Previous Risk Assessments

123. On the basis of the data available in 2001, the EC Working Group on Toxicology of DSP and AZP
considered that findings of no adverse effects by light microscopy following a single oral administration
of 1000 mg YTX/kg bw88 represented a NOAEL52. The Working Group applied a safety factor of 100 to
this to derive an ARfD of 10 mg/kg bw.

124. FAO/IOC/WHO (2004) concluded that the repeated administration study of Espenes et al. (see
paragraph 121) indicated a NOAEL of 5000 mg/kg bw. A safety factor of 100 was applied to derive an
ARfD of 50 mg YTX eq/kg bw.

125. The approach of FAO/IOC/WHO was also adopted by the CRLMB Working Group on Toxicology65.

COT Evaluation

126. The Committee questioned the relevance of the observed alterations in cardiac myocytes, and of the
apparent recovery from injury following treatment in the most recent study. Cardiac tissue does not
readily regenerate following injury, and alterations were not observed by light microscopy at doses up to
5000 mg/kg bw. It was considered possible that the EM findings may have been artefactual, but the
available evidence was insufficient to draw firm conclusions.

127. Despite the uncertainty over the significance of the reported alterations in cardiac muscle cells, it was
considered that it would be conservative to use these data to establish an ARfD for YTXs. An
uncertainty factor of 100 was applied to the NOAEL of 5000 mg/kg bw identified in the 21 day repeat-
dose study, resulting in an ARfD of 50 mg/kg bw.

Conclusions

Okadaic Acid Group

128. We consider that human case reports should be used as a basis for risk assessment of OA group toxins,
although we note the uncertainties relating to the amount of toxins consumed in many of these
incidents.

129. We note that the totality of published epidemiology data for OA toxins indicates a LOAEL of around
1 mg/kg bw. While the limited information from the recent UK DSP incident may suggest a lower LOAEL
of 0.7 mg/kg bw, the data from this incident are difficult to interpret as shellfish associated with the
outbreak also contained PTXs, and there is also uncertainty with respect to which of two shellfish
portion sizes sold at restaurants involved in the incident had been eaten by individuals who became ill.
Had all individuals eaten the larger portion size, a LOAEL of 1.3 mg/kg bw would be indicated, in line with
the previous epidemiology data.
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130. The 2006 DSP outbreak indicated a reported response rate of up to 10%, suggesting that more than the
most susceptible minority were affected at this dose. We therefore consider that an uncertainty factor
of 3 would not be sufficient for extrapolation from a LOAEL to a NOAEL in this case. An uncertainty
factor of 10 should be applied, resulting in an ARfD of 0.1 mg OA eq/kg bw.

131. We note that a portion size of 250 g is a reasonable estimate for high level consumption of shellfish in
the UK95. We conclude that 2.4 mg OA eq/100 g shellfish meat would be the maximum concentration
considered to be without appreciable health risk, assuming a 60 kg adult bodyweight.

132. We note that this concentration is lower than the current regulatory limit for OA group toxins together
with PTXs of 16 mg/100 g shellfish meat. Furthermore, the MBA currently prescribed in EU legislation for
detection of these toxins in shellfish monitoring programmes is not sufficiently sensitive to detect the
presence of OA group toxins at this level.

Pectenotoxins

133. We consider that it is appropriate to use the lowest identified LOAEL in animal studies of 250 mg/kg bw
as the basis for deriving an ARfD for PTXs. An uncertainty factor of 1000 should be applied to account
for inter- and intra-species variation and extrapolation from a LOAEL to a NOAEL, resulting in an ARfD
of 0.25 mg/kg bw.

134. However, we note the conflicting and incomplete nature of the database for PTXs, and recommend that
the ARfD should be reviewed when further data become available.

135. On the basis of an ARfD of 0.25 mg/kg bw, a PTX concentration of 6 mg/100 g shellfish meat would be
the maximum concentration considered to be without appreciable health risk, assuming a 60 kg
bodyweight. As with the OA group toxins, we note that this concentration is lower than the current
regulatory limit, and that the MBA is not sufficiently sensitive to detect the presence of PTXs at
this level.

Azaspiracids

136. We consider that the limited epidemiology data from the 1997 Arranmore AZP incident currently
provide the best available evidence for risk assessment of AZAs, although we note that there are
considerable uncertainties in the information derived from this incident, particularly with respect to a
lack of accurate information on the levels of AZAs in mussels associated with illness.

137. The ARfD of 0.63 mg/kg bw proposed by FSAI is comparable to the maximum intake of 0.67 mg/kg bw
for a 60 kg individual at the current regulatory limit for AZAs of 16 mg/100 g shellfish meat. We conclude
that the absence of reported AZA poisonings since the introduction of the regulatory limit in 2001,
despite evidence of two major incidents of AZA contamination of shellfish between 2001 and 2005,
provides some reassurance that the ARfD proposed by FSAI would in practice be sufficient for the
protection of the health of the consumer. However, we note that the absence of reported AZP
incidents should not be taken as evidence that no such incidents have occurred in this time, and is not
an adequate basis for risk assessment in isolation.
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Yessotoxins

138. The relevance of the observed alterations in cardiac myocytes following oral administration of YTXs in
animal studies is unclear. However, we consider that it would be conservative to use these data to
establish an ARfD for YTXs.

139. A NOAEL of 5000 mg/kg bw can be identified on the basis of apparent absence or recovery from injury
three days following final treatment in the repeat-dose study by Espenes et al. (paragraph 121).
Application of an uncertainty factor of 100 to account for inter- and intra-species variation results in an
ARfD of 50 mg/kg bw.

140. We conclude that a YTX concentration of 1200 mg/100 g shellfish meat would be the maximum
concentration considered to be without appreciable health risk, assuming a 60 kg adult bodyweight.

Analytical methods

141. When the COT last considered DSP toxins in 1994, it recommended that efforts be made to develop a
more quantitative assay to replace the MBA in the UK shellfish monitoring programme for lipophilic
biotoxins. We reiterate this recommendation and, furthermore, we note that alternative methods may
be required in order to support detection of OA group toxins and PTXs in shellfish at the
concentrations identified as necessary for protection of public health. As alternative methods become
available, it will be important to give careful consideration to the most appropriate way to sum the
concentrations of specific toxin analogues.

COT Statement 2006/16
December 2006
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Statement on uranium levels in water used to reconstitute infant formula

Background

1. Uranium is a metallic element which is ubiquitous in the environment. It occurs in rocks, soil, air, food
and water. Where present in water, this tends to be the major source of uranium intake. Due to
dissolution from mineral deposits, notably granite, ground waters contain higher levels of uranium than
surface waters, although the level will vary considerably depending on the local geology.

2. The current advice from the Food Standards Agency is, in general, to avoid using natural mineral water
to prepare infant feed as some brands contain high levels of minerals, which may be unsuitable for
infants. New legislation is in preparation that will amend the Natural Mineral Water, Spring Water and
Bottled Drinking Water Regulations 1999 to allow natural mineral waters sold in the UK to make claims
for their suitability for infant feeding, provided that they meet specific criteria. It is intended that natural
mineral waters that essentially meet the limits required for tap water would be considered acceptable.
The legislation will protect consumers by indicating which natural mineral waters are suitable for the
preparation of infant feed.

3. In 2005, work conducted by scientists in Germany1 on the uranium content of various natural mineral
waters raised concerns on the acceptability of using natural mineral water and other bottled waters for
the preparation of infant feed.

4. The World Health Organization (WHO) established a Tolerable Daily Intake (TDI) of 0.6 mg/kg body
weight (bw) per day and a guideline value for uranium in drinking water of 15 mg/L2. The Committee was
asked to comment on the potential health implications for infants consuming formula milk made up
with water containing uranium at this guideline level, to assist the Agency in developing advice on the
suitability of using natural mineral water and other bottled waters to reconstitute infant formula.

Absorption, distribution, metabolism and excretion of uranium

5. The average gastrointestinal absorption of soluble uranium has been reported to be 1-2% in humans3,4.
Data from laboratory animals indicate a comparable range of uranium uptakes. In general, uranium
uptake increases with the solubility of the uranium compound and after fasting4.

6. Uranium absorption has been reported to be higher in neonatal rats and pigs. For example, when given
uranium by gavage two day old rats had uranium uptakes of 1-7%5, while 30% of uranium administered
on post natal day one was found in the skeleton of pigs, seven days later6. There are few data on the
extent of uranium uptake in children.

7. Absorbed uranium tends to accumulate in the kidneys and, in particular, in the skeleton where the
uranyl ion replaces calcium in hydroxyapatite.

8. Uranium is primarily excreted in the faeces, with approximately 1% excreted via the urine. The overall
elimination half-life of uranium in humans has been estimated to be 180-360 days2.
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Toxicity

9. The critical toxicological effect of uranium is nephrotoxicity, with damage occurring principally to the
proximal convoluted tubules2. Nephrotoxicity has been observed in acute, sub-acute, sub-chronic and
chronic oral studies in rats, mice, rabbits and dogs. Nephritis has been reported to occur in humans
following high level exposure to uranium2. There is some evidence that uranium inhibits both sodium
transport-dependent and sodium transport-independent ATP use and also inhibits mitochondrial
oxidative phosphorylation in the renal proximal tubules.

10. Renal toxicity was observed in early studies in rats, dogs and rabbits fed high doses of uranium
compounds for periods of 30 days to 2 years discussed by the US Environmental Protection Agency7.
The lowest dose tested was equivalent to 2.8 mg/kg bw/day uranium in a 30-day study in rabbits, in
which “modest” renal damage was noted. In longer term studies in rats and dogs, the renal effects were
generally identifiable within 30 days of the start of treatment7.

11. More recent studies have been conducted in New Zealand white rabbits and Sprague-Dawley rats
treated with uranium for a maximum of 91 days8,9,10.

12. The sub-chronic study in rats8 was used as the basis of the WHO TDI. Groups of 15 male and female rats
were given drinking water containing 0.96, 4.8, 24, 120 or 600 mg/L uranyl nitrate hexahydrate. The doses
received were equivalent to 0.06, 0.31, 1.52, 7.54 and 36.73 mg/kg bw/day uranium in male rats and 0.09,
0.42, 2.01, 9.98 and 53.56 mg/kg bw/day uranium in female rats. There were no treatment related
differences in fluid or food consumption. No significant dose-related effects were found in a range of
haematological and serum biochemical parameters. Urinalysis was not conducted.

13. Kidney weights were unaffected by uranium treatment. However, treatment related lesions were
observed in both sexes at all doses. In males, nuclear vesiculation, cytoplasmic vacuolation and tubular
dilation were observed at all dose levels. At doses of 0.31 mg/kg bw/day uranium, glomerular adhesions,
apical displacement of the proximal tubular epithelial nuclei and cytoplasmic degranulation were also
apparent. The authors considered these effects could result in permanent injury to basement
membranes with loss of nephrons and reduced renal function. In females, nuclear vesiculation of the
tubular epithelial nuclei, capsular sclerosis of glomeruli and reticulin sclerosis of the interstitial
membranes was observed at all doses, and anisokaryosis in all but one of the mid-dose group. The
authors considered the capsular sclerosis of the glomeruli and the reticulin sclerosis of the interstitial
membranes in the females to be particularly important as although not severe effects, they were non-
reversible and thus sustained exposure could lead to more damaged glomeruli and impaired renal
function. There was no clear dose-response for the adverse pathological effects observed over a large
(600-fold) dose range.
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14. In a comparable study in rabbits, dose-dependent histopathological changes in the kidney were
reported. The changes observed in the kidneys consisted of foci of cytoplasmic vacuolation in proximal
renal tubular epithelium resting on normal basement membrane. This was accompanied by vesiculation
and pyknosis of tubular nuclei, where the epithelium was injured prior to any changes in the basement
membrane. However, the interpretation of the findings in this study was complicated by the occurrence
of Pasteurella infection in some of the male rabbits. Urinalysis indicated few significant changes in the
treated animals. In a subsequent reversibility study10 the adverse kidney effects had not completely or
consistently recovered after the 91-day recovery period in the top dose animals.

Epidemiology Studies

15. A number of studies of human populations have been conducted in areas of Canada where the drinking
water contains naturally high levels of uranium. Although uranium intakes in these populations have not
been linked to overt kidney disease, correlations have been shown between uranium exposure and
various biomarkers of renal toxicity.

16. Clinical studies discussed by WHO2 of 324 persons exposed to concentrations of uranium of up to
700 mg/L in drinking water showed a trend of increasing ‚-2-microglobulin excretion. This suggested the
presence of an early sub-clinical tubular defect with b-2 microglobulin being a useful marker of sub-
clinical toxicity.

17. In a preliminary study11, microalbuminuria (a marker for glomerular damage) was assessed in 100 people
consuming drinking water containing up to 14.7 mg/L uranium. Linear regression analysis revealed a
statistically significant association between ‘uranium cumulative index’ (based on the level of uranium,
the level of consumption of the water and the length of time living at the current residence) and urinary
albumin levels. However, most subjects had levels of urinary albumin within the normal range. The
authors concluded that there was a relationship between uranium exposure and microalbuminura but
that it was not clinically significant at the levels of exposure measured in the study.

18. Zamora and colleagues (1998)12 measured indicators of kidney function in two groups consuming
drinking water containing either <1 mg/L or 2-781 mg/L uranium. A correlation was found between
uranium intake and urinary levels of glucose, alkaline phosphatase and ‚-2-microglobulin. The authors
concluded that at the levels of intake observed in the study (0.004-9 mg/kg bw) the chronic ingestion of
uranium in drinking water affected kidney function at the proximal tubule.

19. A study by Kurttio et al., (2002) 13 measured a range of serum and urinary parameters (calcium,
phosphate, glucose, albumin, creatinine and b-microglobulin) to assess renal function in 325 Finnish
subjects exposed to high (>100 mg/L), medium (10-100 mg/L) or low (<10 mg/L) levels of uranium in well
water. Urinary uranium levels were associated with increased fractional excretion of calcium, phosphate
and glucose. Uranium concentration in drinking water and daily intake of uranium was associated with
increased fractional excretion of calcium only. Uranium exposure was not associated with impairment
of creatinine clearance or increase in urinary albumin, which are markers of renal injury. The authors
concluded that uranium exposure was weakly associated with altered proximal tubule function without
a clear threshold, this was taken to suggest that even low uranium levels can cause nephrotoxic effects.
However, glomerular function was not affected, even in the high uranium exposure group. The authors
considered that the safe concentration of uranium was within the range 2-30 mg/L.
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Derivation of the WHO TDI and guideline value for drinking water

20. The WHO considered nephrotoxicity to be the most sensitive adverse effect, and derived a TDI for
soluble uranium based on the lowest available lowest observed adverse effect level (LOAEL) of
0.06 mg/kg bw/day uranium from the male rats in the 91-day study8. A total uncertainty factor of 100
was applied, incorporating factors of 10 for inter-species variation and 10 for inter-individual variation.
The resulting TDI was 0.6 mg/kg bw/day. An additional uncertainty factor for extrapolation from a LOAEL
to a no observed adverse effect level (NOAEL) was not considered necessary because of the “minimal
degree of severity” of the histopathological changes observed. Since the estimated half-life of uranium
in the kidney was 15 days and there was no suggestion that the severity of the lesions would be
exacerbated following continued exposure, an additional uncertainty factor was not required for
extrapolation from sub-chronic to chronic exposure.

21. The WHO then established a provisional “guideline value” for uranium levels in drinking water. Following
consideration of uranium levels in food, 80% of the TDI was allocated to intake from drinking water.
Based on the assumption that a 60 kg adult consumes 2 L/day water, this resulted in a provisional
guideline of 15 mg/L.

Uranium exposure in infants

22. Recent intake calculations have used a body weight of 4.5 kg and a consumption of 700 mL formula/day
to represent the highest ratio between intake and bodyweight in infants14,15 and these values have been
used here to estimate potential infant exposures to uranium. Uranium exposure from food has not
been taken into account as uranium levels are lower. Data from the 2001 Total Diet Study16 suggest that
at the highest (97.5th) levels of exposure, uranium in food provides 6-16% of the TDI for adults and
toddlers respectively.

23. If formula milk was reconstituted with water containing 15 mg/L uranium, consumption of 700 mL/day
would represent an intake of 10.5 mg or 2.3 mg/kg bw/day for a 4.5 kg infant compared to the TDI of
0.6 mg/kg bw/day, a 4-fold exceedance. As noted above, this is the highest calculated ratio and would
change with body weight and milk consumption. At six months of age, other foods would be introduced
to the diet and uranium exposure would be expected to decrease.

Discussion

24. The database for uranium toxicity is limited and further work would be desirable to assist in the risk
assessment process. For example, there are few data available on uranium absorption which appears to
vary between species. Limited data from laboratory animals suggest that uptake in neonatal animals is
higher than in adults. There are no data on uranium uptake in human infants.
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25. The study in male rats8 used unconventional terminology, which is descriptive of morphology rather
than diagnostic. The increase in irreversible capsular sclerosis and reticulin sclerosis in the females can
be considered a clear adverse effect but was not dose-related and the severity of the lesions was not
clearly graded. The authors did not consider the effects to be severe, suggesting they may be close to
the NOAEL. The nuclear effects are of uncertain significance and are not reliable for use in setting the
NOAEL. The WHO did not apply an uncertainty factor to extrapolate from a LOAEL to a NOAEL,
suggesting that they considered the LOAEL to be a NOAEL.

26. The available data suggest that mild nephrotoxic effects associated with moderate levels of uranium
exposure are reversible once exposure has ceased. This was demonstrated in a recovery study in rabbits
by Gilman and colleagues10. As noted previously the half life of uranium is 15 days and the damage is not
cumulative.

27. A number of epidemiological studies are available which examine the relationship between kidney
function and uranium in drinking water. Some changes in urinary parameters and proximal tubule
function are apparent at higher levels of uranium exposure but there is no evidence of effects on renal
function. However, the epidemiological studies are of relatively small groups and do not specifically
consider infants.

Conclusions

28. There are a number of limitations in the design and interpretation of the study by Gilman et al (1998a)8

which was used by WHO to establish a TDI. However, despite these limitations, the TDI and
accompanying guideline level of 15 mg/L for uranium in tap water would be expected to be protective of
public health.

29. Reconstituting infant formula with water containing uranium at the WHO guideline value of 15 mg/L
could lead to uranium intakes by infants up to six months of age exceeding the WHO TDI by about 
4-fold.

30. It is possible that uranium absorption is higher in young infants, and the implications of a modest
exceedance of the TDI are uncertain.

31. It is noted that the database on uranium toxicity is incomplete, however, on the basis of the available
evidence, this potential exposure of formula fed infants does not raise specific concerns for health.

COT statement 2006/07
May 2006
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Statement on 2005 WHO Toxic Equivalency Factors for dioxins and dioxin-like
compounds

Non-Technical Summary

1. Dioxins and dioxin-like chemicals are pollutants which accumulate in the food chain. It is generally
acknowledged that their toxicity is mediated by the same mechanism of action. Hence, it is important
that their toxic effects are evaluated together. Since their potency varies greatly, toxic equivalency
factors (TEFs) have been developed in order to compare the various chemicals and assess the combined
effect of mixtures of dioxins and dioxin-like chemicals. This statement relates to a recent World Health
Organisation (WHO) review of the most up to date scientific information that compares the potency of
these chemicals. Re-evaluation of the TEF values has resulted in small reductions in the estimated
exposure of the UK population to the total activity of dioxins and dioxin-like chemicals. The COT
agrees with the scientific rationale for the re-evaluated TEF values and concludes that they should be
used in future UK assessments of dietary exposure to dioxins and dioxin-like compounds.

Introduction

2. Dioxins and dioxin-like chemicals are persistent organic pollutants that are resistant to metabolism and
subject to bioaccumulation. Most, if not all, of their toxic and biological effects are mediated by the
aryl hydrocarbon receptor (AhR). Many different congeners are released into the environment by
industrial activity and, since these chemicals share a common mechanism, risk assessment should reflect
the mixture rather than the isolated chemical. Experiments using mixtures of congeners are consistent
with an additive model and, as a result of this generally accepted additivity, the toxic equivalency
concept was developed in the 1980s.

3. The WHO has, on a number of occasions, convened Expert Panels to discuss toxic equivalency factor
(TEF) values. This is because the Expert Panel has stated that the TEF concept should be thought of as
an interim methodology, which should be subject to periodic review as new scientific information
becomes available1. The Expert Panel initially set TEF values at a meeting in 1993 and re-evaluated
them at a subsequent meeting in 1997. These re-evaluated TEFs were published in 1998 and endorsed
by the COT in the same year2. In 2001, the COT undertook an extensive review of dioxins and dioxin-
like chemicals3, which resulted in the adoption of a Tolerable Daily Intake (TDI) of 2 pg 
WHO-TEQ/kg bw/day•.*

4. In 2004 the European Food Safety Authority (EFSA) organised a scientific colloquium to discuss the risk
assessment of dioxins and dioxin-like chemicals. This colloquium highlighted some differences in
approaches to the risk assessment of these compounds and concluded that it was timely to review the
TEF scheme. The WHO-IPCS Expert Panel was reconvened in June 2005 to perform the next periodic 
re-evaluation of the TEF values and to discuss and develop the TEF concept. A report of this meeting
will be published in due course4.
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5. The 2005 WHO-IPCS re-evaluation was based on a recently published relative effect potency (REP)
database1, which was constructed using refined inclusion/exclusion criteria. Of the REP values from the
previous database used in the 1997 TEF reassessment, 47% met the more stringent criteria. These 381 REP
values were combined with 253 REP values from new studies, forming the 2005 REP database1.
Unweighted REP values from this database were used as a starting point for the TEF re-evaluation. When
the 1997 TEF value for the congener differed from the 75th percentile of the in vivo REP distribution in
the 2005 database, a more extensive review of the data was performed. During this review, expert
judgement was used to assess individual studies and derive an appropriate TEF value based on studies
that were most relevant to human exposure.

6. This re-evaluation uses half order of magnitude increments on a logarithmic scale (0.03, 0.1, 0.3 etc). TEF
values represent ‘order of magnitude estimates’, therefore, a degree of uncertainty is implicit. The Expert
Panel considered that these increments would be useful in the future so that the uncertainty of TEF
values can be better described. Previous evaluations used increments of 0.01, 0.05, 0.1 etc.

Expert Panel Re-Evaluation

7. The re-evaluated TEF values are shown in Table 1. Detailed explanations of how the individual TEF values
were determined have been reported by van den Berg et al.4.

8. The TEF values for OCDD and OCDF were increased from 0.0001 to 0.0003 in light of a new subchronic
toxicity study5,6 and other in vitro data.

9. The TEF value for 1,2,3,7,8-PeCDF was reduced from 0.05 to 0.03 in line with the new half log increments.
The rationale for this reduction was explained by van den Berg et al.4:

“The WHO 1998 TEF was set at 0.05 which is within the 50th and 75th percentile of the REP
distribution of eight in vivo studies. A new study5 found a REP of 0.01 for effects on hepatic vitamin A
reduction, but another study reported a REP of 0.045 for cleft palate7. The majority of the vivo studies
report a REP value below 0.1 but many relevant studies have REPs above 0.01. Therefore the Expert
Panel decided that the 2005 TEF should become 0.03.”

10. The TEF value for 2,3,4,7,8-PeCDF was reduced from 0.5 to 0.3, also to be in line with the new half log
increments. Rationale for reduction from van den Berg et al.4 :

“The WHO 1998 TEF was set at 0.5 which is well above the 75th percentile of the REP distribution of
eight in vivo studies. Results from the long term US National Toxicology Programme (NTP) study in
female Sprague Dawley rats using many different endpoints had become available. The REPs for
neoplastic endpoints from the NTP study are around 0.2 to 0.3, while non-neoplastic endpoints have
REPs that range from 0.7 to 1.1 8 An older subchronic study pointed towards a REP of 0.4 9. More recent
studies using hepatic vitamin A reduction and immunological effects as endpoints also point toward a
TEF below 0.5 5,10. In view of this new information the consensus of the Expert Panel was to change the
WHO 2005 TEF to 0.3.”

11. PCB 81 was increased from 0.0001 to 0.0003 on the basis of in vitro studies which indicate that PCB 81 is
more potent than PCB 77. However, the Expert Panel expressed a low confidence in this assessment due
to the absence of a reliable REP for PCB 81. PCB 169 was increased from 0.01 to 0.03 because the 1998
TEF was close to the median of the in vivo REP distribution and it was considered appropriate to raise
the TEF to between the 50th and 75th percentile.



12. The 1998 TEF values for the mono-ortho substituted PCBs ranged from 0.00001 to 0.0005. The wide
variation in REPs is illustrated in Figure 3 of van den Berg et al.4. In view of potential contamination of
mono-ortho substituted PCB samples with more potent congeners, the Expert Panel expressed low
confidence in the higher REP values within this group. The most environmentally relevant mono-ortho
PCBs are 27, 105, 118, and 156 and it was decided to use the medians of the REP distribution range of
these PCB congeners as a guide. This resulted in a recommended TEF of 0.00003 for these mono-ortho
PCBs. A differentiation for all other remaining mono-ortho PCBs was considered unfeasible by the
Expert Panel due to the lack of sufficient experimental data. Consequently a TEF of 0.00003 was
recommended for all mono-ortho PCBs.

Table 1. Summary of WHO 1998 and WHO 2005 TEF values

Bold values indicate a change in TEF value.

Abbreviations: T/Pe/Hx/Hp/OCDD, Tetr/Penta/Hexa/Hepta/Octa chlorodibenzodioxin;  
T/Pe/Hx/Hp/OCDF, Tetra/Penta /Hexa/Hepta/Octa chlorodibenzofuran; 
(P)CB, (Poly)chlorinated biphenyl.

Compound 1998 WHO-TEFs 2005 WHO-TEFs

chlorinated dibenzo-p-dioxins
2,3,7,8-TCDD 1 1
1,2,3,7,8-PeCDD 1 1
1,2,3,4,7,8-HxCDD 0.1 0.1
1,2,3,6,7,8-HxCDD 0.1 0.1
1,2,3,7,8,9-HxCDD 0.1 0.1
1,2,3,4,6,7,8-HpCDD 0.01 0.01
OCDD 0.0001 0.0003

chlorinated dibenzofurans
2,3,7,8-TCDF 0.1 0.1
1,2,3,7,8-PeCDF 0.05 0.03
2,3,4,7,8-PeCDF 0.5 0.3
1,2,3,4,7,8-HxCDF 0.1 0.1
1,2,3,6,7,8-HxCDF 0.1 0.1
1,2,3,7,8,9-HxCDF 0.1 0.1
2,3,4,6,7,8-HxCDF 0.1 0.1
1,2,3,4,6,7,8-HpCDF 0.01 0.01
1,2,3,6,7,8,9-HpCDF 0.01 0.01
OCDF 0.0001 0.0003

non-ortho substituted PCBs
3,3',4,4'-tetraCB (PCB 77) 0.0001 0.0001
3,4,4',5-tetraCB (PCB 81) 0.0001 0.0003
3,3',4,4',5-pentaCB (PCB 126) 0.1 0.1
3,3',4,4',5,5'-hexaCB (PCB 169) 0.01 0.03

mono-ortho substituted PCBs
2,3,3',4,4'-pentaCB (PCB 105) 0.0001 0.00003
2,3,4,4',5-pentaCB (PCB 114) 0.0005 0.00003
2,3',4,4',5-pentaCB (PCB 118) 0.0001 0.00003
2',3,4,4',5-pentaCB (PCB 123) 0.0001 0.00003
2,3,3',4,4',5-hexaCB (PCB 156) 0.0005 0.00003
2,3,3',4,4',5'-hexaCB (PCB 157) 0.0005 0.00003
2,3',4,4',5,5'-hexaCB (PCB 167) 0.00001 0.00003
2,3,3',4,4',5,5'-heptaCB (PCB 189) 0.0001 0.00003
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Recalculation of Total Dietary Intakes

13. Previously 1998 WHO TEF values were used to estimate the dietary intakes of UK toddlers, school
children, adults and senior citizens, and this was reported in the Food Survey Information Sheet (FSIS)
38/0311. These dietary intakes have been recalculated using the 2005 TEF values. Table 2 summarises the
estimated upper bound dietary intakes of all age groups of dioxins and dioxin-like PCBs in 2001.
Recalculation using the 2005 TEF values has resulted in reductions in estimated dietary intakes for the
majority of age groups and occasionally no change, when compared to the 1998 TEF values. For
comparison, the estimated intakes based on 1998 TEF values have been included in brackets.

Table 2. Summary of estimated upper bound dietary intakes of all age groups of dioxins and dioxin-like
PCBs in 2001 calculated using 2005 WHO-TEFs (1998 WHO-TEFs in brackets)

Notes: Combined dietary intakes of dioxins and dioxin-like PCBs may not equal the sum of the separate intakes due to rounding.

* Consumer dietary intakes estimated using food consumption data from the National Diet and Nutrition Survey Programme (NDNS).

** Estimated using food consumption data from the National Food Survey. This method cannot estimate high level intakes.

14. The UK TDI of 2 pg WHO-TEQ/kg bw/day is derived from data relating to 2,3,7,8-TCDD, a potent dioxin
congener and point of reference for the TEF values of other congeners. Particularly, this TDI was
established based on a study showing effects of 2,3,7,8-TCDD on the developing male reproductive
system, mediated via the maternal body burden12. Therefore, since the TDI was set based on 2,3,7,8-
TCDD which has a TEF of 1, the TDI is unaffected by the re-evaluation of individual TEF values.

15. Table 3, recalculated from Table 7 of FSIS 38/0311, summarises the percentage of consumers of different
age groups who were estimated to exceed the UK TDI for dioxins and dioxin-like PCBs from the whole
diet in 2001. Recalculation using the 2005 TEF values resulted in reductions in the percentage of
consumers estimated to exceed the TDI. 2,3,4,7,8-PeCDF constituted approximately 10% of the average
adult consumer TEQ for dioxins and dioxin-like PCBs. Therefore, reduction of the TEF for this congener
from 0.5 to 0.3 was responsible for the majority of the reduction in calculated dietary exposure.

Age group Average Dietary Intakes High Level Dietary Intakes
(pg WHO-TEQ/kg bw/day)

Dioxins PCBs Dioxins +PCBs Dioxins PCBs Dioxins +PCBs

Senior citizens *
living at home 0.3 (0.3) 0.3 (0.4) 0.6 (0.7) 0.6 (0.7) 0.6 (0.8) 1.1 (1.4)
in old peoples’ homes 0.4 (0.4) 0.4 (0.5) 0.7 (0.9) 0.6 (0.8) 0.7 (0.9) 1.3 (1.6)

Adults * 0.3 (0.4) 0.3 (0.5) 0.7 (0.9) 0.6 (0.7) 0.8 (1.0) 1.4 (1.7)

Schoolchildren *
4-6 years 0.7 (0.9) 0.7 (0.9) 1.4 (1.8) 1.4 (1.7) 1.4 (1.8) 2.8 (3.4)
7-10 years 0.6 (0.7) 0.5 (0.7) 1.1 (1.4) 1.0 (1.2) 1.0 (1.4) 2.0 (2.5)
11-14 years 0.4 (0.4) 0.3 (0.5) 0.7 (0.9) 0.8 (0.9) 0.7 (1.0) 1.5 (1.9)
15-18 years 0.3 (0.3) 0.3 (0.4) 0.6 (0.7) 0.5 (0.6) 0.5 (0.7) 1.0 (1.3)

Toddlers *
1.5-2.5 years 1.0 (1.1) 0.9 (1.1) 1.9 (2.2) 2.1 (2.5) 2.1 (2.5) 4.2 (4.8)
2.5-3.5 years 0.8 (0.9) 0.7 (1.0) 1.6 (1.9) 1.7 (1.9) 1.7 (2.1) 3.5 (4.0)
3.5-4.5 years 0.8 (0.8) 0.7 (0.9) 1.4 (1.7) 1.5 (1.7) 1.4 (1.8) 2.9 (3.4)

Population average** 0.3 (0.3) 0.2 (0.4) 0.5 (0.7)
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Table 3. Percentage of consumers of different age groups who are estimated to exceed the UK TDI for
dioxins and dioxin-like PCBs from the whole diet in 2001

16. These recalculations continue to show that an appreciable number of toddlers exceed the UK TDI, with
the highest estimated exposures predominantly in the younger age group. The skewed distribution of
intakes of individual toddlers is shown in Figure 1. This graph shows that, whilst there are a few outliers,
the majority of toddlers have intakes close to the TDI. The TDI (2 pg WHO-TEQ/kg bw/day) lies on a
steep gradient of the toddler distribution curve; hence, a small decrease in calculated TEQ can result in
a large reduction in the percentage exceeding the TDI.

Figure 1. Toddlers’ Dietary Intake of Dioxins and Dioxin-like Compounds Calculated using the 2005 TEF values
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Age group 1998 WHO-TEFs 2005 WHO-TEFs

Senior citizens 
living at home 0.1 0.0
in old peoples’ homes 0.0 0.0

Adults 1.1 0.03

Schoolchildren
4-6 years 35.0 14.0
7-10 years 10.0 3.0
11-14 years 1.7 0.0
15-18 years 0.0 0.0
all children 10.0 3.8

Toddlers
1.5-2.5 years 48.0 34.0
2.5-3.5 years 35.0 23.0
3.5-4.5 years 28.0 16.0
all toddlers 37.0 25.0

207



17. The NDNS programme does not gather consumption data for the 0 – 1.5 year age group; however,
several surveys have been conducted by the Food Standards Agency, in order to assess the potential
dietary exposure of this group. Surveys analysing infant formula13 and baby food14 indicate that these
sources are unlikely to result in a dietary intake which exceeds the TDI. However, analysis of a small
set of human breast milk samples indicated that infant dietary intakes, when recalculated using
2005 TEF values, are likely to be in the region of 35 pg WHO-TEQ/kg bw/day at 2 months, falling to 
8 pg WHO-TEQ/kg bw/day at 10 months15.

18. The health implications of exceeding the TDI at an early age are not clear. Previously, the Committee
considered that, in view of the fact that the TDI was set based on effects on the developing male
reproductive system mediated by maternal body burden, there was uncertainty with respect to whether
similar effects would arise from post-natal exposure. However, the Committee concluded that there
was no basis for assuming that the young infant is at increased risk15. Furthermore, recent publications
suggest that the half lives of dioxin and certain other furan congeners in young children are considerably
shorter than in adults16,17. Estimated exposures for all age groups have substantially declined since 198211

and it is anticipated that exposures will continue to decline in the future, due to the environmental
controls already in place and those planned.

Development of the TEF Concept

19. The WHO Expert Panel noted that recent in vivo mixtures studies continue to demonstrate additivity, a
tenet of the TEF concept. The Panel stated that PCB 126 could be used as a reference compound in rat
studies with a REP of 0.1, but that further work is required to confirm that PCB 126 is suitable for use as a
reference compound in mouse studies. It was considered that more research was also required for REP
values in human systems to establish whether TEFs based on rodent species are also valid for humans.

20. The ‘Ideal REP study design’ was discussed and general guidelines suggested for both in vivo and in vitro
studies. These are reported in van den Berg et al.4. The Panel recognised that criteria for weighted REP
values, based on study type (in vivo versus in vitro, chronic versus acute, etc.), would be of value to
future assessments.

21. The Panel noted that the current approach does not describe the range of REP values, and may reflect a
bias in the judgement of the Expert Panel. Probabilistic methodology would require weighting factors to
be applied to REPs determined in different types of study. Distribution of REPs would be expressed in
terms of maximum and minimum values and would better describe the level of uncertainty. However,
the Panel was concerned that varying degrees of conservatism might alter how these ranges are
interpreted by national authorities.

22. Emerging evidence suggests that relative potency of several dioxins and dioxin-like compounds may
differ when calculated based on administered dose versus tissue concentration (body burden). The
possibility of using ‘systemic TEFs’, based on body burden, was raised by the Expert Panel. It was
considered that, whilst from a biological and toxicological point of view, the use of systemic TEFs is
recommended, at present the data are insufficient to develop this concept. The need to determine
whether in vitro TEFs can be used as surrogates for systemic TEFs was highlighted. The Panel envisaged
using systemic TEFs alongside intake TEFs for ingestion situations.
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23. Concern was also expressed at the use of TEF values for abiotic matrices since TEF values have been
developed primarily for calculating dietary exposure, with the greatest weight being placed on data
from oral intake studies. The Expert Panel emphasised that, whilst calculating TEQ values may be useful
for comparing abiotic matrices, factors such as fate, transport and bioavailability from each matrix
should be specifically considered as part of the risk assessment.

Other Compounds for Potential Inclusion in the TEF Scheme

24. The Expert Panel considered the polybrominated dibenzo-p-dioxins (PBDDs) and dibenzofurans (PBDFs)
should be given high priority for inclusion in the TEF scheme. A better human exposure analysis and
more REP studies are required. Based on the AhR mechanism of action, inclusion of certain congeners of
polybrominated biphenyls (PBBs) was also considered appropriate. However, further human exposure
analysis should identify the possible relevance of PBBs to the total TEQ.

25. To address this exposure data requirement the FSA has surveyed samples from the 2003 and 2004 Total
Diet Studies and related them to food consumption data18. In this analysis, TEF values for the chlorinated
congeners were applied to brominated congeners based on advice provided by the committee19. This
assumes equivalent potency and a similar structure activity relationship. This study estimated a dietary
intake of <0.4 pg TEQ/kg bw/day for brominated dioxins and dioxin-like PBBs. On the basis of this
information, the COT considered this intake did not raise additional toxicological concerns20.

26. The Expert Panel noted that early in vitro studies suggest the mixed halogenated dibenzo-p-dioxins
(PXCDDs) and dibenzofurans (PXCDFs) follow the same structure-activity rules as the PCDDs and PCDFs.
It was felt that these should definitely be considered for inclusion in the scheme.

27. The possibility of contamination with more potent congeners requires attention before polychlorinated
and brominated naphthalenes (PCNs and PBNs) can be considered for inclusion in the TEF scheme.
Similar contamination issues also affect hexachlorobenzene (HCB). In addition confirmation of the
dioxin-like properties of HCB are required before this compound can be considered for inclusion.

28. There is a need for more in vivo and in vitro information on PCB 37 (3,4,4’-TCB) in order to consider
inclusion in the TEF scheme.

29. The Expert Panel considered that pure polybrominated diphenylethers (PBDEs) do not have AhR agonist
properties and should not be included in the TEF scheme.

30. It was noted that non dioxin-like AhR ligands may modulate the effect of dioxin congeners and the
potential impact of these compounds on the risk of toxicity posed by exposure to a particular level of
TEQs should be further investigated.
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Committee Discussion

31. Members reiterated that, in some instances, TEF values for individual congeners are based on a limited
dataset. Where more data are available for an individual congener, there is commonly a large spread of
REP values, which are based on a range of different toxicological endpoints. Owing to this inherent
variability, the TEF values are, at best, order of magnitude estimates. It was also considered necessary to
stress that, whilst TEFs are generally calculated based on administered dose, the toxicological endpoint
used to derive the TDI was based upon maternal TCDD body burden. The TDI is expressed in terms of
amount of TCDD (and hence TEQ) that would need to be ingested to achieve the ‘tolerable body
burden’. However, the amount of TEQ ingested on a daily basis is unlikely to directly reflect the total
body burden of dioxins and dioxin-like compounds due to differences in the bioavailability and
biological half-life of the various congeners.

32. Members highlighted that the TEF principle assumes that the toxicity of these compounds is mediated
by a common aryl hydrocarbon receptor (AhR) mediated mechanism. It was noted that the possibility of
non-AhR mediated toxicity should be considered if TEF values were substantially lowered.

33. Concern was expressed that an appreciable number of toddlers exceed the TDI and that exposure is
likely to be higher in breast fed babies. Previously, the COT noted that intake is highest during breast
feeding and that concentrations of dioxins in breast milk have decreased in recent years, in line with
decreases in dietary exposure. Continuing controls on emissions to the environment are expected to
further reduce dietary intake in the future.

Conclusions

34. We agree with the scientific rationale for the re-evaluated TEF values; although we concur with the
opinion of the WHO Expert Panel, that this should be thought of as an ‘interim’ methodology, until a
more suitable method of estimating risk from dioxins and dioxin-like compounds can be found.

35. We conclude that the revision of the TEFs does not raise additional concerns regarding exposure to
dioxins and dioxin-like compounds, and that they should be used in future UK assessments of dietary
exposure.

COT statement 2006/13
December 2006
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Statement on Royal Commission on Environmental Pollution: crop spraying and the
health of residents and bystanders

Introduction

Background to RCEP report

1. Defra announced a public consultation on the need for buffer zones between agricultural applications
of pesticides and residences in July 2003. This followed discussion in the Advisory Committee on
Pesticides (ACP), taking account of some stakeholders concerns regarding risks to the health of rural
residents as a result of crop spraying. Members of the ACP gave the following advice to Ministers

‘Members had concluded that on the basis of the information currently available the risk assessment for
bystanders used at present provided adequate protection, even if spray is applied to the edge of a field.
…. Nonetheless, the Committee recognised that many people may consider it socially unacceptable to
spray right to the boundary of a neighbour’s property. If Ministers agree, they may wish to consider
options to restrict this practice.’
(http://www.pesticides.gov.uk/acp.asp?id=586)

2. The specific conditions of use for individual pesticide products are supplemented by guidance on best
practice contained in the statutory Code of Practice for the Safe Use of Pesticides on Farms and
Holdings (the “Green Code”). Although failure to follow the Code’s guidance is not in itself an offence,
it may be used in evidence against the user if prosecuted for breach of the law. The consultation
document asked for views on the risk assessment process, the Green Code and the need for buffer
zones to prevent exposure. The consultation was based on the ACP’s advice that the current regulatory
system is adequate to protect human health but that there may be an issue of “social acceptability” in
spraying right up to the boundary of someone’s property. A series of options was presented which were
i) Do Nothing (i.e. risk assessment process satisfactory), or ii) Introduce buffer zones at varying distances
e.g. should these be 6 m, 10 m, 100 m, 300 m. An estimate of the amount of land which would be
excluded from agricultural use by each proposed buffer zone was calculated. The outcome of the
consultation was one of the highest number of responses to a Defra consultation in recent years (763
replies) but the responses appeared to separate into two distinct types of reply. Farmers/Growers and
representative organisations opted for the status quo (i.e. no buffer zone). Pesticide stakeholder groups
and the general public (most of whom were described by Defra as being loosely tied to the campaigns
led by Stakeholder groups) opted for a buffer zone. Some of the replies claimed that there were
significant public health issues and chronic ill health attributed to pesticides. Defra concluded that it
was not possible to make an accurate judgement of public opinion as a whole.

3. The Defra minister (Rt Hon Alun Michael) announced (16 June 2004) that he would not introduce
mandatory buffer zones but had asked the RCEP to examine the evidence on which the current system
is based and the reasons for people’s concerns. Mr Michael in placing this request was mindful of the
advice from his chief scientist Professor Howard Dalton who had been asked to review the procedures
used by the Pesticides Safety Directorate (PSD) for evaluating bystander risk. Professor Dalton had
subsequently confirmed he was satisfied with the procedures used.
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4. The RCEP announced its review on 4 August 2004. The remit set by the Commission was; “The
Commission will examine the scientific evidence on which Defra has based its decision on bystander
exposure and its policy on access to information on crop spraying. The Commission will also consider
wider issues related to the handling and communication of risk and uncertainty, as well as public
involvement, values and perceptions in this context “.

Overview of RCEP report

5. The RCEP published its report on the 22 September 2005.1 The RCEP introduced their report in chapter 1
by noting that the subject of the review was complex and controversial. Individuals had concerns about
potential exposure to pesticides arising because they occupy properties adjacent to farmland or
because they have (or have had) access to such land, for example when using footpaths. The RCEP
noted the official response that there was no scientific case for taking additional measures, such as the
introduction of no-spray buffer zones, to protect members of the public who may be in the vicinity of a
sprayed area; however, those who considered themselves to have been adversely affected had not been
reassured by this response. The RCEP held an open meeting on the 25 September 2004. A set of
questions regarding health aspects, exposure and modelling, legal aspects, policy and other aspects with
regard to pesticides (e.g the scale of bystander exposure) arose from this meeting. The health related
questions agreed for the RCEP study are reproduced below;

“What are the biological effects of bystander exposure to pesticides (what is the knowledge base)?
What are the limits of toxicology and epidemiology in cases of bystander exposure to pesticides? How
plausible is it that pesticides cause the health problems reported? What systems are in place to respond
to and record bystander exposure and how well do they work (e.g GPs, The Pesticide Incident Appraisal
Panel, (PIAP)?

6. The remaining sections of chapter 1 provide background information on the health effects reported to
the RCEP, the definitions of bystander and resident, the potential scale of bystander and resident
exposure to agricultural spraying, the level of concern in other countries, the approach taken to
gathering evidence and the structure of the RCEP report.

7. Chapter 2 of the RCEP report reviewed pesticide spraying and health and has been the predominant
focus of the current COT and COC review. The recommendations given in chapter 6 of the RCEP report
relating to health aspects were also considered in detail. Chapters 3 (Exposure), 4 (Legal liability) and 5
(Governance of agricultural pesticides) have not been reviewed in detail by COT and COC.

8. The COT and COC acknowledged that the subject of crop spraying and potential for ill health had
generated considerable public concern. The COT and COC are scientific advisory committees which can
be requested by Government Departments and Agencies to provide advice on the evidence presented to
them. The Committees’ remit was restricted to a review of the contents of the RCEP report as written.
The Committees were not, on this occasion, asked to undertake an independent review of pesticide
safety and use. The Committees agreed that their remit referred to the scientific aspects of the RCEP
report in relation to health and did not include wider aspects outlined by the RCEP in their report.
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9. The COT and COC appreciated that the subject of crop spraying and potential for ill health is a sensitive
and important public issue and gave due regard to this when considering the RCEP report. The COT did
express some broad reservations about the way in which the RCEP presented their evidence and the
manner in which its findings were expressed.

Background to the COT and COC review.

10. The COT and COC were asked by Defra and the ACP to comment on the RCEP report.. Members of the
COM were alerted to the report and asked to provide any comments to the secretariat (none were
received) The COT and COC considered the report along with a number of published papers2,3, some
information from the DH report published in 1996 on guidance for medical practitioners4 and an
example copy of a report from the Pesticides Incidents Appraisal Panel (PIAP).5 The Committees based
their consideration on paragraphs 2.1-2.69 of chapter 2 dealing with pesticides and health and provided
only limited general comments on monitoring and reporting of health effects (paragraphs 2.70-2.107)
where expertise resided predominantly in the regulatory authorities (PSD and the Health and Safety
Executive (HSE)). [Throughout this statement the term “bystander” has been applied as stated in the
RCEP report to include other groups such as residents.]

Advice requested from COT and COC.

11. The COT and COC were asked to

i) Consider, based on members expertise and the evidence presented in the RCEP report, whether the
conclusions and recommendations reached in respect of health related topics are appropriate (see
paras 6.20-6.29 of the report)

ii) Derive COT/COC conclusions in relation to the health related questions posed by the RCEP on the
basis of the evidence reviewed and members’ expertise, and to consider whether these concur with
those reached with RCEP.

iii) Consider whether any further work by COT/COC/COM should be undertaken with respect to
bystander pesticide risk assessment and report any suggestions for further work to the ACP.

12. The COT discussed the report on the 14 February 2006 and the COC discussed the report on the
2 March 2006. The COT considered a draft working paper at its meeting of the 28 March 2006. Both
committees considered that chapter 2 of the RCEP report (Pesticide spraying and health) was the most
relevant section for discussion. The following summary of COT and COC conclusions follows the
structure of this chapter. Members agreed that as the COT and COC had no experience of post market
monitoring systems for pesticides they only provided general comments on that section of chapter 2.
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COT comments on chapter 2 of the RCEP report

[Readers may wish to access the RCEP report for content on these sections:
http://www.rcep.org.uk/cropspraying.htm]

Paragraphs 2.1-2.15: Introduction, health effects attributed to pesticides, acute effects, chronic health effects

13. Members agreed with an RCEP conclusion of this section that no firm conclusion could be drawn that
pesticide exposure was causing ill health experienced by bystanders and residents. The COT
commented that level of exposure was critical and it was agreed that exposure of bystanders and
residents would be significantly lower than for operators, even taking into account use of personal
protective equipment by operators. The COT considered identification of adverse effects in operators
to be a useful model for bystanders and therefore there was reassurance regarding the potential for
adverse effects in bystanders.

14. It was considered that the only possible factor which could explain a difference between exposed
bystanders and operators in the incidence of chronic ill health was a particular susceptibility in some
bystanders . It was noted that although operators could be considered not to represent the full
heterogeneity of the general population, the systemic acceptable operator exposure level (AOEL), which
was used in risk assessment for both operators and bystanders, incorporated an uncertainty factor
sufficient to account for inter-individual variation in the general population and was an appropriate
approach for risk assessment of bystanders and residents. The COT noted that if a bystander did
accidentally get exposed to a high exposure to certain pesticides then some acute adverse effects
might occur.

15. Given the heterogeneity of bystanders and their low level of exposure compared to occupationally
exposed groups, it was considered that there was little merit in undertaking epidemiological studies in
bystanders as a group, and that a more appropriate approach would be to investigate genetic and
phenotypic characteristics in individuals with self-reported chronic ill health as compared with equally
exposed but symptom free bystanders. Such an approach would be required to identify the causes of ill
health, and if there was any increased susceptibility in some individuals. The importance of appropriate
controls was emphasised.

Paragraphs 2.16-2.19: Mechanisms of action of pesticides and possible targets in humans

16. The COT considered that the details presented in this section were relatively limited and observed that
there were many classes of pesticides other than organophosphates and pyrethroids which had not
been considered here. The COT agreed that the classical dose-response relationship was appropriate for
the toxicological assessment of all pesticides evaluated to date.

Paragraphs 2.20-2.26: Epidemiology

[See also comments from COC on cancer epidemiology paras 22 and 23 of this statement].
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17. The COT agreed that a limitation of epidemiological studies in relation to pesticides was the imprecise
exposure assessment, with often a complete lack of quantitation. Thus the Institute for Environment
and Health review of studies on Parkinson’s disease6 had insufficient data available to identify individual
pesticides; the best descriptor available was groups such as herbicides. Where associations were found
it was not possible to relate them to dose. A key difficulty was the retrospective evaluation of exposure
using self-reported questionnaires. Improvements in study design were required in this respect.

18. The COT observed the comparison in the RCEP report of the air quality standard for nitrogen dioxide
and the relevant occupational standard. It was noted that the AOEL used in pesticide risk assessment
incorporated an uncertainty factor sufficient to account for variation in susceptibility as might be seen
in the overall population.

Paragraphs 2.27-2.34: Review of epidemiological studies

19. The COT considered that the review of epidemiological studies had been limited and that a more
substantive review of the literature should be undertaken. Members noted that the RCEP did not come
to any conclusion as to whether pesticide exposure was causing ill health. It was suggested that one
possible way forward would be to consider para-occupational exposure, e.g. spouses and children of
farmers who might have exposures above that of bystanders. It was noted that the American Farm
Survey of Occupation might be one useful source, but a literature review should identify other relevant
research projects (http://www.aghealth.org/). It was noted that such data did not necessarily enable
cause and effect to be established.

20. The COT was aware of the difficulties in undertaking such work relating to many sources of exposure to
pesticides and the many different types of pesticides in addition to potential exposures resulting from
spray activities. Thus, for example, preliminary information from an investigation of people attending GP
surgeries showed that 45% of them had used some form of pesticide in the domestic environment in
the week before consultation.7 However, it was noted that the background rate of exposure was not
known.

21. It was noted that the RCEP report referred to clusters of ill health, but that clusters were not evidence
of causation, and that a hypothesis of a minority of bystanders with heightened susceptibility was
unlikely to fit with an area-based cluster pattern of ill health.

COC comments on epidemiology

22. The COC agreed that the RCEP had not had time to undertake a rigorous evaluation of all the available
epidemiological literature. COC Members commented that the RCEP report had not clearly
distinguished between hypothesis generating studies (such as geographical studies of clusters e.g. as
undertaken by the Small Area Health Statistics Unit (SAHSU) http://www.sahsu.org/ ) and analytical
studies which could be used to define dose-response relationships for pesticides associated with cancer
and were of importance in the assessment of causality. The COC recalled that the main problems
identified with regard to the Ontario review8 were the selection of data used in it which had not
considered available negative data as well as studies reporting positive associations for cancer, the
selective interpretation of results and the lack of good exposure data in most studies. This last problem
could not be remedied in any future review of such publications.
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23. The COC agreed with the RCEP that better exposure definition in cancer epidemiology studies was a
high priority for further research. The COC agreed that further evaluation of para-occupational studies
would be valuable but that using status such as married to farmer as a proxy for para-occupational
exposure limited the value of such studies with regard to identifying association with pesticide
exposures. The COC agreed that appropriate biomonitoring studies (e.g. using biomarkers of exposure or
of biological effect) would be helpful with regard to population studies of cancer. The Committee
recognised the difficulties in associating current exposures with those that might be causal in cancer.

Paragraphs 2.35-2.39: Multisystem disease (chronic fatigue syndrome, multiple chemical sensitivity

24. The COT considered that there were two schools of thought with regard to multiple chemical
sensitivity (MCS), that it was either psychological in nature or organic. Either cause could indicate a
particular susceptibility in some individuals. It was noted that the literature indicated that two
important factors in the reporting of ill health by bystanders were odour, which may not reflect
exposure to an active ingredient, and the involuntary nature of exposure. These suggested that
additional factors may be important in the condition.

25. The differences between multiple chemical sensitivity and chronic fatigue syndrome are unclear. This is,
in part, a reflection of uncertainty in the aetiology of these conditions There were a number of
similarities in reported symptoms, however not everyone with chronic fatigue syndrome reported
sensitivity to chemicals.

26. The COT noted that a number of papers have been identified in the literature since the COT’s last
consideration of multiple chemical sensitivity in 2000, and agreed that these could be reviewed. This
work might also involve reviewing chronic fatigue syndrome.

27. It was agreed that a fundamental research programme into multi-system disease involving research
councils and the Department of Health as recommended by the RCEP was not warranted. With respect
to chronic fatigue syndrome it was considered that there could be merit in investigating individuals with
chronic fatigue syndrome who believe their condition is due to prior infection in comparison to those
who believe it is due to chemical exposure. The COT commented that investigations using brain imaging
techniques needed to incorporate appropriate controls. It was noted that even symptoms without an
established physical basis could give rise to changes observable on functional brain imaging.

Paragraphs 2.40-2.53: Toxicology

28. The COT reviewed the two references cited in the RCEP on animal models which reflected some
aspects of chronic fatigue syndrome.2,3 The COT concluded, on the basis of this evidence and members’
experience of toxicological test development, that there was no rationale for developing animal models
to test for poorly-defined end effects such as multiple chemical sensitivity without a clear mechanistic
basis for undertaking such work. One difficulty was the possibility of a psychological component in
conditions such as chronic fatigue syndrome and multiple chemical sensitivity. Another was that the
majority of the symptoms reported are subjective. Members had difficulty in identifying the value of 
in vitro techniques to investigate such complex multi-functional ill-health effects with poorly defined
causation.
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Paragraphs 2.54-2.64: Monitoring

29. The COT and COC noted that the majority of currently approved pesticides are eliminated quickly
(e.g. within a day or two) once absorbed, and therefore biomarkers reflect exposure over the preceding
days.9 Levels of any biomarkers may relate more to time of exposure rather than dose, making
calibration difficult. The Committee heard information on the studies instigated by PSD relating to
permethrin and chlorpyrifos and agreed the proposed research would fulfil the COT suggestions for
biomarker-related exposure assessment. Members noted the difficulties in undertaking such research.
These include sampling, storage, analysis and obtaining ethical consent for participation. In addition, it
was questioned whether the biomarkers which are currently available would be sufficiently sensitive to
detect exposure in bystanders. Members noted that if biomonitoring was routinely used in data
packages for pesticides there would be scope for comparing data with that derived from toxicological
evaluation in animal studies.

30. The RCEP report had advocated large-scale studies along the same lines as the National Health and
Nutrition Examination Survey (NHANES http://www.cdc.gov/exposurereport/ ) in the US. The COT
considered that such programmes of work provided large numbers of results which were difficult to
interpret. The COC noted that large studies such as Biobank (noted in 2.62 of the RCEP report) and EPIC
(European Prospective Investigation into Cancer and Nutrition) would only be of value to measure
chronic rather than acute exposures. Members agreed that it was important to consider potential
biomonitoring studies, but considered that small scale focused prospective studies using pesticides for
which there was good knowledge of kinetics in humans would be more informative for non-cancer
endpoints. Such studies would form the basis for extrapolating to potential bystander exposure to other
pesticide active ingredients.

Paragraphs 2.65-2.69: Recommendations: human health

31 The Committees considered the recommendations for human health presented in the RCEP report
(reproduced in italics below).

i) Regarding 2.65 of the RCEP report; Based on the conclusions from our visits and our understanding
of the biological mechanisms with which pesticides interact, it is plausible that there could be a link
between resident and bystander pesticide exposure and chronic ill health. We found that we are not
able to rule out this possibility. We recommend that a more precautionary approach is taken with
passive exposure to pesticides. The existing uncertainties indicate an urgent need for research to
investigate the size and nature of the problem and any underlying mechanisms that link pesticide
spraying to ill health .The committees did not consider that there was a basis to support the
recommendation that there was an urgent need for research. The Committees agreed that
recommendations relating to additional precaution in risk assessment above the already
precautionary approach used did not have a scientific basis and this was an issue of policy regarding
pesticide approvals.
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ii) Regarding paragraph 2.66 of the RCEP report; We recommend that a comprehensive systematic
review of the literature in this field be conducted that takes account of, and avoids, the shortcomings
of the Ontario study The COT agreed that an epidemiological review of para-occupational exposure
to pesticides should be undertaken. The COT agreed a review of the literature on chronic fatigue
syndrome and multiple chemical sensitivity should be undertaken. COC members doubted that a
comprehensive systematic review would be valuable given the deficiencies in exposure measures in
published studies. The COC agreed that geographical studies of cancer incidence linked to potential
exposure (possibly to include appropriate biomonitoring data) should be considered

iii) Regarding paragraph 2.67 of the RCEP report; We recommend that an imaginative systematic
approach is taken to apply both well validated as well as novel clinical investigative methods to
those with chronic symptoms linked to pesticide spraying such as magnetic resonance spectroscopy
(MRS) and gene and protein profiling The COT agreed that specialist investigations should be aimed
at all potential causes of chronic illness such as chronic fatigue syndrome and multiple chemical
sensitivity, not just the proposed hypothesis relating to bystander exposure to pesticides.

iv) Regarding paragraph 2.68 of the RCEP report; We recommend that the Health Protection Agency and
related organizations within the devolved administrations in Scotland and Wales collect population
data on pesticides, their metabolites, and biomarkers of effects that would provide a sound basis for
exposure assessment and could also be used to establish a national database for monitoring. The
COC considered that appropriate population biomonitoring could be of value in interpreting any
studies of cancer and the potential association with exposure to pesticides. The COC noted the role
of HPA in co-ordinating such work in the U.K. The COT concluded that targeted biomonitoring work
was more preferable to gain an estimate of potential bystander exposure.

v) Regarding paragraph 2.69 of the RCEP report; We recommend that the private sector and universities
be encouraged to develop new animal models that better reflect the chronic disorders experienced
by residents and bystanders exposed to pesticide spraying.The COT considered that there was
currently no clear rationale for developing animal models to test for poorly-defined end effects
such as multiple chemical sensitivity without some mechanistic basis for undertaking such work.
The COT considered that there was little value in using in vitro techniques to investigate such
chronic ill health effects. (The Committees noted that all pesticides are tested for potential
carcinogenicity in rodents)

Paragraphs 2.70-2.96: Health effects, monitoring and reporting

32. The Committees had not previously considered health effects monitoring and reporting of pesticides
and therefore did not consider the conclusions and recommendations on this section of the RCEP
report in any detail. The Committees were aware that expertise and experience of health monitoring
scheme for pesticides was available in the relevant regulatory authorities (namely PSD and HSE). The
COT made a generic comment that suggestions made in the RCEP report for further involvement of
primary care would be difficult to undertake and that the RCEP had not considered the diversity of
ways in which primary care is delivered. Members considered that most general practitioners would not
have the time to consider the causes of the mainly ill defined symptoms individuals may present with.
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33. The COT considered that the advice published by DH in 1996 regarding advice to general practitioners
with suspected ill health attributed to pesticides was potentially unhelpful as it did not allow for all
causes of illness to be investigated.

COT/COC conclusions

34. The Committees agreed the following overall conclusions with regard to the questions posed:

i) Consider, based on members expertise and the evidence presented in the RCEP report whether, the
conclusions and recommendations reached in respect of health related topics are appropriate (see
paras 2.65-2.69 reproduced in para 31 (and 6.20-6.29) of the RCEP report)

The COT and COC did not concur with the recommendation in paragraphs 2.65-2.67 and 2.69 of the
RCEP report for the reasons outlined above in para 31of this statement, but did concur with the
suggestion made in para 2.68 of the RCEP report. The COT and COC agreed that it was important
that a number of areas of further work were undertaken. These are given in para iii) below.

ii) Derive COT/COC conclusions in relation to the health related questions posed by the RCEP (see
para 5) on the basis of the evidence reviewed and member’s expertise, and to consider whether
these concur with those reached with RCEP.

The COT and COC concluded that the available evidence did not convince members that there was
a high degree of urgency for further research. The Committees agreed that there was no scientific
basis for an additional precautionary approach to the risk assessment of pesticides.

iii) Consider whether any further work by COT/COC/COM should be undertaken with respect to
bystander pesticide risk assessment and report any suggestions for further work to the ACP.

The COT agreed that an epidemiological review of para-occupational exposure to pesticides should
be undertaken. The COT agreed a review of the literature on chronic fatigue syndrome and multiple
chemical sensitivity should be undertaken. The COC agreed that geographical studies of cancer
incidence linked to potential exposure (possibly to include appropriate population biomonitoring
data) should be considered. The COT agreed that in the first instance a targeted approach to
biomonitoring research would be more informative to gain an estimate of bystander exposure.

COT statement 2006/05
COC statement 2006/S1
April 2006
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